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INTRODUCTION, GENERAL METHODS AND OBJECTIVES 
 
1.1. Biogeochemistry of Trace Elements in Estuarine and Adjacent Waters 
 
Estuaries are commonly described as semi-enclosed bodies of water, 
situated at the interface between land and ocean, where seawater is measurably 
diluted by the inflow of freshwater (Hobbie, 2000). Rias are estuaries which occupy 
former river valleys and occur on high relief coastlines (Perillo, 1995). Many of the 
more well studied rias are located on the Iberian Peninsula (Spain) (Castaign and 
Guilcher, 1995). The major difference respect to other estuaries is that in most rias 
the fluvial discharge is considerably weaker. 
The coupling of physics and biogeochemistry occurs at many spatial scales 
in estuaries (Geyer et al., 2000). Estuarine circulation, river and groundwater 
discharge, tidal flooding, resuspension events, and exchange flow with adjacent 
marsh systems (Leonard and Luther, 1995) all constitute important physical 
variables that exert some level control on estuarine biogeochemical cycles. 
Recent estimates indicate that 61% of the world population lives along the 
coastal margin (Alongi, 1998). These impacts of demographic changes in human 
populations have clearly had detrimental effects on the overall biogeochemical 
cycling in estuaries. Extensive growth of population and industrialization has 
resulted in high concentrations of inorganic contaminants (heavy metals) in 
estuarine sediments and waters. Fortunately, we are beginning to actually detect 
measurable improvements in the water and sediment quality of some estuaries (i.e. 
implantation of sewage treatment plants). 
An understanding of the role that biogeochemical and physical processes 
play in regulating the chemistry and biology of estuaries is fundamental to 
evaluating complex management issues (Bianchi et al., 1999a; Hobbie, 2000). 
Biogeochemistry links processes that control the fate of sediments, nutrients, and 
organic matter, as well as trace metals and organic contaminants. Thus, the 
discipline requires an integrated perspective on estuarine dynamics associated 
with the input, transport, and either accumulation or export of materials that largely 
control primary productivity. 
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Biogeochemical cycles involve the interaction of biological, chemical, and 
geological processes that determine sources, sinks, and fluxes of elements 
through different reservoirs within the ecosystems. 
The spatial and temporal scales of biogeochemical cycles vary 
considerably depending on the reservoirs considered. In the case of estuaries, 
most biogeochemical cycles are based on regional rather than global scales. In 
addition, residence time of water is different depending on the reservoir. In this 
way, water in the oceans has a residence time of approximately 4000 years while 
residence time of waters in estuaries do not exceed a month (Nace, 1971). This 
implies that changes and processes affecting trace elements will be observed 
earlier in estuaries than in the open ocean waters.  
 
1.1.1. Physical properties and gradients 
 
The fundamental properties of freshwater and seawater are discussed 
because of the importance of salinity gradients and their effects on estuarine 
chemistry. 
 
1.1.1.1. Sources and mixing of dissolved salts in estuaries 
 
Prior to discussing the factors that control concentration of dissolved 
components in rivers, estuaries, and the oceans, it is important to discuss the 
operationally defined size spectrum for different phases (dissolved, colloidal and 
particulate) of an element. The conventional definition for dissolved materials is the 
fraction of total material that passes through a membrane filter with a nominal pore 
size of 0.45 µm (Figure I.1.).  
Estuarine environments are places where seawater is measurably diluted 
by freshwater inputs from the surrounding drainage basin. The mixing of river water 
and seawater in estuarine basins is highly variable and typically characterized by 
sharp concentration gradients. In simple terms, estuaries contain a broad spectrum 
of mixing regimes between two dominant end-members –rivers and oceans. 
The sources of salts in rivers are primarily derived from the weathering of 
the rocks in the drainage basin of rivers and estuaries, in addition to human 
activities (e.g., agriculture) (Livingstone, 1963; Burton and Liss, 1976; Meybeck, 
1979; Berner and Berner, 1996). Consequently, the composition of suspended 
materials in rivers is largely a function of the soil composition of the drainage basin. 
However, significant differences exist between the chemical composition of 
suspended materials in rivers and the parent rock material. This is due to 
differences in solubility of different elements in parent rock materials. For example, 
elements like Fe and Al are less soluble than Na and Cl, making them less 
abundant in the dissolved materials and more abundant in the suspended load of 
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Figure I.1. Conventional definition for dissolved materials shown as the 
fraction of total material that passes through a membrane filter with a nominal 
pore size of 0.45 μm. (From Wen et al., 1999) 
 
 
A historical account of measurements of major dissolved components of 
seawater indicate that the most abundant elements, in order of decreasing 
abundance are Cl-, Na+, Mg2+, SO42-, Ca2+, and K+ (Millero, 1996). In contrast to 
rivers, the major constituents of seawater are found in relatively constant 
proportions in the oceans, indicating that the residence time of these elements are 
long (thoushands to millions of years) highly indicative of nonreactive behaviour 
(Millero, 1996). In estuaries, as well as other oceanic environments (e.g., anoxic 
basins, hydrothermal vents, and evaporated basins), the major components of 
seawater can be altered quite dramatically due to numerous processes (e.g., 
precipitation, evaporation, freezing, dissolution, and oxidation). 
 
1.1.1.2. Reactivity of dissolved constituents 
 
The mixing of river water and seawater can be quite varied in different 
estuarine systems, resulting in a water column that can be highly or weakly 
stratified/mixed. These intense mixing and ionic strength gradients can significantly 
affect concentrations of both dissolved and particulate constituents in the water 
column through processes such as sorption/desorption and flocculation, as well as 
biological processes. Trace elements in natural waters participate in many 
processes which change their physico-chemical forms (speciation) or distribution in 
space (migration) and affect their uptake by organisms. The processes involved 
are oxidation/reduction, association/dissociation in solution, adsorption/desorption, 
precipitation/dissolution, and aggregation/disaggregation. The reactivity of a 
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particular estuarine constituent has been traditionally interpreted by plotting its 
concentration across a conservative salinity gradient. As shown in Wen et al., 
(1999), the simplest distribution pattern, in a one-dimensional, two end-member, 
steady-state system, would be for a conservative constituent to change linearly 
with the salinity (Figure I.2.). For a nonconservative constituent, when there is net 
loss or gain in concentration across a salinity gradient, extrapolation from high 
salinities can yield an “effective” river concentration (C*). This “effective” 
concentration can be used to infer reactivity of a constituent and can be used to 
determine total flux of the constituent to the ocean. For example, when C*=C0, the 
constituent is behaving conservatively, when C*›C0, there is removal of the 
constituent (nonconservative behaviour) within the estuary, and when C*‹C0, the 
constituent is being added (nonconservative behaviour) within the estuary. River 
flux to the estuary and ultimately to the ocean are commonly estimated using this 




Figure I.2. Illustration of the simplest distribution pattern, in a one-
dimensional, two end-member, steady-state system for a 
conservative constituent to change linearly with salinity. (From Wen 
et al., 1999) 
 
 
1.1.1.3. Effect of suspended particles and chemical interactions 
 
Particulates in estuarine systems are composed by both seston (discrete 
biological particles) and inorganic lithogenic components. The highly dynamic 
character of estuarine systems (e.g., tides, wind, resuspension) can result in 
considerable variability in particle concentration over diurnal time intervals (Fain et 
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al., 2001). Moreover, the reactivity of these particles can change over short spatial 
intervals due to rapid changes in salinity, pH, and redox conditions (Herman and 
Heipp, 1999; Turner and Millward, 2002). 
Water column particulates in estuaries, primarily derived from rivers, 
adjacent wetland systems, and resuspension events, are important in controlling 
the fate and transport of trace elements in estuaries (Burton and Liss, 1976; 
Baskaran and Santschi., 1993; Leppard et al., 1998; Turner and Millward, 2002). A 
recent review by Turner and Millward (2002), with particular emphasis on metal 
and hydrophobic organic micropollutants (HOMs), showed that processes such as 
ion exchange, adsorption-desorption, absorption, and precipitation-dissolution were 
critical in controlling the partitioning of chemical species in estuaries (Figure I.3.). 
Biological processing of particulates both pelagic and benthic micro- and 
macroheterotrophs is also critical in estuaries. 
 
 
Figure I.3. Processes critical in controlling the partitioning of chemical species in 
estuaries with particular emphasis on metals and hydrophobic organic 
micropollutants (HOMs). (Modified from Turner and Millward, 2002) 
 
 
Lithogenic particles are derived from weathering of crustal materials and 
mostly consist of the primary minerals quartz and feldspar, secondary silicate 
minerals such as clays, and hydrogenous components (Fe and Mn oxides, 
sulfides, and humic aggregates) formed in situ by chemical processes (Turner and 
Millward, 2002). Concentrations of many trace metals in estuarine waters are also 
influenced by sorption-desorption interactions with suspended particles (Santschi 
et al., 1999). 
Biogenic particulates derived from fecal pellets and planktonic and 
terrestrial detrital materials are also important in controlling chemical interactions. 
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Other suspended particulates composed of complex aggregates of biogenic and 
lithogenic materials have similar effects. Many of these biogenic particles are 
degraded and converted to dissolved organic material (DOM) which can then be 
sorbed to lithogenic particles, providing an organic coating. These coatings have 
been shown to be important in controlling the surface chemistry of particulates in 
aquatic environments (Loder and Liss, 1985; Wang and Lee, 1993). 
 
1.1.2. Sources and sinks of trace elements in a coastal system 
 
The study of the biogeochemical cycles of the elements includes the 
knowledge of the origin, reactivity and fate of these elements in a given 
environment. A conceptual representation of the biogeochemical processes in a 
coastal system is given in Figure I.4. In order to study the biogeochemical cycle of 
a given element in a coastal system it is a need to define its frontiers: the 
continental, atmospheric, benthic and open sea boundary. The sources (inputs) 
and sinks (outputs) of an element –in the dissolved and particulate phases- to a 
coastal system include: (a) inputs from freshwater discharges, which include rivers, 
streams and/or effluents (urban, industrial, domestic); (b) inputs from dry and wet 
atmospheric deposition; (c) outputs/inputs through porewater fluxes and particle 
settling/resuspension to/from the sediments and (d) exchange (inputs-outputs) with 
offshore waters through the open sea boundary. Within the system, the trace 
elements are present in different physicochemical forms (species) both in the 





















Figure I.4. Representation of the main sources and sinks of dissolved 


























Part I; Chapter 1 
 11 
(a) Inputs from freshwater discharges. A major source of nutrients and of most 
trace elements to the estuaries and consequently to the ocean occurs at 
the land–sea interface. Rivers transport trace elements in dissolved, 
particulate and colloidal form. Partitioning among these phases is 
dependent on the properties of the element and the riverine environment. 
In the freshwater/seawater mixing zone, some elements are removed from 
solution by biological uptake and by chemical scavenging. Coagulation of 
colloids and small particles also contributes to trace element removal 
during this mixing process. Some portion of the coagulated material is 
buried in estuarine sediments.  Desorption of particulate trace elements 
also takes place in this mixing zone, in part because of their displacement 
from particle surfaces by competition from and complexing by the major 
ions of seawater. 
 
(b) Inputs from dry and wet atmospheric deposition. Atmospheric deposition is 
an important, but poorly quantified, mode of transport of low-solubility trace 
elements from the continents to the surface waters of the estuaries and 
ocean. For the highly insoluble micronutrient Fe, and possibly for others 
such as Zn and Co, this may be the critical pathway for maintaining 
biologically necessary concentrations of these elements in surface waters 
of the open ocean. Additionally, atmospheric transport is an important 
vector for transferring anthropogenic materials from the continents to the 
coastal waters and open ocean (Duce et al., 1991). 
 
(c) Outputs/inputs through porewater fluxes and particle settling/resuspension 
to/from the sediments. Chemical fluxes between sediments and the 
overlying water column include net sources and sinks for dissolved trace 
elements in seawater as well as being a significant component of the 
internal cycling of trace elements in the estuaries and ocean (explained in 
a further part of the introduction). 
For some trace elements, sediments may alternately serve as a source or 
a sink, depending on local conditions. However, most trace elements 
introduced into the ocean are ultimately removed by burial in coastal and 
marine sediments. 
Diagenetic transformation of continental detritus in coastal and hemipelagic 
sediments may similarly release other trace elements into ocean margin 
waters. This is particularly true where chemically reducing conditions 
mobilise iron and manganese oxides formed on land, releasing oxide 
bound trace elements into solution (Haley and Klinkhammer, 2004). 
Although the release of trace elements from ocean-margin sediments has 
been documented for some first-row transition metals (Elrod et al., 2004; 
Johnson et al., 2003) the extent to which this represents a net source, by 
diagenetic mobilisation of continentally derived material versus the 
regeneration of biogenic and authigenic marine phases, remains 
undetermined. 
Several generic types of process contribute to the removal of trace 
elements from estuarine and seawater and their burial in marine 
sediments. The simplest of these is the passage of continentally derived 
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particles through the water column, whether supplied by the atmosphere or 
by runoff, without any further solid-solution reaction. Trace elements bound 
within aluminosilicate minerals are included in this category. Organisms 
incorporate trace elements into marine particles, as do abiological solid–
solution exchange reactions (e.g., adsorption, complexation). A fraction of 
these trace elements delivered to the seabed by sinking particles is 
preserved and buried in sediments. Dissolved trace elements in bottom 
waters may also be removed by direct sorption to surface sediments 
(Nozaki, 1986). Finally, precipitation from pore waters removes some 
dissolved trace element species that diffuse into sediments from the 
overlying water column. Most commonly this category of reaction is 
important for redox-sensitive trace elements (e.g., U, Mo, V, Re) that are 
soluble in the presence of oxygen but insoluble when reduced to lower 
oxidation states in anoxic sediments (Crusius et al.,1996). 
Each of the removal processes identified above is generally more active (in 
terms of rate per unit area) near ocean margins than in the open ocean. 
High biological productivity near ocean margins has an indirect effect on 
trace element cycles through its impact on redox conditions in underlying 
sediments. Low concentrations of dissolved oxygen in bottom waters 
coupled with high rates of respiration in surface sediments create 
chemically reducing conditions close to the sediment–water interface. 
Reduction of iron and sulphate may occur at sub-bottom depths as shallow 
as a few millimetres. The shallow depths of reducing conditions in 
sediments in contact with Oxygen Minimum Zone (OMZ) waters allows 
substantial fluxes across the sediment–water interface, with trace elements 
mobilised by reducing conditions diffusing from the sediments into the 
water column and species precipitated under reducing conditions moving 
in the opposite direction. 
Enhanced removal of trace elements at ocean margins, coupled with 
diffusive and advective exchange of water masses between shelf/slope 
regions and the open ocean, produces a net flux from the open ocean to 
ocean margins for some dissolved trace elements, a process known as 
boundary scavenging (Spencer et al., 1981; Bacon, 1988). 
 
(d) Exchange (inputs-outputs) with offshore waters through the open sea 
boundary. Eventually the waters reach the ocean, bearing their load of 
dissolved and suspended substances, and complete the hydrological 
cycle. The remainder material that has not been trapped in estuarine 
waters by being incorporated into the sediments may still be transported to 
the ocean, albeit in a form potentially quite different from that in which trace 
elements existed in freshwater. 
The offshore waters may also be a source of trace elements to the estuary. 
During upwelling events, which are typical in many costal systems around 
the world (i.e. Galician coastal waters), deep ocean waters reach the 
surface close to the continental shelf and coast contributing as an input of 
trace element to estuarine waters. 
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1.1.3. Trace Metal Cycling 
 
Marine biogeochemical cycles of trace elements are influenced by a 
complex suite of transport and transformation processes, which together are 
referred as ‘internal cycling’. Transformations involve trace element exchange 
among dissolved, colloidal and particulate forms, including the uptake of trace 
elements into biological material and their regeneration when this material decays. 
Trace elements are redistributed by coastal currents and ocean circulation, while 
gravitational settling of particulate material provides a unique vector transporting 
trace elements towards their ultimate repository in marine sediments. The 
importance of distinguishing between the different species lies on the fact that the 
different forms may assume different roles- with respect to reactivity, toxicity, 
transport, etc.- in the biogeochemical cycle.  
 
 
1.1.3.1. Sources and abundance of Trace Metals 
 
Like many other elements, natural background levels of trace elements 
exist in crustal rocks, such as shales, sandstones, and metamorphic and igneous 
rocks (Benjamin and Honeyman, 2000). In particular, the majority of trace metals 
are derived from igneous rocks in comparison with sedimentary and metamorphic 
rocks in the Earth´s crust. The release of trace metals from crustal sources is 
largely controlled by the natural forces of physical and chemical weathering of 
rocks, not withstanding large-scale anthropogenic disturbances such as mining, 
construction, and coal burning (release of fly ash). Two physical factors, the 
residence time and the pathways or routes along which water moves through the 
system, are particularly important relative to the chemical composition of natural 
waters (Turekian and Wedepohl, 1961).The composition of the oceans has been 
constant on a time scale of millions of years (Conway, 1943; Garrels and 
Mackenzie, 1974; Holland, 1984); however, the composition of surface waters and 
groundwaters continually evolves and changes on time scales of minutes to years, 
as these waters move along hydrologic flow paths that bring them into contact with 
a variety of geologic materials and biological systems (Bricker, 1987). One 
particularly important distinguishing feature of trace metals is their ability to bond 
reversibly to a broad spectrum of compounds (Benjamin and Honeyman, 2000). 
Thus, the major inputs of trace metals to estuaries are derived from riverine, 
atmospheric and anthropogenic sources. 
Although trace elements typically occur at concentrations of less than 
1ppb, these elements are important in estuaries because of their toxic effects, as 
well as their importance as micronutrients for many organisms. The fate and 
transport of trace elements in estuaries are controlled by a variety of factors 
ranging from redox conditions, ionic strength, abundance of adsorbing surfaces, 
and pH, just to name a few (Wen et al., 1999). The highly dynamic nature of 
estuarine systems, characterized by strong chemical and physical gradients, make 
trace metal cycling considerably more complex in estuaries compared to other 
aquatic systems (Morel et al., 1991; Millward and Turner, 1995). For example, the 
partitioning of trace metals between the dissolved and particulate fractions in 
estuaries can be affected by variability of in situ processes such as coagulation 
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and flocculation in the estuarine turbidity maximum (ETM), resuspension events (of 
sediments and porewaters), and sedimentation (Figure I.5.; Santschi et al., 1997). 
All of these processes contribute to the complexity of trace metal speciation in 
estuaries (Boyle et al., 1977; Shiller and Boyle, 1987; Honeyman and Santschi, 
1989; Buffle et al., 1990; Santschi et al., 1997, 1999; Wen et al., 1999). Larger 
scale internal and external processes such as storm events, tidal exchange, wind 
effects, and inputs from rivers and bordering wetland also contribute to the overall 




Figure I.5. Pathways of key processes controlling trace metal 
speciation in aquatic systems, as they relate to the interchange 
of metals between water and sediments. (Modified from 
Santschi et al., 1997.) 
 
 
1.1.3.2. Background on Metal Ion Chemistry 
 
While the complexation of metals with organic ligands have typically been 
evaluated theoretically on the basis of thermodynamic-association equilibrium 
models and the stability constants for the major complexes (e.g., Turner et al., 
1981; Millero, 1985; Hering and Morel, 1989), this approach ignores the effects of 
organic ligands. 
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Over the past decade, there have been numerous studies that have shown 
the importance of organic ligands in complexing trace metals (Sunda and 
Ferguson, 1983; Coale and Bruland, 1988; Santschi et al., 1997,1999), with 
particular emphasis on colloidal-sized particles (Benoit et al., 1994; Martin et al., 
1995; Guentzel et al., 1996; Powell et al., 1996) (colloids are in the size range of 
1nm to 1µm). 
While dissolved and particulate inorganic compounds are clearly important  
in the complexation of free metals (Millward and Turner, 1995), organic 
complexation of metals has been shown to be a key process in estuarine waters 
(van den Berg, 1987; Kozelka and Bruland, 1998; Wells et al., 1998; Tang et al., 
2001,2002). Overall, the distribution and speciation of trace metals in estuaries will 
depend on their concentrations as well as the concentrations of dissolved 
complexing ligands and the associated coordination sites on colloids and 
particulates (Kozelka and Bruland, 1998). More specifically, in the dissolved phase, 
the metal can occur in three different phases as: (1) free hydrated ion, (2) an 
inorganic complex, and (3) an organic complex. 
The conditional stability constants of different functional groups in organic 
matter can vary significantly with different trace metals and are critical in predicting 
trace metal speciation. 
Metal complexation with ligands is also important in controlling toxicity of 
metals. It has long been known that the toxicity of trace metals is more dependent 
upon their ionic activity than on their overall concentration (Sunda and Guillard, 
1976; Anderson and Morel, 1978; Morel, 1983). As discussed earlier, factors such 
as pH, hardness, and DOM concentrations are key in controlling metal speciation 
and toxicity. Trace metals associated with colloids have been also shown to be 
different in their bioavailability and toxicity when compared to free aquo trace metal 
ions (Wright, 1977; Campbell, 1995; Doblin et al., 1999; Wang and Guo, 2000). 
Interaction between particles and trace metals are also important in 
controlling trace metal concentrations in estuaries. For example, processes such 
as adsorption, desorption, flocculation, coagulation, resuspension, and bioturbation 
are particularly important in controlling the interaction between dissolved (free 
aquo) trace metals and particulates in estuaries (Santschi et al., 1997, 1999; 
Benjamin and Honeyman, 2000). In particular, there are important binding sites on 
Fe and Mn oxyhydroxides, carbonates, clays, and (particulate organic carbon) 
POC/ (colloidal organic carbon) COC that are essential in controlling 
adsorption/desorption of trace metals. 
Particle-particle interactions, possibly involving metal oxides, clay minerals, 
and macromolecules (colloids) can have significant effects on trace metal 
behaviour in estuaries. One such effect, commonly referred to as the particle 
concentration effect (PCE) has been defined by Santschi et al., 1997 as the 
“physical effect which lead to decreasing overall partition coefficient with increasing 
particle concentration; the effect is documented for both organic and inorganic 
species”. The major consequences of PCE in estuaries are: (1) an increase in 
scavenging of trace metals at low particle concentrations, and (2) reduced 
desorption from particulates during resuspension events, as compared to the 
predicted partition coefficients of these chemical species at higher particle 
concentrations. 
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1.1.3.3. Trace Metal Cycling in the Water Column 
 
Trace metals that are particle reactive (e.g., Pb) or have a nutrient-like 
behaviour (e.g., Cd) are typically removed from surface waters via adsorption in 
their vertical transport through the water column. These removal processes are 
more likely to occur in deeper estuaries, less affected by resuspension events, 
where particles can become trapped at the pycnocline or redox boundary, as found 
in the Baltic Sea (Pohl and Hennings, 1999). It is widely accepted that hydrous 
oxides of Fe and Mn are important in the sorptive removal of trace metals in 
estuaries (Perret et al., 2000; Turner et al., 2004). The lateral and vertical 
distribution of these carrier-phase metals in estuaries are largely controlled by 
particle dynamics, as opposed to other metals (e.g., Cu, Zn and Co) which will be 
more affected by biotic uptake processes. 
Differences in the pathways of trace metal cycling in the water column 
should be reflected in the overall vertical flux of particulate metals as they are 
transported through the water column. 
Sorption-desorption from suspended particulates and sediment fluxes play 
a large part in controlling the nonconservative behaviour of dissolved 
concentrations of Fe and Mn in estuaries (Klinkhammer and Bender, 1981; Yang 
and Sanudo Wilhelmy, 1998). 
While Fe and Mn are in many cases the ideal examples illustrating the 
importance of sorption/desorption processes in controlling dissolved metal 
concentrations, may other more bioactive metals follow similar trends, even in 
estuarine systems with very divergent properties (e.g., Co) (Tovar-Sanchez et al., 
2004; Turner et al., 2002). While biological uptake and release of bioactive metals, 
such as Se, can be significant in the presence of in situ organic matter cycling 
(e.g., photosynthesis and respiration) (Baines et al., 2001), effects of these 
processes can often be masked by high loading of trace metals from 
anthropogenic inputs, such as occurs for Se in San Francisco Bay (Cutter and 
Cutter, 2004). 
The distribution and speciation of trace metals across the estuarine 
salinity/mixing gradient has been shown to be strongly affected by the abundance 
of inorganic and organic material (Dai et al., 1995; Millward and Turner, 1995; 
Rustenbil and Wijnholds, 1996; Santschi et al., 1997). The abundance and 
composition of inorganic (Sholkovitz et al., 1978) and more recently organic 
colloids (Wells et al., 2000) have long been considered to be important in 
controlling trace metal behaviour. 
The importance of colloidal complexation clearly varies with the trace metal 
in question. The destabilization of colloidal metals has been shown to be linked 
with the release of biopolymers from greater phytoplankton abundance in the mid-
to-lower estuary, which is very different from the colloidal destabilization that 
occurs in the upper estuary caused by ionic changes (Wells et al., 2000). The 
kinetics of interactions between trace metals and different size fractions of 
dissolved and particulate organic and inorganic materials is essential to understand 
effectively the behaviour in these highly dynamic environments. 
The role and number of important ligand classes that control the 
complexation of different trace metals is highly variable across different estuarine 
systems. 
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To understand effectively the biogeochemistry of metal-binding ligands, it is 
important to be able to identify the active metal functional groups and their possible 
sources in estuaries. The relative importance of colloidal size in complexing trace 
metals may also be altered by anthropogenic changes. 
As stated earlier, metal ligands may also be derived from sources other 
than phytoplankton, in this case ligand abundance and production may not be as 
tightly coupled with phytoplankton in regions receiving high riverine inputs (Shank 
et al., 2004). Once again, while sources of such ligands in the open ocean are 
likely derived directly from bacterioplankton/phytoplankton (Gonzalez-Davila et al., 
1995; Moffet and Brand, 1996) or secondarily through bacterioplankton processing 
(Bruland et al., 1991), multiple sources of organic ligands from bacterioplankton, 
phytoplankton, and terrestrially derived organic matter (Bianchi et al., 2004) may 
be important in estuarine systems. Finally, sources of ligands from sediments may 
represent another important input to estuarine systems, particularly in shallow 
estuaries. 
 
1.1.3.4. Trace Metal Cycling and Fluxes in Sediments 
 
Sediments can represent sources and sinks in estuaries. Factors 
determining the source versus sink pathways in estuaries will largely be 
determined by inputs from external and in situ processing in the water column as 
well as postdepositional processes in sediments. 
Estuarine sediments provide a long-term record of the accumulation of 
trace metal inputs from riverine, atmospheric, and anthropogenic sources 
(Kennish, 1992; Windom, 1992). In many cases, anthropogenic inputs exceed 
natural background levels from weathering of rock materials described earlier, 
because of extensive human encroachment commonly found around these areas. 
Thus, there needs to be a way to separate background levels from anthropogenic 
inputs and to account for the natural variability in composition of sediments. One 
method has been to normalize trace elements to a carrier phase such as Al, Fe, Li, 
organic carbon, or grain size (Wen et al., 1999). In the case of elemental ratios, Al 
has often been chosen to normalize trace element concentrations because of high 
natural abundance in crustal rocks and generally low concentrations in 
anthropogenic sources. This metal:Al ratio has effectively been used as an 
indicator of pollution sources in rivers and coastal systems (Windom et al., 1988; 
Summer et al., 1996). Down-core profiles of normalized trace metal concentrations 
have also been effectively used to examine historical profiles of contaminant inputs 
to estuaries (Alexander et al., 1993). Grain-size normalization typically involves 
analyzing the < 63 µm fraction since coarser grain-sized sediments (e.g., 
carbonates and sands) have a diluting effect on trace metal concentrations in 
sediments (Morse et al., 1993). 
Early investigations showed trace metal concentrations in pore waters to 
be generally higher than in overlying bottom waters in estuarine and shallow 
coastal systems (Presley et al., 1967; Elderfield et al., 1981 a,b; Emerson et al., 
1984). These differences result in a concentration gradient that allows trace metals 
in pore waters to diffuse from sediments to overlying waters (Elderfield and 
Hepworth, 1975). In addition to being released by diffusive mechanisms, porewater 
metals can become reincorporated into the sediments via adsorption, complex 
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formation, and precipitation (Chester, 1990, 2003). Thus the overall concentration 
of metals in sediments will reflect recent inputs from natural or anthropogenic 
sources as well as a recycling component that reflects long-term diagenetic 
alterations (Chester, 2003). Thus, in order to determine effectively the behaviour of 
metals in sediments, some assessment must be made in determining the role of 
sediment depositional sources and their diffusion across the sediment-water 
interface. In many estuarine systems, the diagenetic remobilization of metals from 
sediments contributes significantly to the redeposition of metals into surface 
sediments. 
Iron and Mn cycling in estuarine sediments have been shown to be 
strongly linked with redox and the diagenesis of organic matter (Overnell, 2002). 
While there has been considerable research on the production of metal-
complexing ligands in organisms and from inputs of riverine humic substances in 
the water column, the potential efflux of ligands from porewaters has been largely 
ignored. Based on the high diffusional fluxes of DOC in some estuaries (Burdige 
and Homstead, 1994; Alperin et al., 1999), it is likely that ligand inputs to the 
bottom water column may be significant. 
 
1.2. Material and Methods. Trace Metal Clean Techniques and Reference 
Materials 
 
Most elements are present in natural waters at concentrations below 10-5 
M and are termed trace elements (Salbu and Steinnes., 1995). Because of this, 
special care must be taken to perform accurate and rigorous determination of trace 
elements since inappropriate sampling procedures, handling, storage, processing 
or analysis may cause sample contamination and thus overestimation of their 
concentrations in the environment. This is especially critical for coastal and oceanic 
waters as trace elements are usually in the nM-pM range (Landing et al., 1995). 
Many authors have addressed the importance of using clean procedures, 
developing trace metal clean methodologies (Bruland et al., 1979, Boyle et al., 
1981; Bewers and Windom 1982; Bruland et al., 1985, Harper, 1987) from 
sampling to analysis. In fact, due to ignorance on the ease of contamination during 
handling and / or sample analysis most of metal concentration reported before the 
80´s were incorrect and significantly higher (10-1000 fold) than the values found 
some years later in the same areas (Kremling et al., 1983, Windom et al. 1991; 
Scarponi et al., 1996) using trace metal clean techniques. The start of the use of 
clean techniques represented a revolution regarding the analysis of trace metals in 
natural waters. In order to ensure the quality and accuracy of the concentrations 
given, a series of intercalibration programs (Geotraces, SAFe, Quasimeme) have 
been introduced in recent years with the aim of providing standard trace metal 
clean procedures for sampling, handling, storage, processing and analysis of trace 
elements. 
The procedures used under the EPA guidelines (EPA, 1996) for sampling 
and analysis of trace metals in environmental samples are briefly described below 








Sample handling and analysis of trace metals in natural waters should be 
conducted in a clean laboratory to avoid contamination of samples from dust 
particles (Figure I.6.). All handling and processing of samples reported in this 
thesis was undertaken in a clean laboratory (Marine Biogeochemistry Group at the 
Institute of Marine Research, Marine Electrochemistry Group in the Department of 
Earth and Ocean Sciences University of Liverpool; Speciation and Environmental 
Analysis Group at the School of Earth, Ocean and Environmental Sciences, 
University of Plymouth). A clean laboratory has the peculiarity of having a positive 
flow of filtered air (ULPA filter of 0.2 m) through a filtration system installed in the 
ceiling which gives the room a Class-1000 air quality. In addition to this, handling of 
samples were done inside a laminar flow hood (Class-100) located in the room, 
reducing the risk of sample contamination. 
Inside the clean room a special costume is worn, consisting of shoe-covers 
and a robe, both made in plastic to prevent contamination from lint of clothing and 
street dust accumulated in the shoes. Sample and material handling was carried 






















Figure I.6. Clean laboratory with a filtration system on the ceiling and laminar flow hood. 
 
b) Washing and sampling procedures. 
 
Before sampling, all material (preferably Teflon or plastic) to be used 
during sampling was washed to avoid contamination from walls of containers. 
Polyethylene (low or high density) bottles, which have been proved suitable for 
trace metal sampling and storage (Geotraces and EPA guidelines) were used 
throughout this study. The standard washing procedure was as follows: (i) first 
Laminar 
flow hood Filtration 
system 
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wash in 10% HNO3 for a week, prepared from analytical grade 65% HNO3; (ii) then 
bottles were emptied and rinsed (x5) with Milli-Q water (Figure I.7.); (iii) bottles are 
then filled with pH 2 (from 65% HNO3 Merck Suprapur®) Milli-Q water; (iv) bottles 
are then double-bagged (zip-lock) until sampling. Other plastic material (tweezers, 

























Figure I.7. Milli-Q water system. 
 
All water samples were collected either using 30-L Niskin bottles (X-Niskin, 
General Oceanics) or with the aid of a telescopic arm for surface waters. Both 
methods are proposed in the protocols of clean techniques developed by the EPA. 
Niskin bottles were previously washed with Milli-Q water and left filled with Milli-Q 
at pH 2 (from HNO3 analytical grade) overnight. Before sampling collection, bottles 
were emptied and rinsed several times with ambient water at the sampling station 
before taking the final sample. A similar procedure was used when using telescopic 
rod. The "dirty-hands" person opened the external zip bag while the "clean-hands" 
wearing polyethylene gloves opened the inner zip bag to extract the polyethylene 
bottle (500 mL or 1 L) and re-close the bag until ready to return the bottle with the 
final sample. First of all, the content of the bottles (Milli-Q at pH 2 from HNO3) was 
emptied and bottles homogenized (x3) with the sample before collecting the final 
sample which was stored in a fridge (~4°C) pending filtration and analysis. In the 
case of sampling with telescopic rod, samples were collected facing upstream in 
the case of rivers and sewage treatment plants and upwind avoiding the shadow of 
the boat in case of surface water samples collected from the boat (EPA 
guidelines). 
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Surface sediment samples were collected using a Van Veen grab, sub-
sampling the first centimetre with a pre-washed plastic spatula. Subsequently the 
samples were introduced in vials previously washed in acid or zip bags and kept in 
refrigerator until drying and storage. Sediment cores were collected using a 
Rouvilloise grab with PVC cores for surface ones and a gravity corer for deeper 
ones. The cores were stored at 4°C until being sectioned or sliced and sub-




Filtration of samples was carried out inside a laminar flow hood in the lab 
clean using a vacuum pump located outside the hood to avoid contamination. 
Filtration systems (Nalgene) were previously acid washed (see above), whereas 
polycarbonate filters (Pall) were washed by immersion in 1% HCl overnight and 
extensively rinsed Milli-Q water before drying, weighing and storage in acid-
washed petri dishes. The first 50 mL of sample were discarded after 
homogenization of the receiving cup; the subsequent filtrate was stored in acid pre-




Filtered samples for total dissolved metal concentrations were acidified to 
pH 2 (HCl Trace Select, Fluka) pending analysis, whereas those for chemical 
speciation were stored frozen at their ambient pH in order to avoid altering the 
distribution of metals among different species (Capodaglio et al., 1995). 
The loaded filters were stored frozen in Petri dishes until analysis. 
Sediments were dried in an oven (50ºC) and sieved through 2000 and 63 µm nylon 
sieves. Sediments were then stored in acid-washed vials or zip-lock bags until their 
acid digestion prior to analysis. 
 
e) Reagents and Analysis 
 
All reagents used for the analysis of the samples were Trace Select (Fluka) 
grade or Suprapur (Merck). To ensure non-contamination of samples during 
analysis, a series of blanks (i.e. analytical blanks) were measured. These blanks 
were treated in the same way as the samples (filtration, acidification, addition of 
reagents, etc.). Blank values were substracted to the result of each sample. 
Besides the analytical blanks, a series of field blanks, consisting of Milli-Q water 
transported to the sampling point and back to the lab with the rest of the sampling 
material, were also obtained. This determines the potential contamination of the 
sample during the sampling procedure. 
Analytical methods for water, sediment and suspended particulate matter, 
are described in detail in each chapter. 
 
f) Certified Reference Materials 
 
In order to check the precision and accuracy of the measurements, 
certified reference materials were analysed. Results appear in each chapter. 
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CASS-4 (Reference Material for trace metals in coastal waters), SLRS-4 (reference 
material of river water for trace metals), and PACS-2 (reference material of marine 
sediments for trace elements) were used in this work. 
 
1.3. State of the Art. Previous Studies on Trace Elements in Galician Rias and 
Coastal Waters 
 
As it has been reported in a recent review about the state of the knowledge 
of trace elements in the Galician Rias (Prego and Cobelo-García, 2003), there is 
still an important lack of studies on the distribution, behaviour, speciation and 
biogeochemical cycles of these elements in this particular environment of the coast 
of the Northwest Iberian Peninsula. Despite of the number of papers published in 
the last decade that tried to overcome this lack of information on trace metals in 
sediments (Cobelo-García and Prego., 2003a; Alvarez-Iglesias et al., 2003; Evans 
et al., 2003; Prego et al., 2006a; Marmolejo-Rodriguez et al., 2007 ), estuarine 
waters (Cobelo-García and Prego, 2004a; Cobelo-García et al., 2005 y Prego et 
al., 2006b), continental and pluvial waters (Cobelo-García and Prego, 2003b; 
Cobelo-García et al., 2004; Filgueiras and Prego, 2007) and organic speciation 
(Cobelo-García and Prego, 2004b), some aspects have not been addressed yet or 
suffer from scarce data. 
Most part of the previous work (Prego and Cobelo-Garcia, 2003) was 
focused on the study of the levels of trace metal in the sediments, and although an 
effort has been made on the chemical speciation of metals in the different sediment 
fractions (Alvarez-Iglesias et al., 2003; using the sequential extraction methods: 
BCR or Tessier), a more complete study (wider sampling area, more metals and 
more fractions) is still required. In addition, there are no studies about the 
geochemistry of trace elements in porewaters of the sediments and benthic fluxes 
to the overlying waters. 
Regarding trace metal studies in different estuarine or continental waters, 
an important advance has been made but there is still a lack of studies on trace 
metal distribution and baseline levels in Galician costal and open-ocean waters 
that will serve to evaluate the impact of any contaminant events (i.e. oil spills). 
Moreover, these studies were focused on the ‘classic’ elements (Cu, Pb, Zn and 
Cd; Cobelo-Garcia and Prego, 2004a) so an extension of the studies to a greater 
number of elements will highly enrich the knowledge about trace metal behaviour 
of trace elements in this region. 
Some attempts have been made to study the chemical speciation of trace 
elements in Galician Rias (Cobelo-Garcia and Prego, 2004b) and a more complete 
work about organic speciation of trace metals in continental or estuarine waters 
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1.4. Aims and scope 
 
The main objective of this Thesis is to study the main aspects about the 
cycle and biogeochemical processes of trace elements in the Vigo Ria and 
adjacent coastal waters, as well as to tackle the significance of punctual 
and chronic contamination. This main objective can be detailed as follows:  
 
o Set up a fast and multielement voltammetric (Adsorptive 
Cathodic Stripping Voltametry; AdCSV) method valid for the 
analysis of trace metals in a wide type of samples (different 
matrices and concentrations). This method will be applied to 
analyze copper, nickel and vanadium in continental waters 
(rivers, streams and sewage treatment plants), estuarine 
waters, sediment porewaters, coastal and open-ocean waters. 
 
o Establish the levels or concentrations of trace metals in the 
sorroundings of the Vigo Ria, both in the dissolved and 
particulate fractions of the water column and in the sediment. 
From these data, the evolution of the contamination after the 
settlement of sewage treatment plants will be found out. 
Dissolved metals will be determined by means of the 
previously set up method together with the classical ASV 
(Anodic Stripping Voltammetry) method for the simultaneous 
determination of Cu, Pb, Zn y Cd in water. Regarding the 
surface and core sediments and the particulate matter, Atomic 
Absorption Spectroscopy was employed after appropriate 
sample acid-digestion.  
 
o Quantify the estuarine-ria exchange of trace metals and the 
importance of benthic trace metal fluxes to the Vigo Ria 
waters. 
 
o Determine the organic speciation of Cu in the continental 
inputs (rivers and sewage treatment plants) and its behaviour 
during the estuarine mixing in the Vigo Ria, paying special 
attention to the potential redistribution between different 
phases (dissolved, particulate and sediment) during mixing 
process.  
 
o Evaluate the potential role of the Prestige tanker accident in 
front of the Galician coasts (November 2002) on trace metal 
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Abstract. An analytical procedure is proposed for the direct simultaneous 
determination in a single scan of Cu, Ni and V in seawater by means of adsorptive 
cathodic stripping voltammetry with mixed ligands (DMG and catechol). Optimum 
conditions for the determination of this three elements were studied. Detection 
limits of the technique depended upon the reproducibility of the procedura blank, 
and were found to be 0.5 nM for Cu, 0.4 nM for Ni and 0.3 nM for V. The method is 
suitable for the analysis of estuarine, coastal and open-ocean waters.  
 
Keywords: Adsorptive Cathodic stripping voltammetry, Simultaneous 
determination, Metals, Seawater. 
  
 

















DIRECT SIMULTANEOUS DETERMINATION OF Cu, Ni AND V IN SEAWATER 





Around 20 elements can be determined at trace levels in natural waters 
using cathodic stripping voltammetry (CSV) (van den Berg, 1991). Improvement 
has been made during the recent years for the direct simultaneous determination 
of several metals at trace levels in natural waters and environmental samples using 
adsorptive cathodic stripping voltammetry (ACSV) with selective complexing 
ligands (Colombo and van den Berg, 1997; Iliadou et al., 1997), significantly 
reducing the consuming of time and making them suitable for routine analysis.  
Recent oil spill events - e.g. Prestige shipwreck in front of the Galician 
coast (NW Iberian Peninsula) on November 2002 - have made aware the scientific 
community of the possibility of metal desorption from the fuel spilt and its transfer 
to the water column. Vanadium and nickel are by far the largest trace metal 
constituents of oils (Literathy, 1993), and the V/Ni ratio has been used to study the 
origin of the oil spilt. Therefore, it was worth proposing a method for the 
simultaneous determination of V and Ni - together with a metal less abundant in 
the oil such as Cu - in seawater using ACSV in order to study the metal 
contamination in seawater from oil spill events.  
Typical concentrations of Cu, Ni and V in oceanic and coastal waters are 
0.5-5 nM, 1-10 and 15-35 nM (Donat and Bruland, 1995; Auger et al., 1999; Caccia 
and Millero, 2003) respectively. Those metals have been successfully determined 
at those concentrations using ACSV with several ligands such as catechol, 
salicylaldoxime (SA) or 8-hydroxyquinoline (oxine) for Cu (van den Ber, 1984; van 
den Berg, 1986; Campos and van den Berg, 1994), dimethylglyoxime (DMG) or 
nioxime for Ni (Pihlar et al., 1981; Donat and Bruland, 1988) and catechol for V 
(van den Berg and Huang, 1984). To date, however, the optimum conditions for 
their simultaneous determination in a single scan has not been proposed yet. In 
this article a methodology for a simultaneous determination of Cu, Ni and V at trace 
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levels in seawater using a mixture of ligands - DMG and catechol - by ACSV is 
reported, reducing the analysis time and volume of sample needed.  
 
2.2. Experimental  
 
2.2.1. Equipment  
 
The instrument used was a Metrohm VA-694 equipped with a hanging 
mercury dropping electrode (HMDE) as the working electrode (drop surface area 
0.38 mm2), a Ag/AgCl as the reference electrode and a Pt wire as the counter 
electrode. The voltammetric cell and the stirring rod were made of PTFE. High-
purity mercury - 99.9999% (Prolabo) - was used. Voltammograms were recorded 
using a Metrohm VA-693 processor. Samples were deoxygenated with N2 (N-50 
grade), presaturated with water vapor by passage through a gas scrubbing tube 
containing Milli-Q (Millipore) water. Sample pH was measured with a Multiline P4 
WTW pHmeter. Analysis were carried out in a class-10000 lab; manipulation of the 
sample (filtration, addition of reagents, digestion, etc.) was performed on a class-
100 laminar flow bench housed inside the class-10000 lab. 
  




water (Millipore) was used for preparing standards and reagents. 
Cu, Ni and V aqueous standard solutions were prepared by dilution of 1000 mg L-1
 
stock standards (Merck) and acidified at pH 2. A stock aqueous solution of 0.1 M 
DMG (dimethylglyoxime) (Riedel-de Haën) was prepared in 0.35 M NaOH (Riedel-
de Haën). Stock aqueous solutions of 0.1 M catechol (1,2-dihydroxybenzene) 
(Fluka) was prepared fresh daily in deoxygenated Milli-Q50
 
water. 1 M HEPES 
(Sigma) buffer solution was prepared in 0.5 M NH4OH (Merck Suprapur).  
Optimisation experiments were carried out using filtered (0.45 μm) 
nearshore seawater from the Vigo Ria (NW Iberian Peninsula) with a salinity of 
35.0. The seawater was UV-digested for 40 min using an in-line low pressure 
mercury lamp in order to remove interfering organics and to breakdown organic 
complexing ligands. Seawater thus treated is hereafter termed ‘UVSW’. Dissolved 
metal concentrations in the sample were 5.2 nM (Cu), 4.1 nM (Ni) and 22.7 nM (V).  
 
2.2.3. Analytical Procedures  
 
Aliquots of 9 mL of UVSW were pipetted into 10 mL PFA tubes (Nalgene). 
The pH was adjusted near neutral with appropriate amounts of 25% ammonia 
solution (Merck Suprapur) and HEPES buffer and ligands (catechol and DMG) 
were added. The sample was then transferred to the voltammetric cell and purged 
for 10 min. The stirrer rod was switched to 2000 rpm, four mercury drops were 
discarded and the deposition period - at the appropriate potential - was initiated 
after extrusion of the fifth. At the end of the adsorption period, the sample was 
allowed to rest for 20 sec and the voltammogram was recorded as the potential 
was scanned in the negative direction to  -1.2 V in the differential pulse mode. The 
scanning parameters used were a pulse amplitude of 50 mV, a pulse duration of 40 
ms, a pulse frequency of 5 s-1 and a scan rate of 20 mV s-1.  
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2.3. Results and Discussion 
 
2.3.1. Selection of the Optimum DMG and Catechol Concentrations  
 
The concentrations of DMG and Catechol were varied in order to obtain the 
optimal conditions for the simultaneous determination of Cu, Ni and V. Aware of 
the slow kinetics of complex formation between Ni and DMG (Pihlar et al., 1981; 
Colombo and van den Berg, 1997), a preliminary study was undertaken in order to 
obtain the time needed to attain equilibrium. The Ni peak height was recorded as a 
function of time after the addition of 0.3 mM of DMG to the UVSW containing 0.01 
M HEPES (pH ~ 7.4) and 0.8 mM catechol. The peak height of Ni became constant 
after 3 min; a further addition of 14 nM of Ni also required 3 min to obtain a 
constant signal.  
The dependence of Ni sensitivity with DMG was checked varying the ligand 
concentration up to 0.85 mM (Figure II.1) in the presence of 0.2 mM catechol; the 
Ni cathodic peak currents increased with sucesive additions of DMG in this 
concentration range checked. Cu and V sensitivity was affected by the presence of 
DMG.  
The cathodic peaks of Cu and V sharply increased (Figure II.1) with the 
addition of catechol to a sample containing 0.5 mM DMG, reaching the highest 
sensitivity at ligand concentrations of ~0.6 mM (V) and ~1.0 mM (Cu). Further 
additions of catechol provoked a decrease in the peak height, probably due to 
saturation of the mercury drop. On the other hand, the addition of catechol to the 
sample also caused a slight increase of Ni sensitivity.  
From the results obtained, an optimum ligands concentrations of 0.5 mM 
DMG and 0.7 mM catechol was found for the direct simultaneous determination of 
Cu, Ni and V.  
 
2.3.2. Selection of the Optimum pH  
 
The optimum pH ranges for the metals in a single ligand solution are 6-9 
for the Cu-catechol complexes, 7-10 for Ni-DMG and 6.6-7.2 for V-Catechol (van 
den Berg, 1991). Therefore, the optimum pH for the simultaneous determination of 
Cu, Ni and V was studied varying the pH from 6.2 to 8.4 in the UVSW containing 
0.01 M HEPES, 0.3 mM DMG and 0.8 mM Catechol, at a deposition potential of -
0.4 V. As observed in Figure II.2a, highest Cu sensitivity was found around pH 6.7-
7.3, from 7.2 to 8.0 for Ni and from 6.5 to 7.5 for V. Therefore, an optimum pH of 
7.3-7.4 was chosen. The peak potential became more negative with increasing pH, 
indicating that metal-ligand complexes were stronger and less easily reduced, 
which is indicative of the lower competition of protons for DMG and catechol at 










































Figure II.1. Optimisation of the ligand – catechol and DMG –
concentrations for the simultaneous determination of Cu, V and Ni. (a) 
Optimization of DMG concentration in UVSW at pH 7.4 containing 
0.01M HEPES and 0.2mM catechol; (b) Optimization of catechol 
concentration in UVSW at pH 7.4 containing 0.01 M HEPES and 
0.5mM DMG. 
  
2.3.3. Selection of the Optimum Adsorption Potential  
 
The adsorption of Cu, Ni and V on the HMDE was studied varying the 
deposition potential in the 0.0 to -1.0 V range (Figure II.2b); UVSW contained 0.01 
M HEPES (pH ~ 7.4), 0.2 mM DMG and 0.2 mM Catechol. After deposition, the 
solution was allowed to rest for 20 s at a potential of -0.05 V, from where the 
cathodic scan was initiated and terminated at -1.2 V. The peak height of Ni and Cu 
showed a sigmoidal shape with deposition potential, markedly increasing at 
potentials more negative than -0.2 V (Ni) and -0.3 V (Cu), from where a plateau 
was observed. For V, however, the peak height begins to increase at potentials 
more positive than -0.6 V, reaching the maximum values at around -0.3 V. 
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Therefore, a deposition potential of -0.35 V was found to be optimal for the 
simultaneous determination of these three metals. 
  
2.3.4. Effect of the Adsorption Time, Working Range and Mutual Interferences  
 
The sensitivity of Cu, Ni and V peaks was studied as a function of 
adsorption time using UVSW containing 0.01 M HEPES (pH ~ 7.4), 0.3 mM DMG 
and 0.8 mM Catechol and with metal concentrations 7.7 nM (Cu), 4.1 nM (Ni) and 
22.7 nM (V) (Figure II.2c). Under these conditions, the cathodic peak heights 
varied linearly with adsorption time from 0 to 3 min for Cu and Ni, and from 0 to 2 
min for V. From these results, a deposition time of 60 sec was chosen as the most 
suitable for the determination of these three metals at typical concentrations of 
near-shore coastal waters. For other samples with substantially lower or higher 
concentrations, the appropriate sensitivity can be easily modified using a higher or 
lower deposition time. The working range was examined using the 
abovementioned conditions. The cathodic stripping peak was linear with metal 
concentrations up to 80 nM for Cu (R2=0.998), up to 100 nM for V (R2=0.998) and 
>150 nM for Ni (R2>0.999).This linear ranges allow the determination of the metals 
in all types of oceanic, coastal and estuarine waters. Determination in highly 
contaminated near-shore waters can be also easily achieved by reducing the 
deposition time below 60 sec. On the other hand, experiments were carried out in 
order to check the mutual interferences, finding that metal peaks were not affected 
















































































Figure II.2. Optimisation of the pH (a), adsorption potential (b) and 
deposition time (c) for the simultaneous determination of Cu, V and 
Ni in seawater.Samples contained 0.3 mM DMG and 0.8 mM 
catechol in UVSW. 
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2.3.5. Accuracy, Precision and Detection Limits  
 
Detection limits of the technique depended upon the reproducibility of the 
procedural blank rather than the instrumental noise. Blank concentrations of Cu 
and Ni, using a deposition time of 200 s, were 0.46 ± 0.16 nM (n=9) and 0.79 ± 
0.13 nM (n=10), respectively; for V, using a 900 s deposition time, blank 
concentration was found to be 0.31 ± 0.11 nM (n=6). This gives detection limits 
(3σ) of 0.5 nM Cu, 0.4 nM Ni and 0.3 nM V, making the method suitable for the 
direct simultaneous determination of these three metals in coastal and open ocean 
waters (and also freshwaters).  
 
 




Element Obtained Concentration Certified Concentration 
   
Copper   
x ± σ, nM 9.7 ± 0.9 9.4 ± 0.9 
n 7  
   
Nickel   
x ± σ, nM 5.4 ± 0.8 5.4 ± 0.5 
n 5  
   
Vanadium   
x ± σ, nM 22.1 ± 1.3 23.2 ± 3.1 
n 5  
 
 
The accuracy of the analytical procedure was checked using the CASS-4 
(nearshore seawater) certified reference material, finding good agreement (±5) with 
the certified values (Table II.1). Standard deviation expressed in Table II.1 
correspond to between-run analysis - different aliquots of the sample subject to all 
the analytical procedure, including digestion - and range from 6% for V to 15% for 
Ni. The in-run precision - sub-samples of the same UV-digested aliquot - of 
seawater samples varied from (n=5) 6% for V, 8% for Cu and 10% for Ni.  
Voltammograms obtained during an analysis of an aliquot of the reference 
material CASS-4 can be observed in Figure II.3, showing that Cu, Ni and V can be 



























Figure II.3. DPCSV voltammograms for the coastal seawater reference material CASS-4 
 
 
2.3.6. Application to Seawater Samples  
 
The present methodology was applied for the determination of dissolved 
Cu, Ni and V in waters of the Galician coast. Samples were collected on year after 
the fuel spilt from the Prestige reached the Galician coastline. One water column 
sample was taken in the outer part of the Vigo Ria (8º52’W, 42º13’N), with a 
surface salinity of 34.3 and a bottom (41 m depth) salinity of 35.6; the other was 
collected out of the Vigo Ria (8º57’W, 42º13’N), with surface salinity of 35.0 and 
bottom salinity (88 m depth) of 35.7.  
As observed in Figure II.4, Cu and Ni concentrations were considerably low 
- Cu = 1.7 ± 0.8 nM, Ni = 2.7 ± 1.1 nM - and comparable to other World non-
contaminated coastal waters. V showed a typical nutrient-type concentration, 
suggesting that is strongly affected by phytoplankton uptake. The highest V 
concentrations (30-35 nM), found in the deep waters of the outer station, are in 
agreement with the typical concentrations of this metal in the Atlantic Ocean (35 ± 
3; (Jeandel and Caisso, 1987)). Although these are preliminary results that belong 
to a wider study that will be reported elsewhere, this first set of data suggest that 
the Prestige shipwreck had a low or null impact on dissolved metal concentrations 

























Figure II.4. Determination of Cu, V and Ni in coastal seawater samples taken at 
the outer Vigo Ria: 8º52’W, 42º13’N and 41 m depth (a), 8º57’W, 42º13’N and 88 
m depth (b). 
 
2.4. Conclusions  
 
In the field of the analysis of trace elements in the environmental field, 
electroanalytical techniques should be further developed for the direct 
simultaneous determination of several elements in order to significantly reduce the 
consuming of time, making them suitable for lab routine analysis. The method 
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proposed here is useful and suitable for the direct simultaneous determination of 
Cu, Ni and V in estuarine, coastal and open-ocean samples by means of 
adsorptive cathodic stripping voltammetry (ACSV). Maximum sensitivity was 
obtained by using a DMG and catechol concentrations of 0.5 mM and 0.7 mM, 
respectively, a pH solution of 7.35 and an adsorption potential of -0.35 V. Since 
fuel oils contain significant amounts of several trace elements, especially Ni and V, 
this method is suitable for determining metal contamination in areas subject to oil 
contamination.  
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Abstract. In order to determine the annual variation of dissolved trace metal 
concentrations in Galician rias and shelf waters, two stations (Vigo Ria and 
continental shelf off this ria) were sampled monthly during 2003. Total dissolved 
metals were determined using anodic stripping voltammetry (ASV) for Cd, Pb, and 
Zn, and adsorptive cathodic stripping soltammetry for Co, Cu, Ni and V. Due to the 
vicinity of the main anthropogenic inputs, values were in general higher inside the 
Vigo Ria (0.1-0.5 nM for Pb, 0.02-0.10 nM for Cd, 0.2-1.7 nM for Co, 1.1-9.3 nM for 
Cu, 1.7-7.8 nM for Ni, 16.2-36.9 for V and 4.6-19.1 nM for Zn) than in the adjacent 
coastal waters (0.03-0.43 nM for Pb, 0.01-0.12 nM for Cd, 0.2-0.7 nM for Co, 1.2-
8.2 nM for Cu, 1.2-7.9 nM for Ni, 23.1-38.5 for V and 0.8-13.1 nM for Zn). Seasonal 
trends were observed, with systematic higher values for Pb, Cu, and Zn during the 
wet season, reflecting a land-based input; Cadmium, Co, Ni and V showed higher 
values during upwelling events in the dry season indicating a significant oceanic 
origin.  
 
Keywords: Dissolved metals, Vigo Ria, Galician Continental Shelf. 
 
  

















INTRA-ANNUAL VARIATION AND BASELINE CONCENTRATIONS OF 
DISSOLVED TRACE METALS IN THE VIGO RIA AND ADJACENT COASTAL 




In the last decades, it has been demonstrated (Kremling, 1983) that trace 
metal data reported before the 80´s were of limited veracity due to contamination of 
the samples during sampling and/or analysis. In trace metal analysis, quality 
assurance through clean sampling, the use of ultrapure reagents, reference 
materials and clean room analysis are key factors during the various stages of 
analysis, such as sampling, pre-treatment and final instrumental analysis (Howard 
and Statham, 1993). This situation becomes more critical when trace metal levels 
in the waters are very low which is the case of coastal and oceanic waters 
(Landing et al., 1995). Accordingly, one can understand the few seasonal complete 
dataset on trace-metal levels along the Atlantic European seawaters, both in shelf 
(Auger et al., 1999; Statham et al., 1999; Cottè-Krieff et al., 2000; Elbaz-Poulichet 
et al., 2001) and coastal systems (Martino et al., 2002; Cobelo-García et al., 2003; 
Monbet, 2004; 2006). It is necessary to elucidate and describe the large quantity of 
processes occurring in these complex sea areas. For this reason one of the 
overriding goals of GEOTRACES program (GEOTRACES Planning Group, 2006) 
is to determine the ocean distribution of selected trace elements.  
The coastal zone is a key area in the transfer of metals from rivers to the 
open ocean (Martin and Windom, 1991) and little is known about the spatial and 
temporal variability of input and removal processes (Achterberg et al., 2003). New 
analytical methods that allow high-density sampling have been developed. 
However, there are still limited studies of trace metals in Iberian coastal and 
estuarine systems. In particular, published data are scarce for the Galician rias and 
shelf waters (Prego and Cobelo-Garcia, 2003a). Moreover, coastal areas such as 
the Vigo Ria are under strong anthropogenic influence due to the large amount of 
population and industry settled on its margins. Also, contaminating events in this 
area, like the Prestige oil tanker shipwreck in November 2002 (Prego and Cobelo-
García, 2003b, Santos-Echeandia et al., 2005, Santos-Echeandia et al., 2008) may 
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alter to some extent the natural processes of trace metals. Consequently, there is a 
need of studies to establish baseline concentrations in coastal areas. Thus, the 
objectives of this study are: (i) to establish a more complete dataset of dissolved 
trace metal levels in this region of the North East Atlantic ocean based on a one-
year period campaign, providing a baseline for future research in this field; (ii) to 
ascertain the anthropogenic influence in the ria waters, comparing their trace metal 
concentrations with those found in the adjacent coastal waters. 
3.2. Material and Methods 
 
Seawater samples were collected in two different stations: inside the Vigo 
Ria (Station 1) and in the continental shelf in front of this ria (Station 2) from the 
R/V Mytilus from December 2002 to December 2003 (Figure III.1). Water samples 
were taken at four different depths both in the inner (5, 15, 25, 40 m) and outer (5, 
20, 30 and 80 m) station. Hydrographic data (salinity and temperature) were taken 




















Figure III.1. Bathymetric map of the study area showing the sampling stations inside the Vigo Ria 
(1) and in the Galician shelf (2). 
 
 
A telescopic arm was employed for surface samples collection while for 
deeper samples, 5-L Go-Flo bottles (General Oceanics) fitted on a winch cable 
were used. Immediately after collection, samples were transferred into 1-L acid-
cleaned high density (HDPE) bottles and kept at 4 ºC. The use of trace metals 
clean techniques was present during all the sampling procedure minimizing the 
possibility of sample contamination. 
Once at the onshore lab (IIM-CSIC), samples were filtered through 0.45 
µm filters fitted in plastic filter holders (Nalgene); filtration was undertaken inside a 
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laminar flow cabin (ISO 5 class) housed in a clean lab (ISO 6-7 class). Filtrates 
were transferred to acid-cleaned HDPE bottles, acidified to pH 2 with HNO3 (Merck 
Suprapur) and packed in zip-lock plastic bags until analysis.   
Total dissolved metals were determined by means of stripping voltammetry 
using a Metrohm VA-694 equipped with a hanging mercury drop electrode (HMDE) 
as the working electrode, Ag/AgCl as the reference electrode, and a Pt wire as the 
counter-electrode. Prior to determination, samples were UV-digested for 1 h using 
UV-Digestor equipped with a high-pressure mercury lamp of 200 W (Achterberg et 
al., 1994). The simultaneous determination of Cd, Pb and Zn in the dissolved 
phase was carried out using the method of standard additions by means of 
differential pulse anodic stripping voltammetry (DPASV). The simultaneous 
determination of Co, Cu, Ni and V was undertaken by means of adsorptive 
cathodic stripping voltammetry using the method proposed by Cobelo-García et al. 
(2005b). One blank every five samples was run and results were blank-corrected. 
The accuracy of the analytical procedure was assessed by the analysis of the 
CASS-4 certified reference material (near-shore seawater, National Research 
Council of Canada), obtaining good agreement with the certified concentrations 
(Table III.1). The precision of the analysis depended on the concentrations of a 
given metal in the sample and were, as RSD (relative standard deviation), 25–40% 
for Cd (at 60 pM), 5–10% for Pb (at 300 pM), 5–10% for Zn (at 20 nM), 3% for Co 
(at 0.5 nM), 6% for V (at 25 nM), 5-10% for Cu (at 10 nM) and 10% for Ni (at 6 nM). 
The high RSD for Cd is explained by the low concentrations found, which are close 
to the detection limit of the technique. The detection limits of the analytical 
procedure, defined as three times the standard deviation of the blanks, were 20 pM 
for Cd, 22 pM for Pb, 0.5 nM for Zn, 0.5 nM for Cu, 0.4 nM for Ni, 0.3 nM for V, and 
0.1 nM for Co. 
 
 
Table III.1. Accuracy of the analytical procedure: AdCSV determination of Cu, Ni, and V and ASV of Cd, 
Pb and Zn in seawater reference material CASS-4 (nearshore seawater) compared with the certified 
values (replicates in brackets). 
 
 
3.3. Results and Discussion 
 
3.3.1. Ria-shelf spatial variation of trace metals 
 
The concentrations of Cd, Co, Cu, Pb, Ni, V, and Zn in the offshore ria 
waters (Station 2 in Figures III.1 and III.2) were in the order of those reported for 
European coastal waters (Table III.2) and the Eastern North Atlantic Ocean (Table 
CASS-4 Cd (pM) Co (pM) Cu (nM) Pb (pM) Ni (nM) V (nM) Zn (nM) 















        
Certified 231±27 440±50 9.3±0.8 47±17 5.4±0.5 23.2±3.1 5.8±0.9 
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III.3), except occasional increases near the bottom or surface waters for Co, Cu, Ni 
and Zn. 
Cadmium, Co, Cu and Zn showed higher values inside Vigo Ria, 
comparing stations 1 and 2 (Figures III.2 a,b), while Pb, Ni, and V presented similar 
levels at both sites. This is a common behaviour in coastal areas that present a 
gradual decrease in trace metal levels from the estuaries to the coastal areas and 
to the open ocean (Florence & Batley, 1980; Cutter, 1991). This indicates a net 
metal input of land-based origin due to anthropogenic activities, as the shipyards 
and metal industries in the Vigo area; metals are then diluted seawards due to 
mixing with less-impacted oceanic waters. A similar situation has been observed in 
estuaries and adjacent coastal waters of the European Atlantic Ocean (Tables III.2 
and III.3). Values obtained in this study are lower or in the order of typical values 
for uncontaminated estuaries (Table III.2), including other Galician rias (Cobelo-
García et al., 2003; 2005a).  
Very scarce information has been published so far on metal fluxes from 
fluvial and sewage discharges to the Vigo Ria, although available data showed a 
significant source from the Lagares stream, being considerably lower the input 
from the main freshwater source to the ria, the quasi-pristine Oitavén River (Prego 
et al., 2006; Santos-Echeandia et al., 2008). Thus, in the continuous of the ocean-
shelf-ria-river system, trace metal concentrations in the Western Galician region 
are influence by the mixing of anthropogenically-derived inputs inside the ria with 
fluvial and oceanic pristine waters. Results presented here confirm that the Vigo 
Ria is one of the less contaminated estuaries, from the point of view of trace 
metals, flowing into the European shelf of the Atlantic Ocean. On the other hand, 
non-pronounced differences are observed between surface and bottom waters, 
with similar annual average concentrations in both layers for Cd, Pb, and Ni, and a 
slight enrichment of Co, Cu, and Zn in surface waters, and V in the deep layers. 
 
3.3.2. Time-variation of trace metals levels along one year period 
 
The two main hydrographical periods resulting from the dry and rainy 
seasons in the Galician coast needs to be considered to explain the intra-annual 
changes of trace metal concentrations. During the wet season (November to 
March), the increased continental runoff enhances the positive estuarine circulation 
in the Vigo Ria (Prego and Fraga, 1992) while the seawater transported by the 
poleward currents may be present in the Galician continental margin (Frouin et al., 
1990) and occasionally detected at the ria mouth (Prego et al., 2001). The dry 
season (April to October) is generally characterized by upwelling events that brings 
ENACW water (Eastern North Atlantic Central Water; Fraga, 1981) into the ria, 
reinforcing the positive ria circulation. These two defined periods can be observed 
in the salinity plot shown in Figure III.2a: (1) the lowest values of salinity in surface 
waters were found in the wet season (December 2002 - March 2003 and 
November 2003 - December 2003) corresponding with a rainy period; and (2) 
upwelling events in May and August resulted in a salinity increase near bottom 
waters, both in the Vigo Ria and shelf (Stations 1 and 2, Figure III.1). During the 
wet season, the highest dissolved Zn concentrations were observed, up to 18 nM 
(Figure III.2a), in all the water column of the ria. Zinc concentrations decreased 
down to 4 nM (Figure III.2a), approaching the typical North Atlantic values (Table 
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III.3) in the dry season when oceanic waters dominated the ria; however, surface 
Zn concentrations increased when the upwelling relaxed. This process is related to 
the induced higher water residence times in the ria (Prego and Fraga, 1992), 
suggesting local inputs of this element from the Vigo metal industry as a result of 
the enhanced continental runoff in the wet season (Prego et al., 2006), and Zn 
concentration in the ria waters when the land-sea water exchange is impeded. This 
trend observed for Zn is also applicable for Cu and Pb (Figure III.2a), whose ria 
levels are were quasi-pristine (Table III.2) during upwelling events (2-4 and 0.14-
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Figure III.2. Salinity and annual concentrations of dissolved metals inside the Vigo Ria (Station 1) and 
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The opposite seasonal pattern was found for dissolved V (Figure III.2b): 
during the wet season coinciding with high freshwater inputs, a decrease in 
dissolved V concentrations (20-25 nM) was observed probably due to the lower 
concentrations in the freshwater inputs to the ria (0.5-13 nM, unpublished data); 
this same findings were reported in other World areas such as the estuary of the 
Po river (Pettine et al., 1997) and the Tamar estuary (van den Berg et al., 1991), 
reflecting a dominant marine input of this element to estuaries and coastal 
systems. This was also confirmed during the summer upwelling events, with 
concentrations in bottom waters in the range of 30 to 50 nM. Also, during this 
season a systematic removal of dissolved V in surface waters was observed, 
yielding the lowest concentrations (17-20 nM) recorded during the period, 
suggesting a biological uptake of this element (Yeats, 1992). This same trend was 
observed for Cd, Co and Ni; accordingly, Cd concentrations were lower during the 
freshwater inputs in the wet season (25-35 pM), increasing during upwelling events 
in the dry season (55-95 pM), as observed in other Galician rias (e.g. Ferrol Ria: 
Cobelo-García et al., 2005a) or other World areas (Celtic Sea: Cotté-Krief et al., 
2002; San Francisco Bay: van Geen and Luoma, 1993). The trend for Co and Ni, 
considered as bioelements, is in agreement with their biological role in seawater 
(Morel and Price, 2003). Their concentrations in the Vigo Ria was relatively low 
(0.3-0.5 and 3-5 nM for Co and Ni, respectively), increasing to 0.5-1.1 nM of Co 
and 3.8-6.3 nM of Ni under upwelling conditions. 
Dissolved trace metals in the Western Galician Shelf waters showed the 
cited ria pattern, but the intra-annual variation of their concentrations was lower 
(Figures III.2 a,b) because they are less contaminated waters with a minor 
freshwater influence. Thus, the group formed by Cu, Pb and Zn had lower 
concentrations during upwelling events while Cd, Co, Ni and V, showed higher 
levels during this same period. In the wet season, values were higher for the first 
group (Cu, Pb and Zn) than for the second (Cd, Co, Ni and V). Similar patterns 
have been observed in other estuarine and coastal areas along the North Atlantic 
European coasts (Laslett et al., 1995; Braungardt et al., 1998). 
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Abstract. The Rande Strait is the natural boundary of the estuary-ria water 
exchange in the Vigo Ria (Northwest of Iberian Peninsula). In order to quantify the 
fluxes of Cd, Pb and Zn through the Rande Strait, six sampling cruises on board 
the R/V Mytilus (IIM-CSIC) were carried out at different seasonal conditions. Water 
column profiles of salinity, temperature and tidal currents were obtained every 30 
min; sampling of the water column for dissolved and particulate metals was done 
every two hours over a complete tidal cycle. Dissolved metal concentrations 
ranged between 0.01-0.18 nM for Cd, 0.5-1.9 nM for Pb and 4-44 nM for Zn. 
Compared to Zn (16±12%) and especially Cd (5.4±5.0), particulate metal 
represented a significant fraction of the total concentration for Pb (41±21%). 
Budget calculations show that the estuarine zone exports metals to the ria during 
the spring tides. During neap tides, only Pb is exported whereas Cd is imported. 
Net fluxes of dissolved Cd and Zn are higher than in particulate phase whereas for 
Pb an inverse situation was observed. Except for Pb, the budgets obtained for Vigo 
Ria are one to two orders of magnitude lower than those measured in large 
European estuaries. 
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The biogeochemical cycles of many trace elements have been significantly 
impacted by anthropogenic activities. Some elements like Cd and Zn take part in 
important biogeochemical processes in the marine environment, e.g. CO2 
concentration/acquisition or silica uptake by large diatoms (Morel et al., 2003 and 
Morel and Price, 2003, and references therein), but may become harmful to the 
natural and human environment at elevated concentrations owing to their toxicity 
(Stoeppler, 1991; Ewers and Schlipköter, 1991; Ohnesorge and Wilhelm, 1991). 
Therefore, the understanding of the processes controlling the transport of these 
potential contaminants is an important aspect for the management of the coastal 
environment. 
The littoral of the NW Iberian Rias (e.g. Vigo and Ferrol rias) concentrate 
significant urban and industrial activities. However, scarce investigation has been 
developed on the land-sea exchange of trace elements compared with nutrients 
(e.g. Prego, 1994; Prego, 1993; Prego et al., 1995). Recent studies have 
highlighted the ria-ocean exchange (Cobelo-Garcia et al., 2005; Prego et al., 2006) 
but many authors, based on sediment data, emphasized that the most 
contaminated areas are located in the inner part of the rias (Carballeira et al., 
2000; Rubio et al., 2000; Cobelo-Garcia and Prego, 2004; Prego et al., 2008a). In 
particular, trace metals enrichment in the inner part of the Vigo Ria (the San Simon 
Inlet) was observed from sediment analysis (Belzunce-Segarra et al., 1997; Evans 
et al., 2003; Howarth et al., 2005; Alvarez-Iglesias et al., 2006; 2007). However, 
only one study has been published on trace metals in the water column of the San 
Simon Inlet (Santos-Echeandia et al., 2008a), which was focused on dissolved 
copper speciation trend across the estuarine zone of the Vigo Ria and its relation 
to particulate matter. However, no information about Cd, Pb and Zn concentration 
and fluxes in the ria estuarine zone is available. The seawater chemistry of this 
zone is affected by the sources and sinks of material to and from rivers (Filgueiras 
and Prego, 2007) and ria, which is one of the pathways defined for the ocean 
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inputs of trace elements (Bruland and Lohan, 2003) as observed for other 
European estuaries (Turner et al., 1991; Millward and Glegg, 1997; Chiffoleau et 
al., 1999; Cotté-Krief et al., 2000; Michel et al., 2000; Waeles et al., 2005). In the 
present study, the biogeochemical cycle of Cd, Pb and Zn was studied in a 
Galician coastal system. The estuary-ria exchange through the Rande Strait in the 
Vigo Ria was quantified in order to achieve the following objectives: 
(i) To determinate the seasonal concentrations and distributions of metals, 
both in the dissolved and particulate phases. 
(ii) To calculate the fluxes of metals between San Simon Inlet and the rest 
of the Vigo Ria, combining metal concentrations with current velocity data 
measured in the Rande Strait. 
(iii) To evaluate whether the San Simon Inlet exports trace metals to the 
Ria or, in contrast, acts as sink of metals. 
 
4.1.1. Study Site 
 
The Vigo Ria (Figure IV.1) is the southernmost of the Galician Rias with a 
surface area of 156 km2 and a water volume of 3.12 km3. The Ria axis has 33 km 
length and faces WSW. The catchment basin is 578 km2, which 75% of this 
surface discharges freshwater into the inner ria, i.e., the San Simon Inlet (length: 
7.3 km; surface: 18.3 km2; water content: 90 Hm3 at high tide); there, the most 
important contribution is due to the Oitaven River with a flow that ranges from 1.8 
m3 s-1 (August) to 55.5 m3 s-1 (February).  
The inner ria zone can be considered as an estuary from both 
hydrographic and sedimentological considerations (Evans and Prego, 2003). The 
middle and outer Ria zones are usually under marine conditions with salinities 
higher than 35 (Alvarez et al., 2005). In spite of the low flow rate of secondary 
rivers (annual average flow lower than 4 m3 s-1), it is important to note that Lagares 
River play an important role in metal inputs to the ria (Filgueiras and Prego, 2007; 
Santos-Echeandia et al., 2008b) and the main terrigenous sediment source is the 
Alvedosa River, which drains a basin mainly dedicated to agriculture (Evans et al., 
2003). 
The Ria is under a mesotidal regime and its water column is partly stratified 
showing a positive residual circulation in two layers (Prego and Fraga, 1992; 
Taboada et al., 1998) which is the result of river outflow (Prego et al., 1990) and 
seasonal upwelling events (Prego and Bao, 1997). The water renovation between 
San Simon Inlet and the rest of the Ria occurs through the Strait of Rande (600 m 
wide) and is mainly the result of the tide: 50% of the Inlet water is approximately 
exchanged during each tidal cycle (Romero and Prego, 1995). 
The middle Ria zone is the most affected from anthropogenic activities. Its 
littoral is inhabited by 400,000 of people and inputs occur from food factories and 
metal industries linked to shipyard and dock activities on the southern bank. 
Another aspect to be highlighted is the presence of six sewage treatment plants 
with significant environmental consequences to the ria. After six years operating, 
particulate metal in surface sediments was generally observed to decrease, while 
the labile metal presence has increased (Prego et al., 2008). 
 
 






















Figure IV.1. Map of the Vigo Ria showing the bathymetry, ria zones and the 
anchoring station fixed on the Rande Strait. 
 
 
4.2. Materials and Methods 
 
4.2.1. Sampling and analysis 
 
Six cruises (C1 to C6) were carried out at the Strait of Rande on board the 
R/V Mytilus during 2004, twice in winter (on 29 January and on 4 February), twice 
in spring (on 6 and 12 May), and twice in summer (on 6 and 13 September). The 
research vessel was anchored at a fixed station (42º 17.26’ N; 08º 39.78’ W) in the 
middle of the Strait where temperature and salinity profiles were obtained from 
CTD sounder (SBE 19, Sea-Bird) every hour during a complete tidal cycle. Water 
current was measured with a ship-mounted Broadband Acoustic Doppler Current 
Profiler (RDI, Vessel-mound ADCP300 kHz), except for surface water where an 
electromagnetic current meter (Valeport 808) was used. 
At the fixed station, water column samples were collected, using Go-Flo 
bottles (General Oceanic of 5 L), every two hours during the same CTD tidal cycle 
at 5, 10, 17 and 24 m depth for each sampling date. Surface samples were taken 
from the gunwale with a telescopic arm. Samples were collected in 0.5 L acid-
washed low-density polyethylene (LDPE) bottles, kept in zip-lock bags and stored 
at 4 ºC in a cooler to be transported back to the on-shore lab for subsequent 
filtration, storage and analysis. Samples for dissolved oxygen were taken onboard 
from the Go-Flo bottles, immediately fixed and analysed within 24 h at the IIM lab 
according to the Winker method (Aminot, 1983). 
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Samples were vacuum filtered inside of a Class 100 laminar flux cabin 
using pre-weighted 0.45 μm polycarbonate filters (Pall Gelman) mounted in an 
acid–washed polycarbonate filter holder (Sartorius AG). Filters were acid-washed 
just before filtration passing 50 mL of HNO3 1% (Panreac Hiperpur 69%) by gravity 
and then rinsed with 250 mL of Milli-Q water. The first 100 mL of the sample were 
used to rinse the sample bottle, and were discarded. Subsequent filtrate was kept 
in the same bottle, acidified to pH 2 (HNO3 Panreac Hiperpur 69%), and stored in 
zip-lock bags until analysis. In order to avoid overestimation of the suspended 
particulate matter (SPM), the salt was removed from the filters by passing a few 
millilitres of Milli-Q water. The filters containing the SPM were then removed from 
the holder using acid-washed polypropylene tweezers and stored frozen at -20 ºC 
in acid-washed Petri dishes until analysis. The determination of trace metals (Cd, 
Pb and Zn) in the dissolved phase was carried out by means of differential pulse 
anodic striping voltammetry (DPASV) using a hanging mercury dropping electrode 
(HMDE). Ag/AgCl (KCl) was used as the reference electrode and Pt wire as the 
auxiliary electrode. The equipment consisted in a Stand VA694 and an 
Autosampler 695 from Metrohm. Before determination, samples were digested for 
1 hour using an UV-digestion apparatus (Achterberg and van den Berg, 1994) to 
break down the organic matter. Blanks were measured every ten samples and the 
accuracy of the analytical procedure was assessed by analysis of certified 
reference material (Table IV.1). 
 
 
Table IV.1. Accuracy control of the analytical procedures employed for dissolved and 
particulate metal determinations. Certified reference materials were CASS-4 (coastal 
seawater), SLRS-4 (riverine water) and PACS-2 (marine sediment) from NRC of 
Canada. 
 
  Cd Pb Zn 
Dissolved  pM pM nM 
CASS-4 Obtained 236 ± 33 68 ± 12  5.8 ± 1.0 
 Certified 231 ± 27 47 ± 17  5.8 ± 0.9 
SLRS-4 Obtained -  458 ± 73 15.6 ± 1.8 
 Certified -  415 ± 34 14.2 ± 1.5 
Particulate  µg·g-1 µg·g-1 µg·g-1 
PACS-2 Obtained 2.47 ± 0.36 183 ± 3 345 ± 24 
 Certified 2.11 ± 0.15 183 ± 8 364 ± 23 
 
 
On other hand, analysis of metals in SPM was carried out using two 
different methods according to metal concentrations and the detection limits of the 
equipments. For Zn, Varian 220FS Flame-Atomic Absortion Spectrometry (FAAS) 
was used. Cadmium and Pb concentrations were measured using a Varian 220 
Electro Thermal Atomic Absortion Spectroscopy (ET-AAS) equipped with Zeeman 
background correction. Before the determinations, samples were microwave-
digested (Milestone 1200 Mega) in Teflon® bombs using mixture of HNO3 (69%; 
Panreac Hiperpur) and HF (40%; Merck, Suprapur) according to EPA 3052 
method. The accuracy of the analytical procedure was checked with certified 
reference material (Table IV.1). 
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4.2.2. Quantification of metal fluxes 
 
In order to calculate the fluxes of metals in dissolved and particulate 
phases at the estuarine-ria boundary in the Rande Strait, the following equations 
had been considered: 
 
∫ ∫= t z tztzM dtdzMVF ·· ),(),(                       (1) 
 
where V is the instantaneous velocity; M is the dissolved or particulate 
metal concentration at a given depth z and at a given time t. 
It was assumed that currents and metal concentrations were quasi-
homogenous across the horizontal channel section. One sample point, at the 
centre of the Rande Strait section was considered to calculate the metal fluxes 
across it. This assumption is due to the narrowness of the channel (600 m wide) 
and because currents are almost completely induced by tidal forcing and flow in 
the ria axis way (Taboada et al., 1998; Gomez-Gesteira et al., 1999). 
The previous equation (1) was simplified (Statham et al., 1993) since non-
continuous metal concentrations record was done during the tidal cycle, and the 














M AMVF                       (2) 
 
where subscripts i represents the number of layers into which the cross-
section of channel was divided, n the number of samples taken in every tidal cycle, 
and A the area of the cross-section layer. 
For the fluxes calculation, the channel cross-section was divided in four 
layers of 5 m depth approximately, from 0 to 24 m depth. In order to calculate the 
area of each layer a bathymetric map of the channel at the sampling section was 
used. The velocity current data were recorded in continuous and averaged from 15 
min before to 15 min after the time of water sampling. The current speed of each 
channel layer was calculated as the average between the velocities through it. 
The metal concentration of each layer was calculated as the average of the 
upper and the lower limit metal concentration of this layer. 
Six seasonal samplings were carried out during every tidal cycle; the metal 
fluxes in each layer were calculated multiplying the appropriate metal concentration 
by the water flux through this layer. The water flux was obtained multiplying the 
current velocity by the area of the layer. The sum of the metal flux through the 
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4.3. Results and Discussion 
 
The range of dissolved metal concentrations are showed in Figure IV.2, 
and were 0.01-0.18 nM for Cd, 0.5-1.9 nM for Pb and 4-44 nM for Zn. These levels 
are in the order of those measured in near-shore European areas. Dissolved Zn 
concentrations were similar to the ones observed in the Iberian coastal waters 
(Braungardt et al., 1998; Cotté-Krief et al., 2000; Elbaz-Poulichet et al., 2001; 
Cobelo-Garcia et al., 2005) and in other European Atlantic coastal zones 
(Chiffoleau et al., 1994; Muller et al., 1995; Boutier et al., 2000) whereas dissolved 
Cd range was around the half. In contrast, Pb concentrations were two times 
higher in the Rande Strait. This fact was also observed in the industrialised Ferrol 
Ria (Cobelo-Garcia et al., 2005) and highlighted in a previous work at the Vigo ria-
ocean boundary (Prego et al., 2006). The high Pb concentration is suspected to be 
a consequence of the significant Pb contamination in the sediments of the San 
Simon Inlet. Accordingly, Belzunce et al. (1997) and Alvarez-Iglesias et al. (2003) 
showed the local existence of very high total Pb concentrations at the San Simon 
sediments, overcoming background values up to two orders of magnitude which 
indicated a heavy contamination with Pb in the inlet. 
Particulate metal concentrations in the Strait waters are shown in Figure 
IV.2. Cadmium and Pb concentrations are within the values found for NE Atlantic 
shelf waters whereas particulate Zn was lower in the Strait but similar to those 
measured in the Ferrol Ria where Pb average concentration was three times lower 
than in the Vigo inner-middle boundary. This significant difference may be again 
due to the related Pb contamination at San Simon Inlet. This influence was also 
observed, though to a minor extent, in the middle-outer Ria as suggested by Prego 
et al. (2006). 
The relative affinity of trace metals for dissolved and particulate phases 
can be evaluated from the respective partition coefficient, KD=P/D, where P is the 
metal concentration in suspended particulate matter (SPM), and D is the dissolved 
phase concentration on a weight/weight basis. In the Rande Strait the following 
sequence for log KD was found: Pb (5.29 ± 0.69) > Zn (4.52 ± 0.47) > Cd (3.92 ± 
0.92), which is in the order of other similar coastal zones (Chiffoleau et al., 1994; 
Wen et al., 1999; Gee and Bruland, 2002). If these relationship are stated as 
percentages of particulate fraction versus total they were 41±21% for Pb, 16±12% 
for Zn and 5.4±5.0% for Cd, which are similar to the ones found in previous ria 
studies (Cobelo-Garcia et al., 2005; Prego et al., 2006). 
Maximum concentrations of dissolved and particulate trace metals were 
found in winter (cruises C1 and C2, Figure IV.2), except for dissolved Cd which 













































Figure IV.2. Box-and-whisker plots of concentration for incoming waters (I) and outgoing (O), for 
each metal (dissolved and particulate) in each campaign (C1-C6). The length of the box represents 
the interquartile range, which contains 50% of the values, and the thin horizontal line inside the box 
indicates the median whereas heavy horizontal line represent mean. 
 
 
This may be a consequence of sediment resuspension during the wet 
period when the continental run-off is significant in the Ria (Filgueiras and Prego, 
2007). On the contrary, the lowest particulate metal levels occurred when the 
primary productivity was the highest (20 mgC m-3 h-1, Varela, pers. com.), and 
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Table IV.2. River flow of the Oitaven, tidal range and dissolved (D) and particulate (P) fluxes of Cd, Pb 
and Zn in each campaign (in moles per tidal cycle). Negative and positive values correspond to 
outgoing and incoming flux, respectively, in the San Simon Inlet. 
 
 Oitavén 
flow tide  Cd   Pb   Zn 
 
C  (m
3·s-1) Δh (m) D P Total D P Total D P Total 
1 63 1.53 -0.4 0.3 -0.1 -0.3 -40.0 -40.3 621 - - 
2 32 2.02 -4.1 0.2 -4.0 -56.0 -92.0 -148.0 -599 - - 
3 26 3.48 -7.1 -0.4 -7.5 -24.0 -55.0 -79.0 741 -567 174 
4 5 1.42 1.4 0.02 1.4 13.0 -14.0 -0.5 510 64 548 
5 4 1.37 2.9 -0.2 2.7 -5.2 0.9 -4.3 -746 - - 
6 4 2.64 -6.1 -0.4 -6.5 -39.0 -20.0 -59.0 -636 47 -597 
 
 
On average, a net output from the estuarine zone was observed for total 
Cd and Pb (Table IV.2), although during the neap tides their dissolved budgets 
have the opposite direction. Particulate Pb output is two times higher than 
dissolved Pb, as a result of the strong particle reactivity of this element (Cobelo-
Garcia et al, 2005) and its major association with the residual fractions of the San 
Simon sediments (Belzunce et al., 1997) which impedes the remobilization to the 
dissolved phase of water column. Zinc has not a clear pattern and this element is 
imported or exported from the estuary independently of river or tidal flows; the 
irregular intervals of industrial and shipyard activities – which are the main Zn 
source – along the year may account for this variability. On the other hand, the 
current speed seemed to be a more relevant factor than metal concentration in Cd, 
Pb and Zn fluxes through Rande Strait (Figure IV.3). It can be exemplified with Pb 
fluxes (Table IV.2). Due to its innermost source of contamination; the higher Pb 
fluxes occurred during spring tides and the wet season. This fact was also 
observed by Michel et al. (2000) in the dissolved fluxes of Cd and Zn in the 
Gironde Estuary (France) where the fluxes of these elements were mainly 
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Figure IV.3. Isolines map at the anchored station in the estuarine-ria 
boundary. Salinity, currents and dissolved and paticulate concentrations of 
Cd, Pb and Zn are shown for winter (a), spring (b) and summer (c); they 
correspond to the C2, C3 and C6 campaigns, respectively. The vertical lines 
represent high and low waters according to the tide table for the port of Vigo. 
 
Except for Pb, which are similar, the budgets obtained for Vigo Ria are one 
or two orders of magnitude lower than the ones measured in large European 
estuaries (Table IV.3). The Pb contribution from San Simon Inlet, both in dissolved 
and particulate phases, should be considered when assessing the land-based 
mass flow of trace elements to the European continental margin. 
 
 
Table IV.3. Budget (kg day−1) of dissolved (D) and particulate (P) metals in some European estuaries. 
Positive value denotes a net import into estuary and negative exportation from estuary. 
  
 
Estuary (Country) D Cd P Cd D Pb P Pb D Zn P Zn Reference 
Estuarine-ria (Vigo, Spain) -0,50 +0,02 -7,7 -15,1 -2,5 -19,7 This study 
Seine estuary (France) -10,1 - -9,3 - -384 - Chiffoleau et al., 1999 
Tagus estuary (Portugal) -22,3 - - - -695 - Cottè-Krief et al., 2000 























































































Part II; Chapter 4 
 85 
Acknowledgements. We would like to thank the crew of R/V Mytilus for their kind 
cooperation during sampling and to Azucena Rodríguez, Clemente Trujillo and 
Paula Ferro for their technical assistance. J. Santos-Echeandia and N. Ospina-
Álvarez thanks the Basque Government (pre-doctoral contract) and CSIC (JAE 
pre-doctoral grant) respectively, for their financial support. This work was 
supported by CICYT under the METRIA (ref. REN2003-04106-C03) and 
INTERESANTE (CTM2007- 62546-C03-01/MAR) projects and it is a contribution to 








Achterberg, E.P. and C.M.G. Van 
den Berg., 1994. In-line 
ultraviolet-digestion of natural 
water samples for trace metal 
determination using an automated 
voltammetric system. Analytica 
Chimica Acta 291: 213-232. 
Alvarez, I., DeCastro, M., Gomez-
Gesteira, M. and Prego, R., 2005. 
Inter- and intra- annual analysis of 
the salinity and temperature 
evolution in the Galician Rias 
Baixas-ocean boundary 
(northwest Spain). Journal of 
.Geophysical Research 110: 
C04008, doi: 
10.1029/2004JC002504. 
Alvarez-Iglesias, P., Rubio, B. and 
Vilas, F., 2003. Pollution in 
intertidal sediments of San Simon 
Bay (Inner Ria de Vigo, NWof 
Spain): total heavy metal 
concentrations and speciation. 
Marine Pollution Bulletin 46: 491-
503. 
Alvarez-Iglesias, P., Rubio, B and  
Perez-Arlucea, M., 2006. 
Reliability of subtidal sediments 
as ‘‘geochemical recorders’’ of 
pollution input: San Simon Bay 
(Ria de Vigo, NW Spain). 
Estuarine Coastal and Shelf 
Science 70: 507-521. 
Alvarez-Iglesias P., Quintana, B.,  
Rubio, B. and Perez-Arlucea, M., 
2007. Sedimentation rates and 
trace metal input history in 
intertidal sediments from San 
Simon Bay (Ria de Vigo, NW 
Spain) derived from 210Pb and 
137Cs chronology. Journal of 
Environmental Radioactivity 98: 
229-250. 
Aminot, A., 1983. Dosage de 
l’oxyge`ne dissous. In: Aminot, A 
and M.Chaussepied (Eds.), 
Manuel des Analyses Chimiques 
en Milieu Marin, pp.75-92. 
CNEXO, Brest. 
Belzunce-Segarra, M. J., Bacon, 
J.R., Prego, R. and Wilson, M.J., 
1997. Chemical forms of heavy 
metals in surface sediments of the 
San Simon inlet, Ría de Vigo, 
Galicia. Journal of Environmental 
Science and Health A 32: 1271-
1292. 
Boutier, B., Chiffoleau, J.F., Gozalez, 
J.L., Lazure, P., Auger, D. and 
Truquet, I., 2000. Influence of the 
Gironde estuary outputs on 
cadmium concentrations in the 
coastal waters: consequences on 
the Marennes–Oléron bay 
(France). Oceanologica Acta 23: 
745–757. 
Braungardt, C., Achterberg, E.P. and 
Nimmo, M., 1998. On-line 
voltammetric monitoring of 
dissolved Cu and Ni in the Gulf of 
Cadiz, south-west Spain. 
Analytica Chimica Acta 377: 205-
215. 
Bruland, K.W. and Lohan, M.C., 
2003. Controls of trace metals in 
seawater. In: H. Elderfield (Ed.), 
The Oceans and Marine 
Geochemistry. Treatise on 
Geochemistry, pp. 23–47. Oxford, 
Elsevier. 
Carballeira, A., Carral, E., Puente, X. 
and Villares, R., 2000. Regional-
scale monitoring of coastal 
contamination. Nutrients and 
heavy metals in estuarine 
sediments and organisms on the 
coast of Galicia (northwest Spain). 
International Journal of 
Environmental Pollution 13: 534–
572. 
Chiffoleau, J.F., Cossa, D., Auger, D. 
and Truquet, I., 1994. Trace metal 
Estuary-Ria exchange of trace elements in the coastal system of the Vigo Ria (NW Iberian 
Peninsula) 
 88 
distribution, partition and fluxes in 
the Seine estuary (France) in low 
discharge regime. Marine 
Chemistry 47: 145-158. 
Chiffoleau, J.F., Auger, D. and 
Chartier, E., 1999. Continental 
Shelf Research 19: 2063-2082. 
Cobelo-Garcia, A and Prego, R., 
2004. Influence of point sources 
on trace metal contamination and 
distribution in a semi-enclosed 
industrial embayment: the Ferrol 
Ria (NW Spain). Estuarine 
Coastal and Shelf Science 60: 
695-703. 
Cobelo-Garcia, A., Prego, R. and 
DeCastro, M., 2005. Metal 
distributions and their fluxes at de 
coastal boundary of a semi-
enclosed ria. Marine Chemistry 
51: 161-176. 
Cotté-Krief, M.H., Guieu, C., 
Thomas, A.J. and Martin, J.M., 
2000. Sources of Cd, Cu, Ni y Zn 
in Portuguese coastal waters. 
Marine Chemistry 71: 199-214. 
Elbaz-Poulichet., F., Braungardt, C., 
Achterberg, E., Morley, N., Cossa, 
D., Beckers, J.M. Ph. Nomérange, 
A. Cruzado and M. Leblanc.- 
2001. Metal biogeochemistry in 
the Tinto-Odiel rivers (Southern 
Spain) and in the Gulf of Cadiz: a 
synthesis of the results of the 
TOROS project. Continental Shelf 
Research 21: 1961-1973. 
Evans, G., Howarth, R.J. and  
Nombela, M.A., 2003. Metals in 
the sediments of Ensenada de 
San Simon (inner Ria de Vigo), 
Galicia, NW Spain. Applied 
Geochemistry 18: 973–996. 
Evans, G. and Prego, R., 2003. Rias, 
estuaries and incised valleys: is a 
ria an estuary? Marine Geology 
196:171-175. 
Ewers, U and Schlipköter, H.W., 
1991. Lead. In: E. Merian (Ed.), 
Metals and their compounds in 
the environment pp. 803-
852.VHC, Weinhein. 
Filgueiras, A.V. and Prego, R., 2007. 
Biogeochemical fluxes of iron 
from rainwater, rivers and sewage 
to a Galician Ria (NW Iberian 
Peninsula). Natural versus 
anthropogenic contributions. 
Biogeochemistry 86: 319-329. 
Gee, A.K. and Bruland, K.W., 2002. 
Tracing Ni, Cu, and Zn kinetics 
and equilibrium partitioning 
between dissolved and particulate 
phases in South San Francisco 
Bay, California, using stable 
isotopes and high-resolution 
inductively coupled plasma mass 
spectrometry. Geochimica et 
Cosmochimica Acta 17: 3063-
3083. 
Gomez-Gesteira., M., Montero, P., 
Prego, R., Taboada, J.J., Leitao, 
P., M. Ruiz-Villarreal, Neves, R. 
and Perez-Villar, V., 1999. A two-
dimensional particle tracking 
model for pollution dispersion in A 
Coruña and Vigo Rias (NW 
Spain). Oceanologica Acta 22: 
167-177. 
Howarth, R.J., Evans, G., Croudace, 
I.W. and Cundy, A.B., 2005. 
Sources and timing of 
anthropogenic pollution in the 
Ensenada de San Simon (inner 
Ria de Vigo), Galicia, NW Spain: 
an application of mixture-
modelling and nonlinear 
optimization to recent 
sedimentation. Science of the 
Total Environment 340: 149-176. 
Michel, P., Boutier, B. and Chiffoleau, 
J.F., 2000. Net fluxes of dissolved 
As, Cd, Cu, Zn, nitogen and 
phosporous from the Gironde 
estuary (France): seasonal 
variations and trends. Estuarine. 
Part II; Chapter 4 
 89 
Coastal and Shelf Science 51: 
451-462. 
Millward, G.E and Glegg, G.A., 1997. 
Fluxes and retention of trace 
metals in the Humber Estuary. 
Estuarine Coastal and Shelf 
Science 44 (Suppl.A): 97-105. 
Morel, F.M.M., Milligan, A.J. and  
Saito, M.A., 2003. Marine 
bioinorganic chemistry: The role 
of trace metals in the oceanic 
cycles of major nutrients. In: H. 
Elderfield (Ed), The Oceans and 
Marine Geochemistry. Treatise on 
Geochemistry pp. 113–143. 
Oxford, Elsevier. 
Morel, F.M.M. and Price, N.M., 2003. 
The biogeochemical cycles of 
trace metals in the oceans. 
Science 300: 944–947. 
Muller, F.L.L., Balls, P.W. and  
Tranter, M., 1995. Processes 
controlling chemical distributions 
in the Firth of Clyde (Scotland). 
Oceanologica Acta 18: 493-509. 
Ohnesorge, F.K. and Wilhelm, M., 
1991.Zinc. In: E.Merian (Ed.), 
Metals and their compounds in 
the environment, pp. 1309-
1342.VHC, Weinhein. 
Prego, R., Fraga, F. and Rios, A.F., 
1990. Water interchange between 
the ria of Vigo and the coastal 
shelf. Scientia Marina 54: 95-100. 
Prego, R and Fraga, F., 1992. A 
simple model to calculate the 
residuals flows in a Spanish Ria. 
Hydrographic consequences in 
the Ria of Vigo. Estuarine Coastal 
and Shelf Science 34: 603-615. 
Prego, R., 1993. Biogeochemical 
pathways of phosphate in Galician 
ria (North-Western Iberian 
Peninsula). Estuarine Coastal and 
Shelf Science 37: 437-451. 
Prego, R., 1994. Nitrogen 
interchanges generated by 
biogeochemical processes in a 
Galician ria. Marine Chemistry 45: 
167-176. 
Prego, R., Bao, R. and Howland, R., 
1995. The biogeochemical cycling 
of dissolved silicate in a Galician 
Ria. Ophelia 42: 301-318. 
Prego, R and Bao, R., 1997. 
Upwelling infuence on the 
Galician coast: silicate in shelf 
water and underlying surface 
sediments. Continental Shelf 
Research 17:307–318. 
Prego, R., Cotté, M.H., Cobelo-
Garcia, A., Martin, J.M., 2006. 
Trace metals in the water column 
of the Vigo Ria: Offshore 
exchange in mid-winter 
conditions. Estuarine Coastal and 
Shelf Science 68: 289-296. 
Prego, R., Filgueiras, A.V. and 
Santos-Echeandia, J., 2008. 
Temporal and spatial changes of 
total and labile metal 
concentration in the surface 
sediments of the Vigo Ria (NW 
Iberian Peninsula): Influence of 
anthropogenic sources. Marine 
Pollution Bulletin 56: 1022-1042. 
Romero, B. and Prego, R., 1995. La 
ensenada de San Simon: 
caracteristicas generales de una 
cuenca costera. Monografías de 
Química Oceanográfica 1: 35-61. 
Rubio, B., Nombela, M.A. and Vilas, 
F., 2000. Geochemistry of major 
and trace elements in sediments 
of the Ria de Vigo (NW Spain): an 
assessment of metal pollution. 
Marine Pollution Bulletin 40: 968-
980. 
Santos-Echeandia, J., Laglera, L.M., 
Prego, R. and van den Berg, 
C.M.G., 2008a. Dissolved copper 
speciation behaviour during 
estuarine mixing in the San Simon 
Inlet (wet season, Galicia). 
Influence of particulate matter. 
Estuary-Ria exchange of trace elements in the coastal system of the Vigo Ria (NW Iberian 
Peninsula) 
 90 
Estuarine Coastal and Shelf 
Science 76: 447-453. 
Santos-Echeandia, J., Laglera, L.M., 
Prego, R. and Van den Berg, 
C.M.G., 2008b. Copper speciation 
in continental inputs to the Vigo 
Ria: Sewage discharges versus 
river fluxes. Marine Pollution 
Bulletin 56: 308-317. 
Statham, P.J., Auger, Y., Burton, 
J.D.,  Choisy, P., Fischer, J.C., 
James, R.H., Morley, N.H., 
Ouddane, B.,  Puskaric, E. and 
Wartel, M., 1993. Fluxes of Cd, 
Co, Cu, Fe, Mn, Ni, Pb, and Zn 
through the Strait of Dover into 
the southern North Sea. 
Oceanologica Acta 16: 541–551. 
Stoeppler, M., 1991. Cadmium. In: 
E.Merian (Ed.), Metals and their 
compounds in the environment, 
pp. 803-852.VHC, Weinhein. 
Taboada, J.J., Prego, R., Ruiz-
Villarreal, M., Gomez-Gesteira, 
M., Montero, P., Santos, A.P. and  
Perez-Villar, V., 1998. Evaluation 
of the Seasonal Variations in the 
Residual Circulation in the Ria of 
Vigo (NW Spain) by Means of a 
3D Baroclinic Model. Estuarine 
Coastal and Shelf Science 47: 
661-670. 
Turner, A., Millward, G.E. and Morris, 
A.W., 1991. Particulate metals in 
five major North Sea estuaries. 
Estuarine Coastal and Shelf 
Science 32:325-346. 
Waeles,M., Riso, R.D. and Le Core, 
P., 2005. Seasonal variations of 
cadmiun speciation in the Penzé 
estuary, NW France. Estuarine 
Coastal and  Shelf Science 65: 
143-152. 
Wen, L.S., Santschi, P., Gill, G., 
Paternostro, C., 1999. Estuarine 
trace metal distributions in 
Galveston Bay: Importance of 
colloidal forms in the speciation of 
the dissolved phase. Marine 




Porewater Geochemistry in the Vigo Ria (NW Iberian Peninsula): Implications 




5.2. Material and Methods 
5.2.1. Sample collection and pre-treatment 
5.2.2. Porewater analysis 
5.2.3. Quantification of sediment-water metal fluxes 
5.3. Results and Discussion 
5.3.1. Geochemistry of the sediment in different areas and in different seasons 
5.3.2. Metal distribution and profiles in overlying and porewaters 
5.3.3. Trace metal benthic fluxes and its variation associated to the cycling of 
the elements 



























* This chapter is based on Juan Santos-Echeandia, Ricardo Prego, Antonio Cobelo-Garcia, 





Abstract. The geochemical behaviour of dissolved trace elements in sediment 
interstitial waters from the Ria Vigo (Galicia, Spain) have been determined. 
Dissolved concentrations in the pore waters ranged between 1.7-23.2 nM for Co, 
1.5-131 nM for Cu, 19.5-159 nM for Ni, 0.02-19.3 nM for Pb, 5.4-260 nM for V and 
0.2-241 nM for Zn. Values for Cu, Pb and Zn were highest along the axis of the ria, 
whereas Co, Ni, V and Zn were more abundant in the area of the industrialised 
shipyards. The metal profiles were affected by sedimentary redox processes, 
which were monitored by means of Mn and Fe concentrations and pore water pH. 
Dissolved Cu and V had relatively high concentrations in the oxic surface layer and 
their concentrations decreased with depth, although in deeper layers 
concentrations of V increased in association with the presence of dissolved organic 
ligands. Cobalt and Ni followed the behaviour of Mn, although they were depleted 
in surface oxic layers their concentrations increased in the Mn reduction zone. 
Lead and Zn had highly irregular profiles because of their lower redox-sensitivity 
and their complexation with organic material is not as pronounced as that for Cu. 
Dissolved metal concentrations in overlying waters oscillated between 0.7-2.1 nM 
for Co, 5.5-50.5 nM for Cu, 4.6-10.0 nM for Ni, 1.4-9.1 for Pb, 5.7-28.5 nM for V 
and 14.6-66.5 nM for Zn. Using Fick´s first law of diffusion, the benthic fluxes of the 
elements varied between 0.03-0.24 nmol cm-2 y-1 for Co, (-0.02)-1.11 nmol cm-2 y-1 
for Cu, 0.16-1.70 nmol cm-2 y-1 for Ni, (-0.14)-0.03 nmol cm-2 y-1 for Pb, 1.52-4.35 
nmol cm-2 y-1 for V and (-0.37)-0.90 nmol cm-2 y-1 for Zn. Fluxes were higher in the 
ria axis for Cu, Ni, V and Zn and in the shipyard area for Co, while Pb fluxes were 
negligible at all the stations. This work has demonstrated that the redox 
geochemistry and diagenetic processes of the sediments and pore waters control 
the benthic fluxes in the Vigo Ria. When the upper layer of the sediment is oxic a 
high exportation of Cu and V to the overlying waters occurs and during less 
oxidizing conditions of this layer, Ni and Co exportation from the pore water 
increases. Dissolved trace metal benthic fluxes to the Vigo Ria were significant for 
most of the metals (Cu, Ni and V) and were of the same order of magnitude to the 
riverine inputs.  
 
Keywords: Dissolved metals, Vigo Ria, Metal fluxes, Trace elements, Pore water 





















POREWATER GEOCHEMISTRY IN THE VIGO RIA (NW IBERIAN PENINSULA): 
IMPLICATIONS FOR BENTHIC FLUXES OF DISSOLVED TRACE ELEMENTS 




Sediments play a major role in the overall fluxes of trace elements in 
coastal systems, acting as a source and/or sink to/from the water column. Metal 
accumulation in sediments depends on the flux of biogenic and lithogenic material 
to the seabed (e.g. Boyle et al., 1976; Bruland, 1980; Jeandel et al., 1987) and the 
scavenging of dissolved metals by suspended particulate phases (oxides, organic 
particle coatings, clay particles, etc.; e.g. Goldberg, 1954; Craig, 1974; Balistrieri et 
al., 1981). Deposited particulate material undergoes diagenetic changes, involving 
partitioning trace elements between particles and interstitial waters. These 
processes depend upon several factors including pH, occurrence of complexants, 
salt concentrations, changing redox conditions, and decomposing organic matter 
(Forstner and Kersten, 1989; Carignan and Nriagu, 1985; Boudreau, 1987, 1991; 
Boudreau et al., 1988; Jorgensen and Revsbech, 1983). The geochemical 
processes controlling the partitioning and recycling of metals in sediments have 
significant implications in regulating their sediment-water exchange. Recycling 
occurs, predominantly, at or near the sediment-water interface where pore water 
metal concentrations are typically in excess of those in bottom waters (Emerson et 
al., 1984; Hines et al., 1984; Heggie et al., 1987; Widerlund, 1996; Skrabal et al., 
1997; Monterroso et al., 2007) resulting in net benthic fluxes of dissolved metals to 
the water column. 
Rias are estuarine-coastal systems formed by flooding of river valleys in 
the Pleistocene-Holocene in regions of high relief during the last interglacial 
transgression, and are typical of World areas such as NW Iberia, SW England or 
SE Asia (Bianchi, 2007). Several of the Galician Rias (NW Iberian Peninsula) are 
under significant anthropogenic influence due to the population and industry settled 
on their margins (Prego et al., 2008), thereby altering the natural distribution and 
processes of trace metals. The Vigo Ria occupies an area of 156 km2 with a 
volume of 3275 km3 of water; the main tributary is the Oitaven River, located at the 
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head of the ria (Figure V.1) and oriented approximately parallel to its longitudinal 
axis. It is the most industrialized and populated ria in Galicia with approximately 
400,000 inhabitants, 80% of which are based at the southern margin (city of Vigo; 
Figure V.1). Industrial and port activities have occupied the banks of this ria for 
decades, especially the Bouzas shipyard (Figure V.1). In addition, and due to the 
high biological productivity of the Iberian Atlantic coastal margin, Galician Rias 
produce 250,000 ton of mussels per year, representing about 50% of the European 
production (Smaal, 2002). Accordingly, the Vigo Ria is covered by a great number 
of mussel rafts (Figure V.1).  
In order to assess the relative magnitude of benthic fluxes of dissolved 
trace elements (Cu, V, Ni, Co, Pb and Zn) to the Vigo Ria compared to other major 
sources (e.g. freshwater discharge), we conducted a seasonal geochemical study 
using short cores (≤10 cm) taken in representative zones of the Vigo Ria. The aim 
was to assess the influence of the redox conditions (based on pH and dissolved Fe 
and Mn profiles) on the distribution of dissolved trace elements in interstitial waters.   
5.2. Material and Methods 
 
5.2.1. Sample collection and pre-treatment 
 
Cores (approx. 10 cm) of undisturbed sediment and approximately 100 mL 
of the overlying waters were taken with a ‘Rouvillois’ box-corer fitted with Plexiglas 
tubes (length 20 cm, diameter 5.4 cm) at three stations in winter, spring and 
summer 2005 onboard the R/V Mytilus (IIM-CSIC). The station locations were 
chosen to be representative of the different environments within the longitudinal 
axis (LA) of the ria, the shipyard area (SA), and below the mussel rafts (MR; Figure 
V.1) (water depth 22, 15 and 15 m respectively). Acid-washed Plexiglass tubes 
were placed inside a Rouvilloise grab sampler to obtain the sediment cores. The 
tubes were sealed at the top and bottom with rubber bungs immediately after 
collection to maintain anoxic conditions (Dale and Prego, 2002) and inspected for 
trapped air pockets and to verify that the collection process had not disturbed the 
sediment structure. At the onshore lab, sediment cores were stored in plastic bags 
at -18°C. 
The main characteristics of the Vigo Ria sediments, such as grain size 
distribution, organic matter and calcium carbonate, presence of bioturbation and 
porosity have been previously described (Rubio et al., 2000; Bernardez et al., 
2005; Vilas et al., 2005; Diz and Frances, 2008; Ysebaert et al., 2009) and showed 
almost invariant composition between sampling locations. All the samples were 
generally muddy (70-80%) with a small percentage of sand or gravel of bioclastic 
origin and dispersed shells especially below the mussel rafts. The percentage of 
organic matter was similar among the sampling points, ranging from 6 to 8% of the 
sediment, whereas the percentages of calcium carbonate were low in the middle 
section of the Ria (0-10%) and higher (10-15%) below mussel rafts (Rubio et al., 
2000). With respect to bioturbation, low macroorganism activity in the sediments is 
indicated by the lack of in-fauna soft-bodied organisms and the scarcity of bioclasts 
in the cores. Bioturbation is more pronounced in sediments in the outer ria, mainly 
due to higher oxygen levels in the pore waters and lower organic matter 
concentrations (Rubio et al., 2000; Diz and Frances, 2008). 
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Preservation of redox conditions during cores sectioning was achieved by 
using a glove box filled with N2 (815-PGB, Plas-Labs). Frozen cores were extruded 
from the tube and the overlying water was placed into acid-cleaned plastic bottles. 
The sediment cores were sliced into 2-3 cm thick layers and allowed to thaw inside 
acid-cleaned polyethylene centrifuge tubes. The pH was then measured using a 
microelectrode (Unisense, Denmark). In order to extract the pore water, the 
centrifuge tubes, containing the sediment sections, were filled with N2 and 
centrifuged at 3000 rpm for 40 minutes, after which the tubes were then returned to 
the N2-filled glove box and opened. The supernatant was then passed through 
acid-washed 0.45 µm pore size acetate cellulose syringe filters and collected in 
acid-washed 50 mL polyethylene bottles and acidified (pH 2) with concentrated 
































Figure V.1. Vigo Ria map with the three sampling stations: Mussel rafts (MR), Ria axis (RA) and 
Shipyard area (SA). 
 
 
5.2.2. Pore water analysis 
 
Total dissolved metals were determined by means of stripping voltammetry 
using a Metrohm VA-694 equipped with a hanging mercury drop electrode (HMDE) 
as the working electrode, Ag/AgCl as the reference electrode, and a Pt wire as the 
counter-electrode. Prior to determination, samples were diluted (when appropriate) 
and UV-digested for 1 h using a high-pressure mercury lamp of 200 W (Achterberg 
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and van den Berg, 1994). Simultaneous determinations of Pb and Zn in the 
dissolved phase were carried out using the method of standard additions by means 
of anodic stripping voltammetry (ASV). The simultaneous determinations of Co, Cu, 
Ni and V were undertaken by means of adsorptive cathodic stripping voltammetry 
(AdCSV) using a modified version of the method proposed by Cobelo-García et al. 
(2005). The accuracy of the analytical procedure was assessed by the analysis of 
the CASS-4 certified reference material (near-shore seawater, National Research 
Council of Canada) and good agreement was obtained with the certified 
concentrations (Table V.1). Dissolved Fe and Mn were analysed by means of GF-
AAS (Perkin Elmer AAnalyst 100). After five samples a blank was run and results 
were blank-corrected. The precision of the analysis depended on the 
concentrations of a given metal in the sample but was less than 10% for all 
elements.  
 
Table V.1. Accuracy of the analytical procedure: AdCSV determination of Cu, Ni, and V 
and ASV of Pb and Zn in seawater reference material (CASS-4 nearshore seawater) 







5.2.3. Quantification of sediment-water metal fluxes 
 
Transport of trace elements between sediment and overlying water was 
estimated quantitatively on the basic assumption that the diffusive fluxes of trace 
elements are mainly driven by the pore water gradients of these elements. In order 
to estimate dissolved trace metal benthic fluxes, Fick´s first law of diffusion was 
used: 
 













dCJ iisi φD                                       (1) 
 
where Ji represents  the trace metal flux (10-6 nmol m-2 d-1); Φ represents 
sediment porosity; Dsi represent the diffusion coefficient for each metal (cm2 s-1); Ci 
represents dissolved trace metal concentration (nM) and x represents the distance 
between overlying and pore waters (cm).  
When calculating dCi, the concentration of the dissolved metal in the pore 
water was subtracted from the dissolved metal concentration in the overlying 
waters. Thus, positive fluxes indicate a net exportation of dissolved metal to the 
water column, while negative fluxes imply importation of dissolved metal to the 
sediment from the overlying waters. Sediment porosity (Φ) was calculated from the 
following equation: 
 













Certified 440±50 9.3±0.8 5.4±0.5 47±17 23.2±3.1 5.8±0.9 
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V=φ                                       (2)                          
 
where VIW represents the pore water volume and VS the sediment solids 
volume. Porosity was calculated following the method of Berner (1980); briefly, a 
representative portion of each sample (~ 20 grams) was weighted in a Petri-dish. 
The sample was then placed inside an oven at ~ 50 ºC until all the water was 
evaporated and weighted several times in different days until constant weight. 
Porosity is then obtained dividing the final weight by the initial. 
 
The diffusion coefficient (Dsi) was calculated from the following equation: 
 
                                                    iis DD 02φ=                                         (3) 
 
where D0i represents the diffusion coefficient of a metal at a given 
temperature (calculated from Li and Gregory,1974). 
Sediment porosity in the Vigo Ria varied between stations (0.57 in the 
shipyard area, 0.58 in the longitudinal axis and 0.60 in the mussel rafts area) and 
these values were included in equations (1, 2 and 3), as appropriate. 
 
5.3. Results and Discussion 
 
5.3.1. Geochemistry of the sediment in different areas and in different 
seasons 
 
Several authors have addressed the suitability of Fe and Mn, two redox 
sensitive elements, as tracers to distinguish the various sedimentary redox layers 
(Brumsack and Gieskes, 1983; Sawlan and Murray, 1983; Shaw et al, 1990; 
Burdige, 1993; Rivera-Duarte and Flegal, 1997; Skrabal et al., 2000; Sundby, 
2006). Froelich et al. (1979) defined a chemical zonation in sediments with depth 
based on the investigated pore water redox profiles as oxic, suboxic and anoxic. In 
oxic environments, concentrations of dissolved Mn and Fe are relatively low due to 
the formation of their oxidized solid phases (MnO2 and FeOOH). Suboxic 
environments are well characterized by a peak of dissolved Mn and Fe which are 
reduced in the absence of oxygen and thus mobilized to the dissolved phase. In 
the anoxic zone, a decrease of dissolved Fe concentrations occurs due to the 
formation of insoluble iron sulphides (FeS2; Rivera-Duarte and Flegal, 1997). The 
interpretation of geochemical processes occurring in sediments was assisted by 
pH values, which usually decrease due to microbial mineralization of organic 
carbon appearing as an interface between the oxic and anoxic layers. Thus, 
dissolved pore water concentrations of Mn and Fe (Figure V.2) and pH (Figure V.3) 
were measured to evaluate the redox zonation present. In the Bouzas shipyard 
area (Figure V.2), the oxic layer was within 1 cm depth during winter and dissolved 
Fe was below the detection limit and Mn concentrations were relatively low at 
about 0.4 µM. In spring, the thickness of the oxic layer was <1 cm with 
concentrations of dissolved Mn about 2.5 µM and in summer with levels of 
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dissolved Mn and Fe of 0.4 µM. The decrease in pH of the sediment pore waters 
between the upper and the second layer (Figure V.3) was more pronounced during 
winter (0.6 pH units decrease) than during the rest of the year (0.2-0.3 pH units). 
This indicated significant microbial activity during oxidizing conditions in winter. 
Below this layer, the suboxic region was marked by dissolved Mn and Fe peaks 
throughout the year but with different thicknesses depending on the season (Figure 
V.2). This layer varied from the first centimetre to 6 and 7 cm depth during winter 
with a peak in dissolved Mn at 3 cm depth (2.5 µM) and a peak in dissolved Fe at 5 
cm depth (2.0 µM). Extrapolation to greater depths in Figure V.2 would suggest 
very low concentrations of Mn and Fe below about 8.5 cm. In spring, the suboxic 
layer was generally wider (1-8 cm depth) and it encompassed the peak in 
dissolved Mn at 1 to 3 cm depth (3.4 µM) and the peak in dissolved Fe at 4 to 8 cm 
depth (3.0 µM). Finally, in the summer the suboxic layer was again restricted to 
between 1 and 5 cm depth with the peaks in dissolved Mn and Fe present at 3 cm 
depth (1.3 µM for Mn; 5.1 µM for Fe) (Figure V.2). Peaks in dissolved manganese 
normally appear above the peaks in dissolved Fe since Mn reduction is favoured 
thermodynamically (Froelich et al., 1979). Just below this suboxic layer, the anoxia 
appeared in the deepest 1-2 cm during winter as dissolved Fe and Mn levels 
decreased by precipitation with sulphides. Dissolved iron precipitation as pyrite has 
been previously observed in the Vigo Ria sediments (Alvarez-Iglesias and Rubio, 
2008; Otero et al., 2009). Alvarez-Iglesias and Rubio (2008) observed an increase 
with depth (in the upper 15-20 cm of the core) of the fraction of Mn associated with 
pyrite, suggesting precipitation of Mn from the porewaters. On the contrary, the 
suboxic layer persisted all through the sediment core in spring and summer (slight 
decrease in dissolved Fe levels with Mn levels constant in depth). Alvarez-Iglesias 
and Rubio (2008) indicated in a study carried out in the Vigo Ria sediments that the 


















































Figure V.2. Pore water profiles of dissolved Fe (black) and Mn (gray) in the shipyard area, mussel rafts 
and Ria axis in different seasons. 
 
 
The sediments below the mussel rafts had a similar redox profile (Figure 
V.2), where the oxic layer was generally restricted to 1 cm. In addition, the 
presence of Mn peaks (0.4 µM) in winter and spring (1.7 µM) indicated that 
dissolved oxygen was relatively low, otherwise, dissolved Mn would not be 
measured. As Mn or Fe was not detected in the dissolved phase during summer, 
more oxidizing conditions may have been present during this season. The suboxic 
layer was located between 1 and 5 cm depth in winter with peaks in dissolved Fe 
and Mn at 3 cm (1.3 µM of Mn and 5.9 µM of Fe). This layer was wider in spring (1-
6 cm) with peaks in dissolved Fe and Mn at 3 cm (6.4 µM of Mn and 12.7 µM of Fe) 
and summer (1-7 cm) with the peak in dissolved Fe at 3 cm (39 µM) and Mn 
reduction peak at 5 cm (2.1 µM). The suboxic layer appeared closer to the water-
sediment interface in this area and was probably associated with higher microbial 
activity below the mussel rafts causing a decrease in oxygen concentrations. 
Ysebaert et al. (2009) demonstrated that sedimentary POC concentrations were 
 SHIPYARD AREA (Winter)Fe (µM)

































0,5 1,5 2,5 3,50,0 1,0 2,0 3,0
SHIPYARD AREA (Summer)
Fe (µM)














0,0 0,2 0,4 0,6 0,8 1,0 1,2 1,4
MUSSEL RAFTS (Winter)
Fe (µM)














0,0 0,2 0,4 0,6 0,8 1,0 1,2 1,4 1,6 1,8
MUSSEL RAFTS (Spring)
Fe (µM)














0,0 1,0 2,0 3,0 4,0 5,0 6,0 7,0
MUSSEL RAFTS (Summer)
Fe (µM)














0,3 0,8 1,3 1,8 2,30,0 0,5 1,0 1,5 2,0 2,5
LONGITUDINAL AXIS (Winter)
Fe (µM)














0,5 1,5 2,5 3,50,0 1,0 2,0 3,0 4,0
LONGITUDINAL AXIS (Spring)
Fe (µM)














0,0 0,5 1,0 1,5 2,0 2,5 3,0
LONGITUDINAL AXIS (Summer)
Fe (µM)














0,0 0,5 1,0 1,5 2,0 2,5 3,0 3,5
Porewater Geochemistry in the Vigo Ria (NW Iberian Peninsula): Implications for Benthic 
Fluxes of Dissolved Trace Elements (Co, Cu, Ni, Pb, V, Zn) 
 102
significantly elevated directly beneath and immediately surrounding suspended 
mussel cultures compared to culture-free sediments in the Vigo Ria and is 
corroborated by the pH profiles (Figure V.3). In this area, the pHs within the first 2 
cm (7.10-7.26) were generally lower than in Bouzas shipyard area (7.18-7.32; 2.5-
3.0 cm) or the ria axis (7.10-7.42; 3.0-4.0 cm). The ria axis had an oxic zone of 1 
cm depth in spring and summer that became less oxic in winter (0.8 µM of Mn) 
(Figure V.2). In addition, in winter there were lower values of pH (Figure V.3) in the 
upper layer of the sediment. The suboxic layer was located between 1 and 7 cm 
depth in winter and summer and 1-5 cm in spring where the pH profile showed 




























Figure V.3. Sediment and overlying waters pH profiles measured at each station during each season. 
Horizontal broken line represents the separation between water and sediment. 
 
 
The peaks in dissolved Fe were wider in winter (16 µM) and summer (3.9 
µM) than in spring (1.0 µM). The anoxic layer was restricted to the deepest 
centimetres of the sediment where Fe was totally removed during spring probably 
by association with the pyrite fraction (Alvarez-Iglesias and Rubio, 2008). Iron and 
manganese were not scavenged during winter or summer in the deepest layer of 
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the core indicating that suboxic conditions still remain. This situation has been 
observed before by Alvarez-Iglesias and Rubio (2008) in the Vigo Ria sediments. 
 
5.3.2. Metal distribution and profiles in overlying and pore waters 
 
The concentrations of the dissolved metals (Co, Cu, Ni, Pb, V, Zn) in the 
sediment cores are plotted as a function of depth in Figure V.4a and V.4b. 
According to their redox behaviour, metals have been grouped in three categories 
dependent on their behaviour.  
 
Copper and Vanadium. The Bouzas shipyard area had a dissolved Cu surface 
maximum throughout the year, in the range 44 to 63 nM (Figure V.4a) and was 
coherent with the oxic layer. This can be explained by its association with organic 
matter (Klinkhammer et al., 1982; Westerlund et al., 1986; Shaw et al., 1990; Lapp 
and Balzer, 1993; Widerlund, 1996) that can be oxidized by the microbial 
community present in the sediments with the subsequent release of Cu and V as 
dissolved species (Klinkhammer et al., 1982; Shaw et al., 1990; Widerlund, 1996). 
This surface maximum was lower in summer and might be associated with a 
reduction in oxidizing potential (extrapolated from dissolved Mn and Fe 
distributions explained previously) what prevents from the total oxidation of organic 
matter. Below the oxic layer, dissolved copper levels were relatively constant and 
homogeneous among seasons ranging from 1.5 to 16.5 nM. These values were 
lower than those measured in the first layer probably due to the formation of 
insoluble sulphides (Luther et al., 1980; Klinkhammer, 1980; Huerta-Diaz and 
Morse, 1992; Morse and Arakaki, 1993). The fraction of copper associated to pyrite 
in the sediments of the Vigo Ria increases gradually from the top of the core to 15-
20 cm depth (Alvarez-Iglesias and Rubio, 2008). A similar surface peak was 
observed in the mussel rafts area (21 nM) during summer but it was absent in 
winter or spring, when lower oxidizing conditions pertain. Below the oxic layers, 
some sub-surface peaks were detected in spring (13.6 nM) or summer (18.1 nM). 
The presence of dissolved Cu in the oxic-suboxic interface has been observed 
previously (Sawlan and Murray, 1983; Shaw et al., 1990; Ciceri et al., 1992; 
Caetano et al., 2007). Dissolved copper distributions, in the upper sediment layer, 
of the Vigo Ria axis area showed a sharp peak in spring (131 nM), smoother peaks 
in winter (44.1 nM) or summer (45.6 nM) and a tendency to decrease below the 
oxic layer, except in summer or spring coincident with the oxic-suboxic interface. 
Dissolved copper levels in the overlying waters ranged between 5-50 nM, with the 
lower values below mussel rafts (5 nM) in all seasons and in the Bouzas shipyard 
area during winter and spring but they increased (8 times) in summer. The values 
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Figure V.4a. Dissolved Cu, V and Ni profiles in the interstitial and overlying waters from the three 
sampling stations in winter (black), spring (grey) and summer (white). Horizontal broken line 
represents the separation between water and sediment. 
 
 
Regarding the V profiles (Figure V.4a), this metal had a surface (spring -95 
nM- and summer -213 nM-) or sub-surface peak (winter; 198 nM) in the Bouzas 
shipyard area. The maximum that appeared in the oxic layer could be associated 
with the oxidation of organic matter as was the case for Cu (Klinkhammer et al., 
1982; Westerlund et al., 1986; Shaw et al., 1990; Lapp and Balzer, 1993; 
Widerlund, 1996). Sub-surface peaks of V have been observed before (Shaw et 
al., 1990) probably associated to a recent deepening of the oxic zone. The 
penetration of oxygen into the suboxic layer had resulted in the oxidation of metals 
to soluble forms. Dissolved V concentrations tended to decrease at mid-depths 
(35-178 nM), probably due to the adsorption of the reduced form (vanadyl) to the 
sediments. Vanadium in oxic seawater should be present as V(V) but under 
moderate reducing conditions V(IV) is stable as the oxovanadium cation VO2+. 
Both V(IV) and V(V) are particle reactive but the reduced form should be far more 






























































































































































Part II; Chapter 5 
 105 
one might expect removal from solution under reducing conditions as is the case 
for the suboxic layer. Vanadyl (VO2+), however, has the additional characteristic of 
being associated with organic ligands and humic and fulvic acids in nature 
(Cheshire et al., 1977; Wehrli and Stumm, 1989) which leads to competition 
between dissolved organic matter and solid surfaces for the V(IV) species. A net 
increase at deeper layers was observed (239-321 nM). The complexation of V with 
organic matter or “yellow substances”, observed in other studies could explain this 
behaviour (Brumsack and Gieskes, 1983; Shaw et al., 1990). A similar pattern was 
observed for dissolved V below the mussel rafts area and in the Vigo Ria axis 
(Figure V.4a) however the concentrations were quite different. The surface 
maximum was generally lower below mussel rafts (73-199 nM) and higher in the 
Vigo Ria axis (160-260 nM) and the increases of dissolved V with depth were not 
as pronounced in the mussel rafts area as in the shipyard area or the ria axis. 
Dissolved vanadium concentrations in the overlying waters oscillated between 7-28 
nM being higher in the shipyard area and in the ria axis and lower below mussel 
rafts. 
 
Nickel and Cobalt. In the Bouzas shipyard area, dissolved Ni profiles (Figure V.4a), 
showed a surface maximum in spring (146 nM) and sub-surface maxima in winter 
(126 nM) and summer (148 nM). Below the oxic layer, values were similar to the 
maximum peak and tended to decrease in spring with depth. This behaviour 
closely matched the pattern for dissolved Mn described above. Concentrations 
were lower in surface pore waters probably because dissolved Ni was scavenged 
by the Mn oxides. The maximum Ni value in the surface layer during spring was 
explained by the less oxidizing conditions during this season which were not 
conducive to the precipitation all the dissolved Mn (Shaw et al., 1990) and 
consequently, Ni was not totally scavenged (Rivera-Duarte and Flegal, 1997). The 
sub-surface peaks appeared with the mobilization of dissolved Mn in the suboxic 
and anoxic layers and remained constant or decreased in deeper layers with the 
decrease in dissolved Mn. A similar behaviour was observed below the mussel 
rafts area, where the maximum value of Ni was observed in a sub-surface layer 
during spring (144 nM) or summer (87 nM). It was noticeable that the higher value 
observed in spring was also observed for dissolved Mn during each season which 
indicated simultaneous remobilization of both elements. Concentrations were lower 
in surface and deeper layers due probably to the co-precipitation with Mn oxides 
and sulphide formation or adsorption onto the formed pyrite (FeS2), respectively 
(Shaw et al., 1990; Luther et al., 1980). The fraction of nickel associated to pyrite in 
the sediments of the Vigo Ria increases gradually from the top of the core to 30-50 
cm depth (Alvarez-Iglesias and Rubio, 2008).The Ni profile during winter was very 
similar to the Mn profile, with a sub-surface maximum but with higher levels deeper 
in the core. Some authors (Sawlan and Murray, 1983; Shaw et al., 1990; Hong et 
al., 1995 in Salbu and Steinnes) have indicated a clear relationship between 
dissolved Ni and Mn in the oxic and suboxic layers. This pattern was observed in 
our case for the mussel rafts area, where both profiles were similar and 
consequently, were significantly correlated (R2 = 0.81; p<0.05). Dissolved Ni 
profiles in the Vigo Ria axis were similar to those observed in the shipyard area 
with surface or sub-surface peaks depending on the oxidizing conditions of the first 
layer. Dissolved Ni concentrations in the overlying waters were relatively 
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homogeneous among the seasons, with concentrations ranging between 3-10 nM. 
The concentrations were higher below the mussel rafts and in the ria axis than in 
the shipyard area. 
The redox behaviour of Co (Figure V.4b) was similar to that of Ni with the 
only exception that Co was more easily adsorbed onto Mn oxides (Shaw et al., 
1990). Thus, Co profiles in each area were similar to the ones recently described 
for Ni. Maximum sub-surface concentrations were observed in the Bouzas shipyard 
area during winter (12 nM) while surface maxima were observed in spring (21 nM) 
and summer (11 nM). Above this layer, levels were lower and remained constant 
or, in the case of deeper layer, decreased below the sub-surface maximum. The 
same pattern was followed by Co in the mussel rafts area and in the Vigo Ria axis. 
Sub-surface maxima were always observed below the mussel rafts while in winter 
(6.8 nM), a surface maximum was observed. Dissolved cobalt levels in the 
overlying waters were very similar between the seasons and the areas ranging 0.7-
2.0 nM. 
 
Lead and Zinc. The distribution and patterns of Pb and Zn are more scattered than 
the ones observed for the previous elements. These two metals are not as redox 
sensitive as Ni or Co (Hong et al., 1995) and their complexing capacity with organic 
material is not as active as Cu (Jonasson., 1977; Achterberg and van den Berg, 
1997). Dissolved zinc concentrations in the pore waters were highly variable in the 
ria area (Figure V.4b). In the ria axis we observed a surface or sub-surface 
maximum in each season (100-160 nM) as it has been observed previously by 
other authors (Man et al., 2004). A similar observation was made in the shipyard 
area (60-110 nM). However, below the mussel rafts, concentrations were similar in 
the various layers (1-60 nM). Concentrations were, in general, higher in the surface 
or subsurface probably due to mobilization by oxidation of organic matter or 
dissolution of Mn oxides, similar to that observed for Co and Ni (Rivera-Duarte and 
Flegal, 1997). Rivera-Duarte and Flegal (1997) observed a sharp peak in 
concentrations of dissolved Zn present at sites with strong Mn reduction. We have 
shown this for the shipyard area in winter, the mussel rafts in summer and the ria 
axis in winter and spring. However, it was not observed at sites with weak Mn 
reduction and strong Fe reduction, as is the case of the shipyard area during 
summer or below the mussel rafts in winter and spring. Dissolved Zn 
concentrations tended to decrease with depth, probably by formation of sulphides, 
since Zn has a higher affinity to be associated with the FeS2 co-precipitation 
(Luther et al., 1980). The fraction of zinc associated to pyrite in the sediments of 
the Vigo Ria increases gradually from the top of the core to 15-20 cm depth 
(Alvarez-Iglesias and Rubio, 2008). A similar pattern was observed by Warnken et 
al., 2001 in Galveston Bay. Dissolved zinc levels in the overlying waters were very 
homogeneous among different seasons in the ria axis (40-60 nM) and below 



































Figure V.4b. Dissolved Co, Zn and Pb profiles in the interstitial and overlying waters from the three 
sampling stations in winter (black), spring (grey) and summer (white). Horizontal broken line represents 
the separation between water and sediment. 
 
 
Regarding Pb profiles in pore waters (Figure V.4b), it is noticeable the 
presence of subsurface maximums in the ria axis (winter and summer) or below 
mussel rafts (spring and summer) or surface minimums in the ria axis (spring) or 
the shipyard area (winter and spring). No decrease in dissolved Pb levels was 
observed in the deeper sections of the cores as it was the case of copper, nickel or 
zinc. This result is coherent with the Pb-pyrite profiles observed by Alvarez-Iglesias 
and Rubio (2008). These authors showed a constant profile (upper 10-15 cm of the 
core) of the Pb fraction associated with pyrites indicating that no precipitation of 
lead sulphides occurred. Pore water profiles were more consistent among seasons 
in the shipyard area and below mussel rafts than in the ria axis. 
Dissolved lead levels in the overlying waters oscillated between 1.5 and 9 
nM. These values were very homogeneous among different seasons below mussel 
rafts (1.5-4 nM) and in the shipyard area (1.5-3 nM) and more variable in the 
overlying water of the ria axis (2-9 nM).  
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The porewater data distribution indicated that a complex set of processes 
affect the distribution of trace metals (Co, Cu, Ni, Pb, V, Zn) in the sediments of the 
Vigo Ria. The processes that lead to the release and/or removal of trace metals 
from the pore fluids are: (i) Degradation of organic matter. (i.e. Cu and V); (ii) 
Mobilization of Fe/Mn oxy-hydroxides (i.e. Co and Ni); (iii) Association of metals 
with organic complexes (i.e. V); (iv) Formation of metal sulphides (i.e. Cu and Zn) 
and (v) pH of the pore waters (i.e. Cu, V and Zn). Considering all these processes, 
a general schematic view of some trace metal geochemistry and patterns in the 























5.3.3. Trace metal benthic fluxes and its variation associated to the cycling of 
the elements 
 
The cycling of trace elements after deposition in the sediments will be 
crucial regarding benthic fluxes (Sawlan and Murray, 1983; Ciceri et al., 1992; 
Rivera-Duarte and Flegal, 1997; Pakhomova et al., 2007). Sediment-water fluxes 
estimation in the Vigo Ria are shown in Table V.2. The highest fluxes of copper 
occurred in the Vigo Ria axis, in the range from +0.18 to +1.11 nmol cm-2 y-1, 
followed by the Bouzas shipyard area, in the range +0.06 to +0.67 nmol cm-2 y-1 
and then the mussel rafts area, in the range -0.02 to +0.23 nmol cm-2 y-1, where 
fluxes were negative (net removal from the overlying water to the sediment) in 
winter and spring. The main pathway for copper release in the oxic layer is by 
oxidation of the organic matter. Rubio et al. (2000) reported about 9% of organic 
matter in the sediments of the area close to Bouzas shipyard and Vigo Ria axis, 
which was slightly lower than in the mussel rafts area (7%). In addition, the highest 
 Cu, Ni and V (nM)
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fluxes of each area occurred when the sediment upper layer was more oxidizing 
(winter and spring in Bouzas shipyard area (range from +0.66 to +0.67 nmol cm-2 y-
1), summer below mussel rafts (+0.23 nmol cm-2 y-1) and spring in the Vigo Ria axis 
(+1.11 nmol cm-2 y-1)) and were barely influenced by dissolved copper levels in the 
overlying waters.  
 
Table V.2. Dissolved trace metal benthic fluxes for different areas and seasons in the Vigo Ria. 
 
Vanadium behaviour was similar to copper in the pore waters, thus, a 
similar variation in the fluxes is predicted. Dissolved vanadium fluxes were higher 
in the Vigo Ria axis (range from +3.09 to +4.29 nmol cm-2 y-1) than in the mussel 
rafts area (range from +1.52 to +4.35 nmol cm-2 y-1) or the shipyard area (range 
from +1.48 to +3.60 nmol cm-2 y-1). Although dissolved V levels in the upper oxic 
layer of the ria axis and shipyard area pore waters were higher (due to the organic 
matter content), fluxes were similar below mussel rafts than in the shipyard area 
due to elevated dissolved vanadium concentrations in the overlying waters of the 
shipyard area. The fluxes were higher during summer in the mussel rafts area 
(+4.35 nmol cm-2 y-1) and in spring in the Vigo Ria axis (+4.29 nmol cm-2 y-1) 
associated to higher oxidizing conditions of the upper layer of the sediment that 
favoured the mobilization of vanadium. 
The intensity of Co and Ni fluxes was controlled by Mn geochemistry. 
Dissolved Co fluxes were quite similar among the different stations (Table V.2) and 
varied from +0.06 to +0.24 nmol cm-2 y-1 in the shipyard area, from +0.05 to +0.11 
nmol cm-2 y-1 in the Vigo Ria axis and +0.03 to +0.06 nmol cm-2 y-1 below mussel 
rafts. In the case of Ni, dissolved fluxes were similar in the shipyard area ranging 
from +0.48 to +1.70 nmol cm-2 y-1) and along the axis (ranging from +0.54 to +1.59 
nmol cm-2 y-1), being lowest below mussel rafts (ranging +0.16 to +0.94 nmol cm-2 
y-1). The areas and seasons in which elevated concentrations of dissolved Mn (low 
oxidizing conditions) were observed in the uppermost interstitial layer leading to  
higher fluxes of Co and Ni; accordingly, the Bouzas shipyard (+0.24 nmol cm-2 y-1 
for Co and +1.70 nmol cm-2 y-1 for Ni) and the mussel rafts areas (+0.94 nmol cm-2 
y-1 for Ni) during spring, as well as the Vigo Ria axis in winter (+1.59 nmol cm-2 y-1 
for Ni) showed, in general, the highest fluxes of Co and Ni. Dissolved Co and Ni 
concentrations in the overlying waters between areas and season were quite 
similar and will not have a significant influence on the magnitudes of the fluxes. 
Dissolved Pb was normally imported to the sediment due to the negative 
fluxes estimated in most of the cases (ranging from -0.01 to -0.14 nmol cm-2 y-1) 
and where there was an exportation to the overlying waters (i.e. ria axis and 
 Metal flux (nmol cm-2 y-1 ) 
Station Season Cu Co Ni Pb V Zn 
Ria axis winter +0.18 +0.06 +1.59 -0.01 +4.27 +0.90 
 spring +1.11 +0.11 +0.54 -0.14 +4.29 +0.41 
 summer +0.22 +0.05 +0.82 +0.03 +3.09 +0.16 
Mussel rafts winter -0.02 +0.06 +0.18 -0.02 +1.52 -0.37 
 spring -0.02 +0.04 +0.94 -0.02 +1.90 +0.16 
 summer +0.23 +0.03 +0.16 -0.06 +4.35 -0.37 
Shipyard area winter +0.66 +0.06 +0.48 -0.02 +1.48 +0.51 
 spring +0.67 +0.24 +1.70 -0.02 +1.73 +0.39 
 summer +0.06 +0.12 +0.64 +0.02 +3.60 +0.12 
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shipyard area in summer), the flux was very low (ranging from +0.02 to +0.03 nmol 
cm-2 y-1). Generally, and with the exception of the ria axis in spring ((-0.14) nmol 
cm-2 y-1), the Pb pore water fluxes were negligible. Dissolved Zn fluxes were 
usually positive (ranging from +0.16 to +0.90 nmol cm-2 y-1) in the ria axis and 
(ranging from +0.12 to +0.51) nmol cm-2 y-1 in the shipyard area and negative in 
winter and summer below mussel rafts (-0.37 nmol cm-2 y-1). On the one hand, 
there was high variability of dissolved Pb and Zn levels in the overlying waters 
between areas and seasons whereas on the other hand, the chaotic pattern of 
these elements in the pore waters, made it difficult to assess the variable fluxes on 
the basis of metal geochemistry of the pore waters. 
Trace metal benthic fluxes in the Vigo Ria were comparable to values 
calculated for low contaminated ecosystems (Lagoon of Venice, Gullmarsfjorden 
or Morecambe Bay) and much lower than the ones estimated for other European 
and world polluted coastal and estuarine systems (Thau Lagoon, Ansedonia Bay, 
Elbe River, Odiel River or San Francisco Bay) (Table V.3). In spite of this, 
dissolved metal benthic fluxes can not be ruled out. An extrapolation of the fluxes 
to the whole Vigo Ria area (160 km2) discriminated by type of sediments (mussel 
rafts, shipyard or ria axis) are shown in Table V.4. An estimation of the main river 
inputs (Oitavén river) to the Vigo Ria (also shown in Table V.4) demonstrate that 
the benthic fluxes of Cu (+2.2 mol d-1), Ni (+4.2 mol d-1) and V (+16.4 mol d-1) are 
of the same magnitude or higher than the river inputs (+2.5 mol d-1, +2.6 mol d-
1and +3.6 mol d-1 respectively). However, the riverine input of Co, Pb and Zn is 
more important than the benthic flux in the Vigo Ria system. Moreover, the 
importance of Cu benthic fluxes has been addressed in a recent work carried out 
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5.4. Concluding remarks 
 
A comprehensive seasonal study of the geochemical behaviour of 
dissolved Co, Cu, Ni, Pb, V and Zn in the pore waters of a Galician coastal system 
(Vigo Ria) has allowed the estimation of the sediment-water fluxes of these trace 
elements. Redox conditions and diagenetic processes of the sediments and pore 
waters control the benthic fluxes in the Vigo Ria. When the upper layer of the 
sediment is oxic, the exportation of dissolved Cu and V to the overlying waters is 
pronounced, whereas during less oxidizing conditions of this layer, Ni and Co 
exportation from the pore water increases. Dissolved trace metal benthic fluxes to 
the Vigo Ria were significant for most of the metals (Cu, Ni and V) and were of the 
same order of magnitude to the riverine inputs. 
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Abstract. The lithogenic and anthropogenic influence on a ria coastal system was 
examined from total and labile metal concentrations in the fine fraction of surface 
sediments. Enrichment factors, referring to background levels using Al-metal 
equations from sediment cores, indicated the natural origin of Fe, Ni and V, while 
Cd, Cu and Zn identified the shipyard and dock areas as the most contaminated 
Ria zone and the richest in bioavailable metals. Six years after the sewage 
treatment plants (STP) started operating, total metal contents have decreased, 
while the labile fraction increased in ria surface sediments. They were high in labile 
Cd, Ni and Zn near the outer Ria zone probably associated with STP spilling, 
currents and the presence of mussel rafts. In the estuarine Ria zone, the redox-
sensitive Cu, Fe and V exhibited a bioavailability time-increase. This may be 
related to both natural and agricultural sources and disturbance of the upper 
sediments during the harvesting of clams and cockle. 
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Anthropogenic spills could produce an increase in some trace metals in 
marine environments that have been identified in the literature. In Santa Monica 
Bay (California), for example, maximum levels of metals were observed in the 
1970-80s, related, principally, to changes in the treatment and discharge of Los 
Angeles wastewater (Bay et al., 2003). In Vigo Ria this change occurred at the end 
of the 20th Century. Since that time, some improvements have been made in 
wastewater output, but sediment quality was not reported with regard to this 
important change in the Ria. In the USA, after the Clean Water Act was passed in 
1972, total metal loadings to coastal waters have generally declined (Hornberger et 
al., 2000). Sediment cores showed that concentrations of Ag and Cu peaked 
between 1965 and 1975 but that they had begun to decrease since the 1980s with 
the improvement of waste treatment (Hornberger et al., 1999). Lacey et al., 2001, 
have assessed surface sediments and cores in the south-eastern portion of 
Burlington Harbour (Lake Champlain, U.S.A.) where STP discharge, with the 
greatest accumulation of metals, occurred after wastewater spills began (in the late 
1960s). Subsequent declines in trace metals were observed as a result of more 
stringent water and air regulations. In Spain, a study of sediment contamination 
carried out on the Barcelona Shelf (Palanques and Díaz, 1994), reveals that the 
Besós River, the Bogatell sewer and since the 1980s, a wastewater treatment 
plant, are the major sources of pollution.  
Within the framework of Galicia, several research groups have reported 
that the, concentration of trace metals in sediments dates from the 1980s, 
especially in the Western Rias. The majority of these studies center on the Rias of 
Vigo, Pontevedra and Arosa, and of these, the Vigo Ria has received the most 
attention, as reflected in a recent review carried out by Prego and Cobelo-García 
(2003). Among these published works, only a few have sampled more than 10 
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points (e.g. Rubio et al., 2000; Evans et al., 2003) and none of them include the 
totality of the Ria surface. Moreover, an important point to highlight is lack of 
information on metal concentrations in sediment fractions and their bioavailability 
and toxicity on biota, which would help to confirm the effects of metal 
contamination. 
Nowadays it has been demonstrated that the distribution, mobility and 
bioavailability of trace metals in the environment do not depend only on the total 
concentration, but also on the form in which they are associated with the solid 
phase (Ure and Davidson, 2001). For all metals present in sediments, the ones 
that are susceptible to changes in pH, ionic composition or to adsorption-
desorption reactions may be released readily into the environment (Stone and 
Droppo, 1996; Ahnstrom and Parker, 1999; Sutherland et al., 2000; Ure and 
Davidson, 2001). Therefore they would have more bioavailability, causing, in 
extreme cases, toxic effects on the organisms. There are different methods for the 
determination of labile metals, with SM&T (previously BCR), Tessier and HCl 
extraction being the most commonly used. The differences in the extraction 
efficiency of each method have been demonstrated by means of a comparative 
study (Usero et al., 1998). Among these methods, Tessier’s scheme is the only 
one that has been used on the fine fraction sediments in the innermost part of Vigo 
Ria: San Simon inlet (Belzunce-Segarra et al., 1997a, b; Álvarez-Iglesias et al., 
2003). Notwithstanding, Turner and Olsen (2000) have demonstrated that 25% 
acetic acid acts in a way very much like the ligands encountered in the natural 
digestive environment. The behaviour of trace metals in the sediments cannot be 
predicted by sequential extraction schemes (SES) or geochemical models, 
especially when related to matrix ligands, sample geochemistry or kinetic 
reactions. Nevertheless, SES gives us an idea of the environmental problem. 
Therefore, the first step (acid soluble fraction) of the SM&T sequential extraction 
scheme has been considered here to evaluate metal mobility in the Vigo Ria 
sediments. Exchangeable metal ions serve to measure those traces metals which 
are released most readily into the environment (Stone and Droppo, 1996). 
Moreover, by determining this extracted fraction with acetic acid it is possible to 
evaluate the repercussions of these trace metals in living organisms (Turner and 
Olsen, 2000). 
Rias have usually been considered a type of coastal system associated 
with the northwestern coastlines of Spain and Brittany, the southwestern coast of 
England and Ireland, several parts of the Mediterranean and the southeastern 
regions of China and Australia (Fairbridge, 1980; Evans and Prego, 2003). These 
coasts are being subjected daily to increasingly dense populations and industrial 
activities, since these areas are propitious for business, trade and aquaculture. So, 
the present or future anthropogenic impact on these systems can be exemplified 
by the case of the Vigo Ria on which to base the study of metals given the great 
impact derived from a wide variety of human activities such as shipyards and the 
metal industry, seafood culture, the harbour being used for tourism and trade, 
fishing.  
The aims of this study are (1) to revise and update the state of knowledge 
on the spatial metal presence in all Vigo Ria sediments; (2) to establish the 
background equations of metals from core samples and, in this way, to accurately 
define the metal enrichment of Ria sediments, which has been poorly or incorrectly 
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studied in previous research; (3) to specify the state of the Ria’s contamination and 
to define its main affected zones on the basis of the enrichment factors calculated 
using the background equations; (4) to find out the metal bioavailability in the 
surface sediments; and (5) to evaluate the spatial-temporal variations of total metal 
concentration and its labile fraction in this Ria from samples obtained from the 
same stations in the year 1999, when around 150 sewers were spilling directly into 
the Ria, and in 2005, six years after the wastewater treatment plants began 
functioning. Hence, this inter-annual comparison is also related to the influence of 
direct and indirect spills from these six plants using the sedimentary record. 
 
6.2. Materials and Methods 
 
6.2.1. Study Area 
 
The surveyed area was the Vigo Ria, the southernmost of the four Western 
Galician Rias, located on the Atlantic coast of the north-western Iberian Peninsula 
(Figure VI.1). Rias have been defined as incised valleys where the estuarine zone 
may shift in relation to to climatic changes (Evans and Prego, 2003) and they 
present a positive residual circulation belonging to the type of a partly stratified, 
mesotidal estuary (Prego and Fraga, 1992).  
The Vigo Ria occupies an area of 176 km2, containing a water volume of 
3.28 km3. Its physiography shows a funnel-like shape on a plan view, gradually 
widening seawards and it is partially enclosed by the Cíes Islands (Figure VI.1). 
The principal freshwater input to the Ria (80% of the total discharge) comes from 
the Oitavén River which discharges 17 m3·s-1 of annual average flow (Río and 
Rodríguez, 1992) into San Simón Bay, at the landward head of the Ria. Other 
small contributions are the Lagares (10% of the total) and Alvedosa (5%) water 
streams. The geology of the fluvial basins of the Ria is dominated by igneous and 
metamorphic rocks of the Precambrian-Paleozoic age (Nombela et al., 1995).  
The Vigo Ria is commonly divided into three morphological zones (Prego 
and Fraga, 1992): the inner or estuarine, middle and outer or oceanic zone (see 
Figure VI.1). Distributed within the five polygone ria areas, are a large number 
(around 550) of mussel rafts, which support ropes for the suspension-feeding 
bivalve Mytilus galloprovincialis (Lamark). There are also large cultivated areas of 
clams and cockles in the San Simón Inlet (Pazos et al., 2000). 
The main terrigenous sediment source to the Ria is the Alvedosa River, 
which drains a basin primarily dedicated to agriculture (Evans et al., 2003). The 
middle zone is the most affected from an anthropogenic standpoint: both banks are 
densely populated, the inhabitants numbering some 400 000, 77% of whom belong 
to the City of Vigo. Inputs occur from food factories and metal industries linked to 
shipyard and dock activities on the southern bank (Figure VI.1). The outer zone 
receives discharges from the two most important of the six sewage treatment 
plants (A-F in Figure VI.1). These plants treat the wastewaters of the City of Vigo 
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Figure VI.1. Map of the Vigo Ria with its three parts and the sample location: numbers 1 to 51, empty 
circles, refer to surface sediment points and crosses, mark I and II, the core sediment sites. Letters 
stand for the sewage treatment plants: (A) Vigo, (B) Teis, (C) Redondela, (D) Arcade, (E) Moaña, (F) 
Cangas. The broken line shows the raft areas of mussel’s aquaculture distribution in the Ria. The main 
rivers flowing into the Ria and the population littoral centres are also indicated. 
 
 
 Due to upwelling events (Fraga, 1981; Prego et al., 1999; Varela et al., 
2005), the Vigo Ria is a very productive region with mean annual values of net 
primary production of about 350 mgC·m-2·d-1 (Prego, 1993). Several authors (Vives 
and Fraga, 1961; Fraga, 1976; Prego, 1993; Gago, 2003) have reported important 
spatial variations in primary productivity throughout the Ria, suggesting a general 
decreasing trend from head to mouth. Consequently, Ria sediments are rich in 
organic matter and opal (Prego et al., 1995; Bernárdez et al., 2005). However, the 
grain-size distribution of the seaﬂoor consists of mixed siliciclastic and bioclastic 
gravels in both the outer area and the boundaries of the Ria, and a major axial 
deposit of cohesive sediments in its central and inner parts dominated by clay and 
silt (Vilas et al., 2005). Organic matter content is related to mud distribution, 
showing higher percentages in the central axis and in the inner and middle Ria 
zones (Diz, 2006). 
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6.2.2. Ria sampling 
 
In order to study time-spatial changes of metal concentrations in the Vigo 
Ria, three sets of sediment samplings were carried out on board the R/V Mytilus 
and its auxiliary boat Zoea. The first set of 51 surface sediment samples (0-1 cm 
depth) from the uppermost oxic layer were collected by Van Veen grabs of 30 and 
3.5 L in volume on October 1999 (station numbers given in Figure VI.1). The 
second set of surface sediment (0-1 cm depth) was sampled in May 2005 at the 
same Ria stations as six years ago. Moreover, a third set of sediment from two ria 
cores (I and II points in Figure VI.1) were sampled in 2005 from the R/V Mytilus 
using a Gravity corer to extract two PVC tubes (9 cm diameter) with 280 cm (core I) 
and 150 cm (core II) of sediment column. The core was sealed just after collection. 
The surface samples and core were stored at 4ºC until processed in the laboratory. 
Following the collection, surface sediment samples were dried gently in an 
oven below 50ºC and kept in plastic storage for subsequent analyses. Both cores 
were sectioned in the laboratory; 18 samples -with a slice thickness of 1 cm- were 
extracted in core I at 15, 30, 45, 60, 75, 90, 105, 120, 135, 150, 165, 180, 195, 
210, 225, 240, 255 and 270 cm depth and 13 samples in core II at 15, 25, 35, 45, 
55, 65, 75, 85, 95, 105, 115, 125 and 135 cm depth. Afterwards, the core and 
surface sediments were size fractionated by dry sieving into mud, sand and gravel 
through 63 and 2000 μm sieves. Then, samples were homogenized and stored in 
polyethylene containers at room temperature. Metal determinations were carried 
out in the finest fraction (<63 μm). In order to avoid the contamination of the 
sediment, these subsamples were taken using acid-washed polyethylene material. 
 
6.2.3. Sample pre-treatment and analysis 
 
Elements were measured under optimized operating conditions. To 
determine total metal content in the sediments, the samples were previously 
digested following the EPA 3052 guideline (EPA, 1996) in a PTFE reactor using a 
microwave oven (Milestone 1200 Mega). Moreover, the labile fraction in surface 
sediments was determined by using the first step of the SM&T (Standards, 
Measurement and Testing programme of the EU Commission) sequential 
extraction scheme (Quevauviller et al., 1997). Blanks of the analytical procedure 
were run and the results were blank-corrected. The handling and analysis of 
samples were carried out in an ultra-clean laboratory (ISO class 7) and in a laminar 
flow cabin (ISO class 5). Plastic labware employed for sampling, storage and 
sample treatment was previously acid-washed for 48 h in HNO3 10% and rinsed 
thoroughly with Milli-Q water (Millipore). A Varian Flame-Atomic Absorption 
Spectrophotometer (FAAS) model SpectrAA 220FS equipped with SPS-5 Sample 
Preparation System was used for Al, Fe and Zn metal determination. However, Cd, 
Cu, Ni and V metals were analyzed by means of Electrothermal Atomic Absorption 
Spectrometry (ETAAS) with a Varian SpectrAA 220 apparatus equipped with 
Zeeman background correction. In all cases appropriate hollow-cathode lamps of 
each metal were used as radiation sources. The accuracy of the analytical 
procedure was assessed by the analysis of certified reference materials: PACS-2 
(marine sediment) to the Ria digestion sediments and BCR CRM 701 (lake 
sediment) to the first step of SM&T metal extraction, obtaining good agreement 
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with the certified values (Table VI.1).The precision as relative standard deviation 
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6.3. Results and Discussion 
 
6.3.1. Metal concentration and distribution in the fine fraction of Ria sediment 
 
Sediment presents a wide range of sizes in the Vigo Ria: siliciclastic sands 
are associated with the river mouths; siliciclastic mud with high organic matter 
content is located under the mussels raft, in the inner and in the deeper areas; and 
biogenic sands with gravel and low organic matter are located at the margins of the 
external zone (Vilas et al., 2005). Therefore, the fine fraction (<63 μm) was 
selected to avoid the size particle problem when metal concentrations are 
compared in sediments (Carballeira et al., 2000), in keeping with Carral et al. 
(1995) in the case of rias. Moreover, the study of the fine fraction is also 
appropriate because its marked adsorbing and transport capacities are related to 
metallic traces (Förstner, 1987; Hanson et al., 1993). Table VI.2 summarizes the 
range of concentrations of Cd, Cu, Fe, Ni, V and Zn obtained in this fraction of 
surface sediments of the Vigo Ria in 1999 and 2005.  
Up to the present there has been very little information on metal in this 
sediment fraction in the Vigo Ria and the ranges now measured are higher and 
more varied than those observed by other authors (Table VI.2). Aluminium 
contents in sediments were greater than those determined by Alvarez-Iglesias et 
al. (2003). Copper showed an agreement for minimum levels; nevertheless 
maximum values were 3.5-5.5 times higher than those from Carballeira et al. 
(2000) in middle zone (Samil Beach), while Fe, Ni and Zn were similar in the inner 
Ria. Vanadium and Cd were the only elements that have not been yet analyzed in 
this fraction and ranged between 16-157 and 0.04-1.25 mg·kg-1, respectively.  
In 2005 the spatial distribution of metals in the ria sediment presented the 
same pattern: their concentrations increased on the southern margin of the middle 
ria, especially on the shore where the docks and shipyards are located (Figure 
VI.2). The upper limit of the metal values measured, except Ni and V, were much 
higher than the ones estimated by Wedepohl (1991) as reference levels in 
continental and oceanic crust, which would indicate possible contamination of the 
Ria sediments. This has already been observed for Hg in this ria (Canario et al., 
2007), and for Pb and Zn in the main harbours of Galician Rias (Prego et al., 2007) 
as well as  for the total fraction distribution of Cu, Fe, Ni, and Zn (Rubio et al., 
2000). This contamination is linked to uncontrolled and diffuse discharges 
associated with industrial shipyard areas and port activities. With the exception of 
this Ria metal source, the metal surface map of Figure VI.2 did not indicate any 
local increases due to discharges from rivers or sewage treatment plants. Nor did 
sediments underneath mussel raft culture areas show higher metal levels, 
according to what was reported by Prego et al. (2006); i.e. the increase in metal 
concentrations in sediments below rafts depends more on land-based 
anthropogenic sources than on the presence of mussel rafts or biomagnification 
processes. Therefore, low sediment metal concentrations occur in most Ria zones 
such as in the northern, middle and outer parts and also in the San Simón Inlet, 
where metals increase towards Rande Strait, as previously pointed out by Evans et 
al. (2003) in the total fraction.  
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Figure VI.2. Isoline maps showing metal distribution and the highest concentration points in the fine 
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6.3.2. Normalization curves of background metal levels in Ria sediment 
 
The determination of metal background concentrations (MBC) is essential 
to be able to evaluate the degree of contamination by metals in a coastal system. 
For this reason, four conditions have been taken in account to obtain a precise 
quantification of MBC for the sediments of the Vigo Ria:  
(a) Ria levels are more appropriate than the general references. The range of 
natural values measured in uncontaminated world estuaries and coastal 
areas (Naidu et al., 1997; Hölemann et al., 1999; Doherty et al., 2000; Sari 
and Cagatay, 2001) or crust earth concentrations (Wedepohl, 1991) does 
not take in account the local lithological variations in the Vigo Ria and its 
river basin sources. 
(b) Sediment cores are more suitable than a selection of clean-contaminated 
sites due to the important anthropogenic activities in this Ria, similar to 
what occurred in the industrialized Ferrol Ria (Cobelo-García and Prego, 
2003). The physicochemical properties of the different levels along the 
core have been corrected by using the fine fraction only and by metal 
normalization to minimize the mineralogical composition of the sediment 
(Salomons and Förstner, 1984; Hanson et al., 1993). 
(c) The use of a normalizer in order to evaluate the anthropogenic or 
lithogenic origin of the metal. Aluminium is suitable because it is usually 
associated with finer particles (Loring, 1991), contamination does not 
usually vary the concentration of this element (Ackerman, 1980) and it is a 
major constituent in the samples (Hanson et al., 1993). Furthermore, Al 
has already been used both on the Galician coast (Prego and Cobelo-
García, 2003) and in other coastal zones (Salomons et al., 1985, Windom 
et al., 1989, Balls et al., 1997). Therefore, sediment normalization with 
respect to texture, using the fine fraction for all samples, and a 
conservative corrector element, aluminium, are considered jointly, following 
the recommendations of Luoma (1990). 
(d) The degree of contamination cannot be calculated using only one 
background concentration value applied to all the samples. This was done 
in the rias (vg. Carballeira et al., 2000; Barciela-Alvarez et al., 2004) but 
the calculation is not correct because the sediment is a mixture of 
autochthonous (vg. plankton) and allochthonous (vg. lithogenic) materials. 
Therefore, each sample is given its own MBC calculated from its Al 
content. 
  
 Consequently, the linear relationship between metals and aluminium from 
the pre-industrial layer of cores, Figure VI.3, gives rise to the normalization 
equations. Therefore, the MBC for each metal (mg·kg-1, except Fe in g·kg-1) in the 
sediment is defined as a function of its Al content (g·kg-1) expressed from the 
following Al-metal equations: 
 
[Cd] = -0.0022·[Al] + 0.41  r = 0.9 1 (1) 
[Cu] =   0.233 · [Al] - 0.4  r = 0.91  (2) 
[Fe] =   0.487 · [Al] - 5.7  r = 0.96  (3) 
[Ni] =   0.508 · [Al] - 5.5  r = 0.92  (4) 
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[V]  =   1.047 · [Al] + 5.8  r = 0.87  (5) 
[Zn] =   0.850 · [Al] - 5.3  r = 0.94  (6) 
  
 In this way the theoretical natural values are established, so it is possible to 
know the points where metal enrichment is due to contamination processes. Metal 
concentration increases with aluminium concentration, equations (2) to (6), except 
for cadmium, equation (1), which exhibits the opposite behaviour. This could be 
due to the fact that Cd is an element with a high mobility, as was observed in 
harbour areas (Maggi et al., 2006). 
 Up to now metal contamination studies in the Vigo Ria (Rubio et al., 2000; 
Carballeira et al., 2000) as well as in the other Galician Rias (Prego and Cobelo-
García, 2003) were based on only one numerical value for MBC but not on 
equations, except for the case of Fe-metal in Ferrol (Cobelo-García and Prego, 
2003) and Pontevedra (Marmolejo et al., 2007) Rias. Therefore, these equations 
now provide a baseline of information for future research on sediment 
contamination in the Vigo Ria. Moreover, it is essential for normalized metal 
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Figure VI.3. Metal-Aluminium normalization with the background lines representing the natural metal 
concentrations from the fine fraction of core Ria sediments. 
 
 
6.3.3. Spatial trends in the metal contamination of Ria sediments 
 
The normalized enrichment factor (NEF) is defined as the number of times 
that the natural or reference concentration is exceeded (Tanner et al., 2000) and it 
is calculated by the following mathematical expression: 
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where n is the sampling point and f the MBC value obtained from Al-metal 
equations (1) to (6). 
Then, based on Hakanson (1980), the sediment contamination from NEF 
results can be classified as follows: 
negligible < 1< possible < 2 < moderate < 3 < severe < 6 < very severe < 9 < 
heavy 
When this criterion is applied to the Vigo Ria sediments, contamination is 
certain if NEF>3. 
Iron, Ni and V enrichment factors (Figure VI.4) demonstrate the lithogenic 
origin of these elements because their NEF is close to 1 (0.8-1.3) in the Ria 
sediments. The presence of these three metals can be associated with the 
geochemical features of terrestrial Ria margins, i.e., a consequence of the 
Galiñeiro orthogneissic Complex influence. It is a roughly circular-shaped exposure 
composed of pre-Hercynian gneissic peralkaline granitic rock (Floor, 1966) situated 
near the southern Ria littoral. The Fe and Ni content in Galiñeiro rocks (Montero et 
al., 1998) is the main source of these elements to the Ria. The same may be said 
of V levels in sediments. This must be related to the parent rocks from which they 
are formed, with their highest concentrations being found in clays (Waters, 1977). 
However, V was not analysed in this complex, although it is usually present in 
igneous rocks (Wells, 1960) such as the Galiñeiro gneisses. This Complex is also 
rich in uranium (up to 260 mg·kg-1; Montero et al., 1998), an element that appears 
in magmatic rocks associated with V (von Backstrom et al., 1979). This vanadium 
non-enrichment of the Vigo Ria sediments also highlights the fact that the 
atmospheric source may have very little influence on sediments from the fossil fuel 
burned in the densely populated Ria littoral, as was also suggested by the low Hg 
levels in the Ria sediments (Canario et al., 2007). 
On the other hand, Cd, Cu and Zn patterns were different. They exhibited 
high values of NEF in the vicinity of the shipyards and dock zone, confirming that 
the southern margin of the middle Ria is the most contaminated. There is severe 
contamination from Cd and heavy contamination from the other two trace metals 
(Figure VI.4) which had not been previously observed. Rubio et al. (2000), who 
studied some metals in the Vigo-Moaña transect, did not consider this area to be 
the most affected area by contamination. Nevertheless, contamination from Cu and 
Zn is a common occurence in the harbour and shipyard sectors of world coasts 
(Feng et al., 1998; Hornberger et al., 1999; Bolton et al., 2003; Mason et al., 2004; 
McCready et al., 2006). In the other parts of the Vigo Ria sediments, the NEF of Cu 
and Zn (Figure VI.4) is only between 1 and 2 (possible contamination), except in 
the middle ria area where the values reached 2 to 3 (moderate contamination). 
Both elements increase in marine environments due, especially, to anthropogenic 
sources (Repetto, 1995; Tanner et al., 2000). Copper is generally associated with 
organic matter and is used in paints to prevent seaweeds from becoming 
encrusted on the hulls of ships. Zinc is employed as a metal and alloy protective 
agent against corrosion. Copper accumulation was also observed near the mouth 
of the Lagares and Alvedosa Rivers (moderate contamination). 
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Figure VI.4. Spatial variations of the contamination from metals in the surface sediment of the Vigo Ria. 
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6.3.4. Spatial trends in the labile metal concentrations of ria sediments 
 
The state of metal contamination in the Vigo Ria is not the only way to 
evaluate the potential risks of these elements. It is very important to obtain all the 
available information on exchangeable metal ions, which are most readily released 
into the environment (Stone and Droppo, 1996). It is possible to evaluate the 
repercussion of these trace metals in living organisms by means of acetic acid 
extraction (Turner and Olsen, 2000). In this way, sequential extraction schemes 
can give us idea of the labile metal concentration. Hence, the first step of the 
SM&T method (Quevauviller et al., 1997) has been used to evaluate metal mobility 
in Vigo Ria sediments. This fraction includes scarcely adsorbed metals retained on 
the solid surface by relatively weak electrostatic interaction, metals that can be 
released by ion-exchange processes and metals that can be co-precipitated with 
the carbonates present in many types of sediments (Filgueiras et al., 2002). 
Figure VI.5 shows the distribution maps of the metal mobile fraction in the 
Ria sediments. The spatial pattern is similar to the one corresponding to labile 
metal percentages, whose ranges are indicated jointly in Table VI.3. Except for Cu, 
Fe, Ni and Zn in the San Simón Inlet (Prego and Cobelo-García, 2003), there was 
a lack of information on the metal concentration of most exchangeable fractions in 
Vigo Ria (Table VI.3). However, all the Ria sediments were studied with the same 
extraction procedure. The sequence of metal percentage bioavailability was 
Cd>Zn>Ni>V>Cu>Fe, but according to the metal labile concentrations it would be 
Fe>Zn>Cu>Ni>V>Cd. So, the greatest and lowest available percentages, Cd and 
Fe respectively, would be the opposite if the metal concentration is considered. 
This classification also reveals that Zn is an element associated, to a relatively high 
extent, with labile phases, which is in agreement with what was observed in the 
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In the Vigo ria, two different trends are observed. The first is that the 
highest bioavailable metal levels are exhibited by the main shipyard areas (Figure 
VI.1) and that the most contaminated Ria zone is also the richest in labile metals. 
The other is the level of labile Cd, Fe and V in the San Simón Inlet. This inlet is 
located in the estuarine zone of Vigo Ria, so changes in the ionic composition, 
adsorption–desorption reactions, or lowering of pH could cause the remobilization 
of metals from this fraction (Förstner, 1987; Ure and Davidson, 2001). Moreover, 
fine fraction percentage and organic matter are abundant in the San Simón inlet 
sediments (Vilas et al., 2005) due to the agricultural activities carried out on the 
margins and to the Redondela sewage plant in addition to contributions from the 
Alvedosa River (Evans et al., 2003). Hence, metals such as Cd and Fe may be 
trapped in redox processes in the sediments and the same could occur with V. In 
many sediments deposited in oxygenated waters, V adsorbs onto both Fe and Mn 
oxyhydroxides (Wehrli and Stumm, 1989; Sposito, 1989) as well as onto organic 
matter (Sposito, 1989). Therefore, the labile richness of these three metals may be 
a consequence of the terrestrial contributions together with the periodic 
disturbance of the sediments owing to the cultivation of clam and cockles in the 
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Figure VI.5. Isoline maps showing the labile metal distribution (extracted with acetic acid 0.11 M) and 
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6.3.5. Time changes in the total and labile metal of Ria sediments 
 
In order to evaluate the temporary variations, first of the total metal content 
and second, of the labile fraction, a comparison between sediment results obtained 
at the same sampling stations in the years 2005 and 1999 was evaluated. For this 
reason, the quotient between 2005 NEF and 1999 NEF (NEFq) and the quotient 
between percentages (i.e. each one normalized with respect to total metal 
concentration) of the labile fraction (LFq) extracted in 2005 and in 1999 were 
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Figure VI.6. Time changes of the contamination by metals in the surface sediment of the Vigo Ria. 
Isoline maps show the NEF of year 2005 divided by NEF of year 1999 to the metal in the fine fraction. 
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The main change that occurred during the 1999-2005 period in the Ria 
environment was the installation and operation of six sewage treatment plants 
(STP) over the years 1999-2000. Prior to this time, sewage flowed into the Ria (1) 
directly through 160 sewers in the Vigo harbour and (2) indirectly through 
wastewaters spilling into the Lagares River. This would explain the distribution 
maps of NEFq shown in Figure VI.6. In these, it is possible to observe that metal 
content in surface sediments decreased in most parts of the Ria. An explanation of 
this behaviour may be the presence of STPs which prevent the entry of suspended 
particulate matter into the Ria. In the Humber estuary a drop in metal concentration 
was observed since the STP began functioning (Cave et al., 2005). A similar 
response has been previously reported for Cd, Cu, Fe and Zn by Blomqvist et al. 
(1992) and Huh (1996). Nevertheless, some local exceptions to this trend have 
been detected: Ni and Zn in Rande Strait-San Simón Inlet resulting from the 
motorway road-bridge over Rande Strait and fish-cages anchored there (Howarth 
et al., 2005); Cu in the harbour and fishery boats in the main zones as a result of 
the use of antifouling paint (Valkirs et al., 2003); and Cd in two points without any 
explanation at present. 
The illustration of LFq (Figure VI.7) isolines in the Ria is the opposite of 
that of NEFq. An increase in metal bioavailability in the sediment was found after 
the STPs had been in operation for six years, which may be mainly associated with 
them. Large portions of metals transported in dissolved form or onto fine particles 
(Huh, 1996) were carried into the Vigo Ria, having been distributed by currents. 
Iron may be a tracer of these STP spills. Cadmium, Ni and Zn present an increase 
in the labile metal fraction after this six year period in the outer Ria, from Borneira 
Point to Home Cape (Figure VI.7). Three steps could be involved in this process: 
the STP of Cangas (F point in Figure VI.1) which spills metals into the Ria water 
column; the surface outgoing residual current (Prego and Fraga, 1992; Taboada et 
al., 1999) which transports the metals toward the northern Ria mouth; and the 
neighboring mussel raft area where these bivalves are able to sequester metals 
that are found in fine-grained faecal mud and are ultimately deposited on the 
adjacent seafloor. In this faecal materialn Zn concentration increases but Pb does 
not show any variation in LFq, as observed in Amiard et al. (1986). Moreover, 
some mussel shelves sedimented naturally and pre-treatment processes of 
mussels onboard rafts may produce enrichment on Ni (Puente et al., 1996). 
Consequently, the labile fraction (i.e. metals in organic matter and co-precipitated 
with carbonates) increase in these metals.  
In the innermost Ria, i.e. the San Simón Inlet, copper, iron and vanadium 
exhibited a bioavailability time-increase. These metals reach the Inlet by natural 
and different anthropogenic sources as Howarth et al. (2005) explained in detail, 
with agricultural activities being one of the main reasons. The upper sediments of 
the inlet basin are often disturbed and oxygenated during the harvest season of 
clams and cockles. Hence, the redox-sensitive metals like V (Tribovillard et al., 
2006), Fe and Cu (Guo et al., 1997) tend to be more soluble under oxidizing 
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Figure VI.7. Time changes of the labile metal levels in the surface sediment of the Vigo Ria. Isoline 
maps show the labile metal percentage in the fine fraction for year 2005 divided by the percentage for 



























































The industrialized and densely populated Vigo Ria may be a good example 
of how these types of coastal systems could be affected by anthropogenic 
influence. Through the total and labile metal content in the sedimentary Ria 
reservoir it is possible to identify the trace of the natural lithogenic inputs, harbour 
activities, shipyard works, wastewater flows, wind-borne urban dusts, agricultural 
contributions, river transports and mariculture production. 
Among these combined sources, another noteworthy factor could be the 
narrow seashore strip in the middle ria where Cd, Cu, and Zn are accumulated in 
the sediments as a result of the presence of shipyards and docks. In these areas, 
total metal contamination is from severe to heavy and the labile metal (Cd, Cu, Fe, 
Ni and Zn) concentrations are the highest in all the Ria. However, the abundance 
of other metals such as Fe, Ni and V has a natural origin, according to their 
enrichment factors, as a consequence of the local geological structure. In the 
southern middle Ria, where no river or sewage inputs are located, as a result of 
diffuse or uncontrolled dumping, dissolved and particulate metals may be 
deposited rapidly in the vicinity of discharge points, i.e., port areas, due to changes 
in pH and salinity. The main freshwater flow, the Oitavén River, at the Ria head is 
not metal contaminated and this contamination is moderate in the San Simón Inlet 
in relation to the metal considered. 
 Another aspect to be highlighted is the presence of the sewage treatment 
plants which started to operate during the last year of the 20th Century. These 
plants constitute the most recent change, with notable environmental 
consequences to the Ria. Six years later, particulate metal in surface sediments 
was generally observed to decrease, while the labile metal presence has 
increased. In the northern littoral of the outer Ria in the year 2005, labile Cd, Ni and 
Zn, probably resulting from the combined action of a sewage plant and a mussel 
raft area, reached levels of up to 4, 15 and 5 times higher than in 1999, 
respectively. Another rise in the labile metals was detected in the inner Ria where 
some redox sensitive metals, such as Cu, Fe and V, increased their bioavailability 
up to 3 times in six years. This may be due to the agricultural uses and the 
surrounding network of roads together with the sediment being distrurbed from 
mariculture activities in the Ria. 
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Abstract. The chemical speciation of copper in the estuarine waters of the Vigo 
Ria was determined by titrations with salicylaldoxime (reverse copper titrations) 
and with copper (forward titrations). The forward titrations quantified the 
concentrations of ligands present in excess whereas the reverse titrations 
demonstrated the presence of low concentrations of very strong binding ligands, 
approximately matching the copper concentration. The data obtained by the 
reverse titrations indicated that copper was about 10x stronger bound than data 
based on the usual forward titrations. 
The copper concentration in these ria waters was low at 5 nM with a minor mid-
estuarine maximum of 8 nM. These copper levels are amongst the lowest reported 
for estuarine waters and therefore represent uncontaminated waters. The 
concentration of inorganic copper was very low across the ria at ~10-100 fM, 
except at Bouzas harbour (salinity 35.5) where it was raised to ~1 pM due to 
copper contamination, in waters affected by the port facilities, to total levels of 15 to 
20 nM copper, exceeding the concentration of the very strong ligand detected by 
the reverse titrations.  
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Copper speciation in coastal waters is important because the free copper 
ion is toxic to some marine microalgae at pM levels (Brand et al., 1986), much 
lower than ambient levels of total dissolved copper which are typically in the nM 
range. Ambient levels may well increase because copper is increasingly used as 
antifoulant on ships (Comber et al., 2002) and fish farms (Braithwaite and McEvoy, 
2005) since a ban on organotins (Champ, 2000) is being enforced. Copper 
speciation has been determined in various waters from marine (Donat et al., 1994; 
Dryden et al., 2007; Duinker and Kramer, 1977; van den Berg, 1984b) and 
freshwater (Xue and Sigg, 1993) origin. Enhanced levels of copper have been 
linked to the release complexing ligands by algae (Moffett et al., 1997), and these 
ligands have been associated with thiols (Boulegue et al., 1982; Dryden et al., 
2007; Leal and Van den Berg, 1998). The ligands have been shown to be 
produced by prokaryotic and eukaryotic marine microorganisms in surface waters 
(Dupont et al., 2004; Gordon et al., 2000; Moffett et al., 1997) and high 
concentrations are known to occur in sediments (Skrabal et al., 2000). 
Copper speciation is complicated by the presence of several, perhaps 
many, ligands in natural waters. For this reason it has been advocated (Hudson et 
al., 2003) that titrations are carried out over extended detection windows (Buckley 
and van den Berg, 1986), and to include a high detection window, to improve 
detection of strong ligands. 
Estuarine waters are subject to variations in the salinity, which affect the 
complex stability, and dilution of high ligand concentrations in the freshwater end-
member with low ligand concentrations in the seawater end-member (Gerringa et 
al., 1998; Shank et al., 2004; Tang et al., 2001; van den Berg et al., 1986). Total 
ligand concentrations for low salinity estuarine water can be as high as 300 nM 
(Gerringa et al., 1996; Laglera and van den Berg, 2003; Shank et al., 2004), which 
makes it difficult to detect the presence of much lower concentrations of specific 
ligands, even though these bind the copper more strongly. 
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The concentration of copper complexing ligands and the stability of the 
complexes can be determined by titrations with copper with detection of reactive 
copper by anodic stripping voltammetry (Chau et al., 1974; Ndungu et al., 2005), or 
cathodic stripping voltammetry (CSV) with ligand competition (Shank et al., 2004; 
van den Berg, 1984a). 
Previous work has shown that different ligands are detected when the 
detection window of the analytical method is varied: because of large differences in 
reactivity between weak (log K′ CuL ~9-11 or αCuL ~ 100) and strong (log K′ CuL ~13-
15 or αCuL ~ 106) ligands, different ligands are detected depending on the detection 
window of the method used. The width of the detection  window of CSV methods is 
about two to three orders of magnitude in αCuL (Apte et al., 1988) because of the 
effect of the analytical error on the determination when reactive concentrations are 
<10 % or >90 % of the total. The analytical error also makes it difficult to resolve 
more than a single ligand within a detection window which means that ligand 
concentrations and stability constants are to some extent weighted averages of all 
ligands within the detection window (Miller and Bruland, 1997). The detection 
window in CSV is defined by the added competing ligand and its concentration 
(van den Berg and Donat, 1992) and the detection window readily varied by 
changing the concentration of the added ligand or choosing a different one.  
For this study of copper speciation in Galician ria waters, we used copper 
titrations with detection by CSV, and “reverse titrations” (Nuester and van den 
Berg, 2005). Reverse titrations work by drawing the copper out of the natural 
complexes by gradually increasing the concentration of the added competing 
ligand whilst keeping the copper concentration constant. Salicylaldoxime (SA) was 
used as the added competing ligand in all titrations. The complex with SA was 
detected by CSV after adsorption on the electrode and was used to measure the 
change in the copper concentration as it was drawn out of the natural complexes. 
The α-coefficient by which copper is bound to ligands occurring in the natural water 
(αCuL) was quantified by comparison to αCuSA, and variation in αCuL during the 
titration was used to calculate the concentration of the natural ligand L and the 
conditional stability constant, K′ CuL. Normal, forward, titrations were carried out at 
two detection windows to obtain the excess ligands in addition to the strong ligands 
detected by the reverse titrations. 
 




The voltammetric system consisted of a static mercury drop electrode 
(VA663, Metrohm, Switzerland) connected via an IME-663 module to a computer-
controlled voltammeter (PGSTAT 10, Eco Chemie, Netherlands). The working 
electrode was a hanging mercury drop electrode (HDME). The reference electrode 
was a double-junction Ag/AgCl (3 M KCl) electrode, and the counter electrode was 
a platinum wire. The solutions were stirred by a rotating PTFE rod during the 
deposition step of the measurements. Sample bottles (LDPE, Nalgene) were 
cleaned by soaking 1 week in 50% HCl, followed by at least 1 week in 10% HCl, 
and were subsequently stored partially filled with 0.01 M HCl. The voltammetric 
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measurements were performed in a glass cell cleaned after high copper additions 




Water was purified by reverse osmosis (Milli-RO, Millipore) followed by ion-
exchange (Milli-Q). Ammonia and hydrochloric acid (both Analar grade, Merck) 
were purified by subboiling distillation from a quartz condenser. Solutions of copper 
were prepared by dilution of a standard solution (BDH, SpectrosoL grade) for 
atomic absorption spectrometry in 0.01 M HCl. The pH was fixed at 7.9 by addition 
of 100 μL to 10 mL of sample of a solution 1 M HEPES buffer (Analar grade) and 
0.35 M ammonia. A stock solution 0.1 M of salicylaldoxime (SA) (Sigma) was 
prepared in 0.1 M HCl. 
 
7.2.3. Study area  
 
The Vigo Ria is the most southern of the Western Galician rias (the four 
rias to the south of Finisterre Cape), on the Atlantic coast of the Iberian Peninsula 
(Figure VII.1). It has a partially mixed estuary with a tidal range up to ~3 m. The 
Galician rias are influenced by strong coastal upwelling (Blanton et al., 1987), 
which brings in high concentrations of nutrients (Prego et al., 1999) resulting in 
highly productive waters allowing intensive mariculture (Tenore et al., 1995).  
The Vigo Ria can be divided in three areas: inner, middle and outer. The 
inner part is a narrow channel formed by the estuary of the river Oitaven covering 
salinities from 0 to approximately 25 at high tide. The first six samples were from 
this area, covering salinities 0 – 25.  
The middle part is constituted by the San Simon Inlet (17 km2), a semi-
closed system of low hydrodynamic energy (Romero, 1995) delimited by the River 
Oitaven outflow and the Rande strait (Figure VII.1). Here sample G was collected, 
salinity 34. The bottom slopes down from a depth of ~5 m near the end of the 
channel to a depth of 25 m near the Rande Strait (station H, salinity 35) where 
there is a motorway bridge. At high tide the Inlet has salinities between 25 and 35. 
The flow through the Inlet is dominated by the tides but with a net outflow mostly 
from the Oitaven discharge (Gomez-Gesteira et al., 1999).  
The third and outer part comprises a stratified bay where the water 
composition is controlled by upwelling. Its inner boundary is Rande Strait and 
connects to the Atlantic Ocean. Station H is in this bay whilst station I is close to 




Eight surface water samples (salinities 0 – 35) were collected along the 
axial salinity gradient of the Ria of Vigo on 16th December 2004 following the 
estuarine mixing during high tide (Figure VII.1). A telescopic pole with a bottle 
holder and sensors for in situ analysis of salinity, pH and temperature was attached 
to a raft and used to collect water samples. Sample locations were chosen to 
reflect the whole salinity gradient. 
 




























Figure VII.1. Map showing the sampling stations in the Viga Ria. Stations A – F were 
in the estuary of the Oitaven river, and I was on the margin of the Ria in high salinity 
waters affected by the port facilities of Bouzas.  
 
 
On the same day, another sample (salinity 35.5) was taken with the same 
telescopic pole in the southern shore of the middle part of the Ria. The location 
was close to a shipyard area (Bouzas port) and to the outlet of a sewage treatment 
plant, which are sources of local contamination (Point I in Figure VII.1)(Canario et 
al., 2007). High copper and organic matter concentrations are released in these 
waters without noticeably affecting the salinity. 
All samples were taken in low-density polyethylene bottles (Azlon) which 
had been acid-washed and rinsed with Milli-Q water. Prior to filling with sample, the 
bottles were conditioned three times with the same water. On the same day, 
samples were filtered in the IIM-CSIC laboratories of Vigo through a 0.2 μM 
polypropylene nuclepore filter (Pall Corporation) inside a “clean” laboratory (HEPA 
filtered air, class 1000 lab, with a class 100 laminar flow hood) to avoid 
contamination. Filtrates were frozen and stored at -20ºC until being thawed at room 
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7.2.5. Total dissolved copper determination 
 
The copper concentration in the filtered samples was determined as before 
(Campos and van den Berg, 1994). Seawater was UV-digested (1 h) after 
acidification to pH 2.2 by addition of 10 μl 6 M HCl per 10 ml of sample in acid 
cleaned silica tubes. A 10 ml sample aliquot was pipetted into the voltammetric cell 
and immediately were added in this sequence:  a volume of ammonia enough to 
approximately neutralise the pH, HEPES buffer (final concentration 0.01 M) and SA 
(final concentration of 25 μM SA). The solution was deaerated by purging (5 min) 
with nitrogen. Voltammetric parameters were: deposition 60 s at – 1.1 V whilst 
stirring; 8 s quiescence at – 0.1 V; potential scan using the square-wave 
modulation: 10 Hz, step height 2.5 mV, pulse height 25 mV, from 0 to – 0.8 V. The 
sensitivity was calibrated by two standard copper additions to each sample and 
each sample was measured three times.  
 
7.2.6. Forward titrations of copper complexing ligands present in excess  
 
The procedure used for the copper titrations was similar to that described 
before (Campos and van den Berg, 1994). A 170-ml filtered sample was 
transferred to a polyethylene bottle (Nalgene) and HEPES buffer (0.01 M, pH 7.9) 
and SA (2 or 10 μM) were added. Aliquots (10 ml) were pipetted into 15 
polystyrene vials (30 ml, Bibby, Sterilin), previously spiked with copper to give a 
concentration range between 0 and up to 400 nM (actual range depending on the 
initial copper concentration and the determined ligand concentration), and allowed 
to equilibrate overnight (17 h) at room temperature (20oC). Prior to the first titration 
the tubes were conditioned twice with seawater containing the same range of 
copper concentrations. The concentration of copper bound by SA after equilibration 
was determined by CSV using an adsorption potential of -0.15 V. 
 
7.2.7. Reverse titrations of complexing ligands already bound by copper 
 
The procedure used for the reverse titrations of ligands complexed with 
copper was similar to that described before (Nuester and van den Berg, 2005), 
differing only in that SA additions were made in individual sample cups (holding 10 
mL water) and were equilibrated overnight, whilst previously the titrations had been 
carried out in a single, large, volume in the voltammetric cell and had been 
equilibrated for ~ 1 h after each SA addition. This change was made for reasons of 
convenience, to ensure equilibration, and to carry out the measurements within a 
shorter time. A 140-ml filtered sample was transferred to a polyethylene bottle and 
HEPES buffer (0.01 M, pH 7.9) was added. Aliquots (10 ml) were pipetted into 13 
polystyrene vials previously spiked with SA to give a concentration range between 
4 and up to 600 μM. The samples were allowed to equilibrate overnight at room 
temperature (20oC). Prior to the first titration the tubes were conditioned twice with 
seawater containing the same range of SA concentrations. The concentration of 
the Cu(SA)2 complex was determined by CSV using the square-wave modulation 
with a frequency of 10 Hz and a step potential of 2.5 mV; the deposition time was 
120 s at -0.2 V, the quiescence period was 10 s, and the potential scan was from -
0.12 to -0.8 V.  
Copper speciation in estuarine wates by forward and reverse titrations 
 168
Table VII.1. Reverse titrations at constant copper. Ipmax, CL and K′CuL calculated as indicated. 
Concentrations of copper (CCu) and ligands (CL) are in nM. SD are standard deviations. αCuL calculated 
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7.2.8. Data handling 
 
The forward titrations of copper complexing ligands were evaluated as 
before (Campos and van den Berg, 1994) by linear least squares regression of 
[Cu]labile as a function of [Cu]labile/[CuL] according to the following equation similar to 













+=                                                         (1) 
 
where α′ = αCu′ + αCuSA and where αCu′ = [Cu′] / [Cu2+] = 7 at the high salinity 
end and 4 at the low salinity end at the analytical pH (pHNBS 7.9) of the 
measurements (calculated using an ion-pairing model and constants corrected for 
the salinity(Byrne and Miller, 1985; Soli and Byrne, 1989; Turner et al., 1981; van 
den Berg, 1984c). Ligand concentrations (CL) were computed based on the 
assumption that the ratio of copper/ligand is unity. 
The plot according to Eqn. (1) is straight in case a single type of ligand is 
present, but it is curved when two or more ligands bind copper simultaneously. 
Titrations performed with 10 µM SA gave linear plots indicating that a single, 
strong, ligand dominated the data. The ligand concentration and the conditional 
stability constant were then calculated from the slope and Y-axis intercept of the 
linear least squares regression. The sensitivity required to calculate concentrations 
of Culabile was calibrated from the slope at the end of the titration and confirmed by 
an unequilibrated copper addition at the end of the titration. 
Values for the stability constants of the complexes CuSA and Cu(SA)2, 
required to calculate α′ in Eqn. (1) at various salinities, were calculated from 
(Campos and van den Berg, 1994): 
 
log K′CuSA    = (10.12 ± 0.03) - (0.37 ±0.02) log salinity   (2) 
log Β′Cu(SA)2 = (15.78 ±0.08)  - (0.53 ±0.07) log salinity   (3) 
 
Plots of copper titrations in the presence of 2 µM SA were found to be 
curved and were fitted to a model with two ligands (L1 and L2) using an iterative 
calculating method (Laglera and van den Berg, 2003; van den Berg, 1984a). 
Briefly, initial estimates for K1′ and CL1 were obtained through linearization of the 
few first data points and K2′ and CL2 similarly from the rest of the data points. Then 
the calculation was repeated after correction for the contribution to the 
complexation of L1 by L2 and of L1 to L2 until convergence. 
Measurements of the current during reverse titrations using SA were 
converted to ratios of ip/ipmax and fitted to Eqn. 4 (below) as a function of the SA 
concentration by non-linear least squares regression using Sigmaplot 10 (Systat 
Software, Inc.). An advantage of this procedure is that it is not necessary to know 
the sensitivity of the method at any given SA concentration, however, it is 
necessary to obtain a value for ipmax which is the maximum current that is 
approached at high SA concentrations (Nuester and van den Berg, 2005). Ipmax was 
fitted along with the usual parameters (CL and K′CuL) using the following equation: 
 




























2             (4) 
 
Free copper ion concentrations ([Cu2+]) were computed for each iteration 
from a quadratic equation using the estimates for CL and K′CuL) (Nuester and van 
den Berg, 2005).  
The data fitting using Sigmaplot of values for K′ CuL and CL was tested by 
varying the starting conditions for the three parameters over orders of magnitude, 
which demonstrated that the calculations were not biased. 
 
 
7.3. Results and Discussion 
 




The copper concentration was 4 nM in the freshwater end, which is low for 
river water. For instance, there is a considerably higher copper concentration (25 
nM) in the outflow of the Mississippi (Shiller and Boyle, 1991).  
There was a mid-estuarine maximum of 8 nM copper at salinities 20-25. A 
mid-estuarine maximum is not unusual for copper (Flegal et al., 1991; Zwolsman et 
al., 1997) and can be due to benthic re-mineralisation or anthropogenic 
contamination. In this case anthropogenic contamination did not occur at mid-
estuarine locations, however it did occur in the area of influence of the shipyards 
and port of Bouzas causing higher copper levels (15 and 20 nM) at salinities ≥35 
(stations H and I, Figure VII.1) which did not extend into the estuary. Overall the 
low copper concentrations at salinities of 34 and below indicate that these 
estuarine waters are uncontaminated with copper. These estuarine copper levels 
are amongst the lowest reported, lower for instance than the minimum of 13 nM in 
Elizabeth River, Virginia (Dryden et al., 2007), or than the 8-21 nM in the Loire 
estuary (Waeles et al., 2004). The lack of copper contamination in these waters is 
important as the Galician rias produce 250,000 ton y-1 mussels, 50% of the 
European mollusc production(Smaal, 2002). The low ambient copper levels explain 
why molluscs grown in this ria have less copper accumulation than those grown in 
other rias (Beiras et al., 2003).  
 
7.3.1.2. Reverse titrations of copper with SA 
 
Ligand concentrations and conditional stability constants calculated from 
the reverse and forward titrations are summarised in Table VII.1. Titrations of one 
of the samples (salinity 25) are shown in Figure VII.2A (reverse) and VII.B (forward 
titrations). A typical S-shaped curve was obtained for the increase in the current, 
representing the concentration of CuSA2, (Figure VII.2 A) as a function of the SA 
concentration. A modelled reverse titration of seawater without natural ligands has 
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been plotted next to the actual titration to show the shift to higher SA 
concentrations due to complexation of copper by natural ligands. To a first 
estimation, the curve has been shifted by about 1.5 log units of [SA], which is 
equivalent to an overall α-coefficient of copper ([CuL]/[Cu2+]) of about 3 log units (3 
instead of 1.5 because of complexation as CuSA2). At the half way point of the 
titration in the absence of natural ligands, the concentration of the CuSA2 species 
is the same as that of Cu′ and CuSA combined. From known values of α Cu′, K′CuSA 
and α′CuSA2 it follows that log αCuSA ~ 4.1, which gives an estimated value of 7.1 for 
log αCuL (for organic complexation). This means that only about 1 in 106 copper 
species is inorganic (predominantly CuCO30 and hydroxide species, and some 
Cu2+), the remainder being organically bound.  
The reverse titrations (ip/ipmax values) were fitted to equation 2 to calculate 
values for the ligand concentration (CL) and the conditional stability constant (log 
K′CuL), which are shown in Table VII.1 and Figure VII.2. Individual values for CL and 
log K′CuL were calculated rather than a value for αCuL as αCuL varies with increasing 
additions of SA. This is caused by the increasing release of free L by competition 
for copper by the SA additions. This calculation is inaccurate at ligand 
concentrations much greater than the copper concentration, which means that the 
method of reverse titrations is most suitable for ligands with a concentration similar 
to that of the metal. The ligand concentrations detected by the reverse titrations 
were similar to the copper concentrations, i.e. the ligand concentrations were low.  
The complex stability of the ligands detected by the reverse titrations was 
very high, with log K′CuL values from 14.4 at the high salinity end to 16.7 at the low 
salinity end. It has been suggested (Town and van Leeuwen, 2005) that the 
kinetics of very stable complexes should be prohibitively slow, making it unlikely 
that equilibrium between the natural complexes and the added ligands is obtained. 
This assumes that the natural complex needs to dissociate prior to the formation of 
the complex with the added ligand (SA), and that the reaction follows the Eigen 
mechanism which means that the rate of formation of the natural complex (CuL) is 
limited by the loss of water from the inner coordination sphere of the metal (Morel 
and Hering, 1993). This would put an upper limit on log KCuL of ~14 in seawater for 
overnight equilibrium, with an uncertainty of about a unit in log KCuL. The average 
stability of the copper complexes (log K′ CuL) found here using the reverse titrations 
was 15.7, and the average stability using the forward titrations with 10 μM SA was 
14.3, so the average of the reverse titrations would not be in agreement with the 
Eigen mechanism, whilst the average of the forward titrations would be on the 
margin. Some of the individual log K′ CuL values are definitely not in agreement with 

























Shortfalls of the suggested Eigen mechanism have been discussed (Nagai 
et al., 2007), indicating that if the reaction of complexation proceeds via an 
adjunctive pathway (Morel and Hering, 1993), an outer-sphere complex is not 
produced, and therefore this theory would not be valid. Our data suggest that either 
the Eigen mechanism is not applicable and that the exchange reaction between L 
and SA follows the adjunctive route, or that the kinetics were so slow that the 
reaction did not reach equilibrium within 17 h. For instance, according to the Eigen 
mechanism the reaction time should be 140 h for log KCuL =15. Experiments have 
shown that equilibrium in reverse copper titrations is reached within 30 min 
(Nuester and van den Berg, 2005) (this experiment was at a low-ish detection 
window), whilst in forward titrations equilibrium has variously been found within 5 
min (Kogut and Voelker, 2001) (again for a low detection window), 3 h (Campos 
and van den Berg, 1994) ( at a high detection window), and within 24 h (Kogut and 
Voelker, 2003) (at a high detection window), suggesting that the Eigen 
mechanism may be inconsistent with the experimental data for copper, as it is for 
iron (Nagai et al., 2007). However, to fully settle this question it may be necessary 
to carry out equilibration experiments at a very high detection window to verify the 
reaction time of the very strong fraction of copper species. 
In view of the variation in some of the samples in this series it is likely that 
not all the variability in the log K values here was due to the salinity gradient and 
that some of the variation may be due to other competing reactions or to 
differences in the ligands. However, the range found happens to be very similar to 
that in at least some other waters confirming that that major ion competition does 
have a major effect on the stability of the organic copper species. For instance, the 
log K′ CuL values for strong copper complexing ligands in the Scheldt estuary 
showed a similar range from between 16 at low salinity to 14.5 at high salinity 
(Laglera and van den Berg, 2003). It appears therefore that the strong ligands in 
the freshwater end-member have a complex stability (log K′ CuL) of 16 – 16.7, which 
Figure VII.2. Reverse (A) and forward (B) titrations of copper complexation in a sample with a 
salinity of 25. A: The “no-ligand” curve is the modelled response for a titration of seawater 
without natural organic ligands. The S-shaped lines are the fitted regression curves. B: 
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is lowered to about 14.4 in the seawater end-member as a result of major cation 
competition.  
 
7.3.1.3. Forward titrations with copper 
 
The plots for the forward titrations (peak height, equivalent to the 
concentration of CuSA2, as a function of the copper concentration, Figure VII.2B) 
showed one or two approximately linear sections depending on the heterogeneity 
of the ligands lying into the detection window.  When more than one ligand was 
present, the plots according to Eq. 1 showed a short linear section at low 
concentrations followed by a gradual increase as the ligand became saturated 
followed by a second linear section. The first linear section was absent at 10 µM 
SA and only a strong ligand could be resolved. The first linear section at the bottom 
of the curved section was apparent in all the titrations with copper in the presence 
of 2 µM SA. Ligands of low log K’CuL that were out competed by SA at a 
concentration of 10 µM may at a lower concentration compete with SA for the 
copper additions and be resolved. Similarly, complexes of very high αCuL that were 
not disturbed by the SA additions, do not contribute to the calculation of K′ CuL1. In 
the presence of heterogeneous ligands, this fraction is greater at a lower centre of 
the detection window, leading to higher L1 concentrations and a lower value for 
K′CuL1.  
The titrations in the presence of 10 µM SA were evaluated on basis of a 
single natural ligand (L1). The concentration of this ligand decreased from ~15 nM 
at low salinity to 10 nM at high salinity, and the complex stability (log K′ CuL) from 
14.5 to 13.7. 
The titrations in the presence of 2 µM SA were interpreted on basis of two 
natural ligands because the plots according to Eqn. 1 were curved. The 
concentration of the stronger ligand of the two (L1 type) varied between 33 nM (at 
low salinity) and 15 nM (high salinity), and the complex stability (log K′ CuL) between 
13.7 and 13.4. The concentration of the weaker ligand (L2 type) varied between 96 
(high salinity) and 20 nM (low salinity), with log K′ CuL values between 12.1 and 11.6. 
The overall alpha coefficients (αCuL) of the ligands for copper complexation 
were highest for the ligands detected by the reverse titrations (average log αCuL = 
7.5), followed by the ligands detected at 10 µM SA (6.4 same salinity range) and 
those at 2 µM SA (5.7 same salinity range). In spite of the higher α-coefficients, the 
calculated concentration of free copper was greater when estimated on basis of the 
reverse titrations alone, because the copper concentration in some of the samples 
was slightly greater than the ligand concentration. This excess copper of course 
became paired with the excess ligands detected by the forward titrations, but that 
was not apparent from the reverse titrations alone. The copper that was bound by 
the strong ligands detected by the reverse titrations was complexed more strongly 
than the remainder of the copper that was bound by the excess ligands in the 
same samples. 
 
7.3.2. Comparison reverse and forward titrations 
 
The ligands detected by the reverse titrations were not apparent in the 
usual, forward, titrations with copper, suggesting that some of them bound copper 
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so strongly that they were outside the detection window even at 10 µM SA. The 
average log αCuL of the ligands detected by the reverse titrations was 7.5, whereas 
it was 6.4 for the ligands detected by the forward titrations in the presence of 10 
µM SA. The difference was greater when the detection window was shifted lower at 
2 µM SA when the detected log αCuL was 5.7 for L1 type ligands and 4.2 for L2 type 
ligands. 
The systematic shift in the detected complex stabilities demonstrate that 
copper speciation in estuarine waters is governed by several, perhaps many, 
ligands with decreasing complex stability at increasing ligand concentration.  
The physical meaning of the differences in complexation detected by the 
different methods is to a first approximation, that the reverse titrations detect 
ligands already complexed with copper, whilst the forward titrations include the 
complexing ability of ligands present in excess to (incremental to) the copper 
originally present in the water. This means that, according to the reverse titrations, 
the copper in the ria was bound with an average log αCuL of 7.5, whereas any 
incremental copper, up to an average ligand concentration of ~14 nM, would be 
bound with a log αCuL of 6.4 by ligands detected by the forward titrations in the 
presence of 10 µM SA. Copper concentrations > ~14 nM up to ~29 nM would be 
bound with a log αCuL of 5.7 by ligands of type L1 detected in the presence of 2 µM 
SA. At even higher copper concentrations, the subsequent 61 nM of copper up to a 
total of 90 nM (L2 detected with 2 µM SA) would be bound with a log αCuL of 4.2. 
This representation is valid to a first approximation as there is a smooth transition 
in the α-coefficient for copper complexation when a strong ligand is nearly 
saturated. 
The data suggests that the stability of complexed copper in estuarine 
waters is underestimated if it is estimated only using the usual forward titrations. 
On the other hand, the overall ligand concentration, specifically the weaker ligands 
present in excess to the copper concentration, is underestimated by the reverse 
titrations.  
The complexing effect of the weaker ligands on copper speciation is minor 
compared to that of the stronger ligands, so if the main aim is to determine copper 
speciation then it is not necessary to use forward titrations with a low detection 
window. 
 
7.3.3. Ligand distribution in the Vigo Ria 
 
The most obvious variation in the ligand concentrations is the systematic 
decrease in L2 with increasing salinity (Figure VII.3) from 95 nM at low salinity to 
10 nM at salinity 34. The distribution of L2 is not driven by copper as it is in great 
excess to the copper concentration. The concentration of L2 increased at salinities 
35 and 35.5 near the outflow of sewage and shipyard and port effluents of Bouzas 
harbour. This increase was either due to in-situ ligand production by the local 
community of planktonic algae as shown for algae in culture (Dupont et al., 2004), 
or if the local copper source (either the port facilities or sewage inputs) were to be 
associated with a ligand source. The copper input from the Vigo sewage effluent 
amounted to 136 mol d-1 and was associated with a similar amount of ligands 124 
mol d-1. The flux of copper was therefore matched by a similar ligand flux which 
explains the increase in both in the seawater. The total copper concentration 
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(dissolved and particulate) was about 700 nM in the Vigo sewage (Santos-
Echeandia et al., 2008), which means that this was diluted by a factor of ~100-200 
by seawater to obtain the increase seen in these waters. This large dilution factor 


























Figure VII.3. Variation in the concentrations of copper and the complexing ligands as a 
function of the salinity in the Vigo Ria. The ligands detected by the reverse and forward 
titrations (at 10 and 2 µM SA) are labelled on the plot. Only one ligand was calculated from 
the reverse titrations and from the 10 µM SA data, whilst two ligands were apparent from the 
2 µM SA data. The increases in the concentrations of copper and L2 in the high salinity water 
were in waters affected by port facilities. 
 
 
The complex stability of L1 (average log K′ CuL1 ~13.2) was similar to that for 
thiols in the Scheldt estuary (log K′ CuThiol ~13 (Laglera and van den Berg, 2006)) 
indicating that the L1 ligands may be thiol compounds. 
The decrease in the concentration of L1 with increasing salinity from 33 to 
20 nM was less than that of L2 (from 96 to 10 nM), causing the concentration of L1 
to be greater than that of L1 at the high salinity end (salinity 34) of the ria (not 
including the contaminated waters at Bouzas in this discussion). 
The concentration of L detected by 10 µM SA decreased slightly from 15 to 
13 nM at salinity 34, and the concentration of L(reverse), the ligand detected by the 
reverse titrations, did not show a systematic trend as it was co-varying with copper. 
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Concentrations of ligands in the samples of salinity 35 and 35.5 were 
determined by the forward titrations, but not by the reverse method due to a lack of 
sample. In spite of their high salinity, these samples were affected by localised 
copper contamination due to the proximity of port facilities. The concentration of 
L2, but not that of L1 and L, was greater in the copper contaminated samples. 
Ligands have been shown to be produced by phytoplankton in response to 
increased copper levels (Croot et al., 2000; Moffett and Brand, 1996), probably of 
thiol type (Dupont et al., 2004; Leal et al., 1999). L2 in this study has a lower 
complex stability (log K′ CuL ~11.5) than expected for thiols in estuarine waters (log 
K′CuThiol ~13 (Laglera and van den Berg, 2006)) suggesting that perhaps their 
source is related to sewage outlets coming into the ria at the port, rather than from 
localised production. Thiols would have shown up as a peak in the CSV scans 
(Laglera and van den Berg, 2006) so the lack of this peak suggests that thiols were 
not present in these ria waters at nanomolar concentration.  
 
7.3.4. Influence of the various ligands on copper speciation in Ria waters 
 
The ligand detected by the reverse titrations has the lowest concentration, 
but binds the majority of copper because of the high stability of its complex. Part of 
these ligands was not apparent from the usual forward titrations even at high SA 
concentration. Higher detection windows cannot be used in forward titrations 
because the analytical error becomes greater than the ligand concentration at high 
additions of copper. Therefore, the reverse titration is the more suitable method to 
determine those ligands which have a very high complex stability and which are 
present at the same or lower concentration than that of total copper but dominate 
its speciation. For instance for average Ria water containing 6 nM copper, 5.4 nM 
(91%) occurs as CuL (reverse), whilst most of the remainder is bound by the 
fraction defined as CuL(10 µM SA) which was not resolved by the reverse titration. 
The concentration of inorganic copper was around 10-100 fM (equivalent to a pCu 
of 14-15).  
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Abstract. Continental inputs of copper (rivers and sewages) into the Vigo Ria were 
evaluated. The main fluvial input is not contaminated and the most degraded 
discharges occur on the southern margin of the middle ria. Continental inputs of 
copper and ligands to the ria are dominated by sewage treatment plants (136 
molCu·d-1, 124 molL·d-1) supported by rivers (15 molCu·d-1, 21 molL·d-1). The 
dissolved fraction is the main channel of discharge for rivers (66%) with particulate 
matter being predominant in sewages (63%). Dissolved copper is organically 
complexed both in rivers (99.8%) and sewages (99.9%). This minor difference may 
be attributed to the fact that stability of sewage complexes is greater than those in 
rivers. Moreover, ligand concentrations are higher in sewages than in rivers. Thus, 
the natural continental inputs of copper and ligands into the ria are magnified by 
anthropogenic inputs (5-15 and 3-5 times higher for copper and ligands, 
respectively). 
 






















COPPER SPECIATION IN CONTINENTAL INPUTS TO THE VIGO RIA: 




Estuaries are transition areas between the land and the ocean where vast 
amounts of materials, such as trace metals, are discharged. These estuaries are 
generally densely populated areas with industrial activity which adds an 
anthropogenic factor to the natural contributions and may, to some extent, change 
the biogeochemical cycles of trace metals such as copper. These elements reach 
the estuaries through various routes, some of which may be atmospheric inputs, 
continental inputs, or uncontrolled discharges of a punctual nature. Continental 
inputs may be canalized as rivers and sewages or they may reach the brackish 
water bodies in an uncontrolled manner in the form of runoff or industrial wastes 
(Clark, 2001). In the case of rivers, the amount of copper discharged will depend on 
land use and the size of the population they pass through. Copper can enter rivers 
and streams from a number of sources - both natural and anthropogenic - within the 
catchment and directly from effluent discharges (Hart and Hines, 1995). Under most 
circumstances, one of the major parts of the anthropogenic copper load to the sea 
comes from urban and industrial developments along the rivers and estuaries 
(Ridgway et al., 2003). With respect to sewages, the metal flow depends mainly 
upon the type of water treated (domestic or industrial), the level of treatment used in 
the sewage and the size of the population using the sewage treatment plant (Lester 
et al., 1979; Laxen and Harrison, 1981). 
Quantification of land-derived copper fluxes to the coastal systems is 
therefore a key factor in determining the extent to which these inputs influence the 
natural biogeochemical processes of the elements in the sea. Although it is 
important to compare river and sewage inputs to investigate the main source of 
metals to an estuary (Helz et al., 1975; Huh, C., 1996), there have been no 
complete studies which focus on the two sources. Most of the papers center on 
riverine inputs (Apte et al., 1990;  Pettine et al., 1996; Loubet et al., 2003; Cleven et 
al., 2005) or sewage inputs (Sedlak et al., 1997; Van Veen et al., 2002) but there 
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has been only one study comparing the two (Helz et al., 1975). This is especially 
critical in coastal areas where riverine/land-based and urban and industrial sewage 
inputs are discharged into semienclosed embayments, which is the case of some 
Galician Rias (Cobelo-García et al., 2004).   
From a toxicological and biogeochemical point of view, metal speciation  
may be more important than the total amount of a metal discharged. Most of the 
copper in natural waters is bound to organic and inorganic ligands, leaving only 
around 1% of the total copper as “free” copper, which is considered to be 
bioavailable, or toxic (Allen and Hansen, 1996). So, the speciation of copper in 
riverine and sewage inputs is critical to the evaluation of the waters reaching an 
estuary. In terms of defining the impact of the discharge on the receiving water, 
another major factor is the speciation of the metal within the final effluent (Laxen 
and Harrison, 1981). Some studies on copper speciation in rivers have been 
carried out (Apte et al., 1990; Xue et al., 1996; Pettersson et al., 1997; Buykx et al., 
1999) but, despite the importance of metal speciation in sewages (Sterritt and 
Lester, 1984), only a limited number of publications have focused on copper 
speciation (Sedlak et al., 1997; Sarathy et al., 2005). 
As has been pointed out in a recent revision (Prego and Cobelo, 2003), 
there is a dire lack of studies dealing with continental fluxes of metals in the 
Galician Rias. Only two investigations have been carried out in this direction -the 
first in the Pontevedra Ria (Cobelo-García and Prego., 2003) and the second in the 
Ferrol Ria (Cobelo-García et al., 2004). However, they are not as complete as the 
one presented in this manuscript in terms of number and comparison of different 
inputs. If we consider  the importance of the Galician Rias from the standpoint of 
industry, aquaculture (15% of the global mussel production and roughly 50% of the 
European production; Smaal, 2002), port activities, fishing and tourism, it is 
imperative that some kind of control be exercised over these continental inputs and 
their possible negative impact which is not compatible with the normal use of these 
rias. 
Thus, the objectives of this study are: i) to quantify copper fluxes and the 
speciation of this metal from the main rivers to the ria; ii) to quantify copper 
discharges and their speciation from the sewage treatment plants located on the 
banks of the ria; iii) to compare the relative importance of both types of copper 
inputs to the ria; iv) to establish a baseline to determine continental input copper 
speciation parameters and ligand fluxes to a European estuary. 
 
8.1.1. Study area  
 
The Vigo Ria, an incised valley where the estuarine zone moves according 
to climate changes (Evans and Prego, 2003), occupies an area of 156 km2 with a 
volume of 3,275 km3 of water. Both sides of the estuary are highly populated with 
approximately 400,000 inhabitants, 77% of which belong to the City of Vigo located 
on the south central margin. Over the past few decades industrial and port 
activities have come to occupy the banks of this ria, with the most important 
industrialized area being the Bouzas shipyard (Figure VIII.1). The Vigo Ria is the 
most industrialized and populated ria in Galicia, together with the small Ferrol Ria. 
The Vigo Ria has an oceanic climate and tends to be very dry in summer 
(Perez-Alberti, 1982), with an annual rainfall of 1950±330 mm. January (285 mm) 
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and August (31 mm) are the months with the highest and lowest rainfall, 
respectively. 
The main continental inputs of materials to the Vigo Ria come from the 
discharges of six rivers and their six sewage treatment plants (STP) (Figure VIII.1). 
The main tributary is the Oitaven River (around 80% of the total freshwater flow to 
the ria), whose volume ranges from 55 m3 s-1 in February to 1 m3 s-1 in August. It is 
located at the head of the ria and oriented approximately parallel to its longitudinal 
axis. Several other small transversal rivers such as the Lagares (10%), Alvedosa 
(5%), Ullo (3%), Maior and Fraga (1%) flow into the estuary. In spite of the low flow 
rate of these secondary rivers, it is important to note that that some may play an 
important role in copper fluxes to the ria as will be discussed later. In terms of 
population, the Lagares is the most populated basin as it runs through the relatively 
large city of Vigo (Perez-Arlucea et al., 2005). As far as land use is concerned, 
some of the basins have large cultivated areas, i.e. ~ 43% of the Fraga, Alvedosa 
and Ullo basins, with the rest of the basins having values of under 10% (Pazos et 
al., 2000). The most important STP is the one located in the city of Vigo which 
treats the equivalent of a population of 400,000, followed by the plants of Moaña 

















Figure VIII.1. Study area map. Black dots represent sewage treatment plants. River inputs are also 
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8.2.1.1. Water samples 
 
Twelve surface water samples (from 6 rivers and 6 sewages) were 
collected all along the coastal margin of the Vigo Ria on 14th December 2004 
(Figure VIII.1) to monitor continental inputs into the Ria. The sampling was carried 
out in winter since riverine fluxes are very low in summer. All samples were 
collected in polyethylene bottles (Azlon) previously acid-washed and rinsed with 
Milli-Q50 (MQ) water. Prior to filling the bottles with the sample, they were 
conditioned with the same water three times. On the same day, the samples were 
filtered in the IIM-CSIC laboratories of Vigo through a 0.2 μM polypropylene pore-
filter (Pall Corporation) inside an “clean” laboratory (HEPA filtered air, class 1000 
lab, with a class 100 laminar flow hood) to avoid contamination. Filtrates were 
frozen and stored at -20ºC until being thawed at room temperature for the analysis 
of total dissolved copper and copper titrations in the University of Liverpool 
laboratories. Filters were kept for Suspended Particulate Matter (SPM) analysis in 
the Marine Research Institute of Vigo. 
 
8.2.2. Copper analysis in seawater 
 
8.2.2.1. Total dissolved copper concentrations 
 
Copper analyses were carried out using voltammetric equipment consisting 
of an Autolab PGStat 10 voltammeter connected to a Metrohm VA 663 electrode 
stand, and controlled by a computer (PC). The reference electrode was a double 
junction, Ag/AgCl, KCl (3M), saturated AgCl, with a salt-bridge filled with 3 M KCl, 
and the counter electrode was a glassy carbon rod. A hanging mercury drop 
electrode (HMDE) was used as the working electrode. 
Copper concentration in the filtered samples was determined using a 
procedure similar to the one described previously (Campos and Van den Berg, 
1994). Seawater was UV-digested (1 h) after acidification to pH 2.2 by the addition 
of 10 μl 6 M bidistilled HCl (AnalR BDH) per 10 ml of sample in acid-cleaned silica 
tubes. In the case of sewages, in addition to the 10 μl of HCl, 10 μl of  a 30% H2O2 
solution (Merck Suprapur) was added in order to ensure the complete oxidation of 
the organic matter. A 10 ml sample aliquot was pipetted into the voltammetric cell 
and ammonia (AristarGrade Merck) was used to ascertain the approximate 
neutralization of the pH; HEPES buffer (BDH, final concentration 0.01 M) and 
Salycildoxime (SA, Sigma, final concentration of 25 μM SA) were added. The 
solution was deaerated by purging (5 min) with nitrogen. Voltammetric parameters 
were: deposition 60 s at – 1.1 V whilst stirring; 8 s quiescence at – 0.1 V; potential 
scan using the square-wave modulation: 10 Hz, step height 2.5 mV, pulse height 
25 mV, from 0 to – 0.8 V. The sensitivity was calibrated by incorporating standard 
copper additions (Spectrosol BDH) to each sample. A blank with MQ water was 
made at intervals of every 3 samples and its concentration was subtracted in order 
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to eliminate any copper contribution from reagents. Blank concentrations were 
around 0.15 nM. 
 
8.2.2.2. Copper titrations 
 
The procedure used for copper titrations was similar to the one described 
previously (Campos and Van den Berg, 1994). A 170-ml filtered sample was 
transferred to a polyethylene bottle (Nalgene), and a HEPES buffer (0.01 M) and 
SA (10 μM) were added. The mix was stirred thoroughly. Next, 10-ml aliquots were 
pipetted into 15, 30 ml polystyrene vials (Bibby, Sterilin), previously spiked with 
copper to provide a concentration range of 0 to 900 nM added copper (actual 
range depending on the initial copper concentration and the ligand concentration 
determined), and left to equilibrate overnight at room temperature. Prior to the first 
titration, the tubes were conditioned twice with seawater containing the same range 
of copper concentrations. The equilibrium concentration of copper bound by SA 
was determined by CSV using an adsorption potential of – 0.15 V and a deposition 
time of 60 s in the same voltammetric equipment as the one described above. 
The complexation of copper by salycilaldoxime is affected by the mayor 
ions present in seawater and therefore depends on the salinity (S) of the sample. 
Values for the stability constants of the complexes CuSA and Cu(SA)2 at each 
salinity were calculated using relationships obtained in a previous paper (Campos 
and van den Berg 1994): 
 
log K′CuSA    = (10.12 ± 0.03) - (0.37 ±0.02) log S 
log Β′Cu(SA)2 = (15.78 ±0.08)  - (0.53 ±0.07) log S 
 
Complexing capacities and conditional stability constants of the natural 
ligands of the samples were obtained from the linearizing plot [CuL]/[Culabile] vs 
[Culabile] as described earlier (Ruzic, 1982 and Van den Berg, 1982). With the slope 
and Y-axis value of this plot it is possible to estimate  the complexing capacity and 
the conditional stability constant of the copper ligands in the solution. Labile copper 
concentrations ([Culabile]) correspond to the concentration of Cu(SA)2 and are 
obtained from the voltammetric analysis and the sensitivity of the method. 
Organically complexed copper is calculated by subtracting the labile concentration 
from the total copper concentration in the aliquot. The sensitivity of the CSV 
measurements was initially estimated from the linear part of the titration at high 
copper concentrations (from a plot of the peak height as a function of the copper 
concentration) and corrected for underestimation using an iterative calculation 
similar to the one used previously (Turoczy and Sherwood, 1997). 
All the titration data sets showed curved distributions which is indicative of 
the presence in the samples of at least more than one type of ligand characterized 
by different stability constants. Copper complexing ligand concentrations (CL1 and 
CL2) and values for conditional stability constants (K′ CuL1 and K′CuL2) on the basis of 
Cu2+ were calculated as before (Laglera and van den Berg, 2003) using the 
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8.2.3. Copper analysis in the SPM  
 
Filters obtained from filtered water (12 samples) were digested in a 
microwave oven (Milestone MLS-1200 Mega) using Teflon bombs containing 1.8 
ml of nitric acid (65%,  Panreac Hiperpur) and 0.6 ml of fluorhydric acid (48%, 
Merck Suprapur) according to the EPA 3052 guideline method (EPA, 1996) Copper 
determination was carried out by Electrothermal Atomic Absorption Spectroscopy 
(ETAAS) with the Zeeman background correction (Varian 220) and Pd-Mg(NO3)2 
as the matrix modifier. The analytical procedure was checked using the reference 
material PACS-1 (harbour marine sediment) and the results showed good 
agreement with the certified values: error percentage always lower than 1.1% for 
Cu. 
 
8.3. Results and Discussion 
 
8.3.1. Master variables and SPM 
 
The results of the main variables measured (flow, salinity, temperature, pH, 
oxygen saturation and SPM) are shown in Table VIII.1. River flows are in the range 
of 160-8000 L s-1 while sewage values vary between 10-1900 L s-1. In terms of 
temperature, rivers are usually 2-3 degrees colder than sewage effluents. In the 
case of salinity, with a few exceptions, values are consistently below 1 degree of 
salinity which indicates a freshwater input. Rivers and sewages have a very similar 
pH, ranging from 6.1 to 6.9. Oxygen saturation values are higher in rivers (89-99) 
than in sewages (14-86). These values are common in the Galician rias as has 
been reported in previous papers (Cobelo-García et al., 2004; Gago et al., 2005). 
The SPM levels are higher in sewages ranging from 6.7 to 116.3 mg L-1 
than in the case of the rivers where the values change between 0.33 and 18.7 mg 
L-1. Similar values have been reported by other authors for this ria: 2-15 mg L-1 in 
the rivers flowing into the Vigo Ria (Pazos et al., 2000) and in other Galician rias 
such as the Ferrol with 15-20 mg L-1 for rivers and 30-130 mg L-1 for untreated 
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Table VIII.1. Master variables for the continental inputs (river and sewages) reaching the Vigo Ria during 
sampling in December 2005. 
 
 
8.3.2. River inputs 
8.3.2.1. Levels and speciation 
Dissolved copper values vary between 3.3-36.6 nM (Table VIII.2). The 
highest copper concentrations were found in the Lagares and Alvedosa rivers, both 
on the southern margin of the ria (Figure VIII.1) while the lowest values were 
measured for the Fraga, Maior, Ullo (on the northern margin) and the Oitavén river, 
-the main freshwater input source-, located at the head of the ria. The low levels of 
copper in the Oitaven river (4 nM) indicate the natural copper level in an 
uncontaminated river in this region. Table VIII.3 shows similar values for other 
Galician rivers and in the same order of magnitude as other rivers both in Europe 
and worldwide.  In addition, with the exception of the Alvedosa and Lagares rivers, 









Salinity pH % sat O2 SPM 
(mg L-1) 
RIVER 
      
Fraga 162 11.5 0.6 6.56 90 6.5 
Maior 163 12.4 0.9 6.12 96 2.2 
Ullo 299 11.0 0.3 6.79 99 1.7 
Oitavén 7970 9.4 0.0 6.50 96 0.3 
Alvedosa 661 12.6 0.0 6.67 95 2.5 
Lagares 1490 10.6 0.0 6.70 89 18.7 
SEWAGE 
      
Cangas 43 14.8 0.0 6.86 72 6.7 
Moaña 79 14.3 1.1 6.68 86 8.3 
Arcade 13 14.3 0.4 6.87 86 8.1 
Redondela 75 13.3 5.4 6.66 49 63.2 
Teis 80 13.1 0.6 6.45 14 116 
Vigo 1855 15.0 1.2 6.74 59 44.8 
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Ligand concentrations and conditional stability constants are summarized 
in Table VIII.2. The data were fitted to two types of ligands, L1 and L2. The 
concentrations of the strongest ligand (L1) vary between 6-29 nM (Table VIII.2). 
Values for L2, the weaker ligand, are in the same range as those corresponding to 
the strongest one, between 11-20 nM with the exception of the Lagares (113 nM). 
These L2 values are much lower than the ones reported by Antelo et al., 1998 for 
two Galician rivers and lower than in other European rivers (Table VIII.3). Antelo et 
al. (1998) employed a different method (ASV), therefore the results must be 
compared carefully, since the pool of ligands measured and the detection window 
used are not the same (van den Berg et al., 1990). 
Values for logK1 are similar for all the rivers, fluctuating between 14.8 and 
15.6 (Table VIII.2). The stability constants for the second ligand (logK2) are more 
variable with values ranging between 12.6 and 14.3. In the case of Galician rivers, 
our values are higher than the ones reported by Antelo (1998). However, as 
mentioned above, a different technique was used. European river values are 
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The summed values of ligand concentrations (L1+L2) in rivers is always 
higher than dissolved copper concentrations. As a result of this proportion and due 
to the high values of the stability constants, the levels of pCu (labile copper) are 
very low (Table VIII.2) and most of the copper in rivers (99%) is expected to be 
organically complexed. 
Particulate copper concentrations were measured to show the importance 
of this phase in comparison with the dissolved one. Data are presented in Table 
VIII.2. Particulate copper levels vary between 0.6 and 29.4 nM. The highest 
concentration was found in the Lagares River. The lowest levels correspond to Ullo 
river. These values are similar to the ones reported previously for other Galician 
rias and are slightly lower than other European rivers, while they remain within the 
range of world background values (Table VIII.3). 
 
8.3.2.2. Fluxes: copper and ligands 
 
Copper fluxes were calculated to estimate their impact on the ria (Table 
VIII.4). In the case of rivers, dissolved copper fluxes in winter 2005 varied between 
0.1-4.7 mol d-1. These values are in keeping with the limited number of findings 
reported for one river in another ria (Cobelo-Garcia and Prego, 2003) and in a few, 
small French estuaries, that have been the object of research (Waeles et al., 2005; 
Monbet, 2004). They are, however, negligible in comparison with the major 
systems discharging to the NE Atlantic (Michel et al., 2000; Chiffoleau et al., 1994; 
Cotte-Krieff et al., 2000), due to the higher water discharge of the large European 
rivers. 
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Figure VIII.2. Ligand and organically complexed copper fluxes in the different continental inputs (rivers 
and sewages) to the Vigo Ria.  
 
 
Copper is clearly complexed by the strongest ligand (L1) and when 
necessary, the second ligand (L2) complexes the excess free copper (Figure VIII.2). 
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Thus, dissolved copper fluxes reach the ria waters organically complexed. There is 
an important contribution of ligands to the Vigo Ria waters (Table VIII.4).  
Particulate copper fluxes range between 0.02-3.79 mol d-1 (Table VIII.4). 
Similar values have been reported for the rivers reaching the Morlaix estuary 
(Monbet, 2004). However, from a global perspective, the fluxes reaching the Vigo 
Ria are negligible in comparison with the main European estuaries like the Seine in 
France (Chiffoleau et al., 1994). 
 





















The relative importance of each river flux and the different fractions of 
copper -both dissolved and particulate- are given in Figure VIII.3 (labile fluxes have 
been omitted because of their low values). Fifty-six percent of the copper riverine 
inputs are associated with the Lagares River, followed by the Oitaven River (24%). 
It is interesting to note that the most contaminated river (regarding copper 
concentrations) as well as the most pristine contribute similar copper fluxes to the 
ria, which indicates the importance of concentrations and flows. Sixty-four percent 
of the copper discharged to the Vigo Ria from rivers is in the dissolved fraction 
while 36% is in the particulate fraction. 
Considering all the variables measured (master variables, copper and 
ligands), the rivers flowing into the Vigo Ria can be divided in two groups: (i) the 
most degraded tributaries are the Lagares, Alvedosa and Fraga rivers. These 
inputs present the lowest oxygen saturation percentages, the highest SPM levels 
as well as the highest copper and ligand concentrations. (ii) There is a second 
group comprising the Oitaven, Ullo and Maior rivers which does not seem to have 
been anthropogenically influenced. High oxygen saturation percentages, low SPM 












    
Fraga 0.09 0.12 0.23 0.21 
Maior 0.06 0.13 0.09 0.25 
Ullo 0.02 0.08 0.16 0.28 
Oitavén 0.68 2.76 4.82 7.69 
Alvedosa 0.56 1.75 1.61 1.11 
Lagares 3.79 4.71 3.71 14.5 
SEWAGES 
    
Cangas 0.04 0.40 0.45 1.39 
Moaña 0.13 0.43 0.58 7.65 
Arcade 0.02 0.14 0.25 6.05 
Redondela 2.73 0.40 0.48 4.28 
Teis 4.88 0.27 1.24 8.04 
Vigo 76.3 49.8 36.4 57.0 
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8.3.3. Sewage treatment plant inputs 
 
8.3.3.1. Levels and speciation 
Sewage dissolved copper levels ranged between 62 and 310 nM. (Table 
VIII.2). The two highest values were measured in the Vigo and Arcade STP, 
located on the southern margin of the ria (Figure VIII.1). Another remarkably high 
value was found in the Cangas STP (110 nM), situated, here, on the northern 
margin (Figure VIII.1). The rest of the sewages presented copper levels ranging 
between 40-64 nM. These concentrations are similar to the ones reported for other 
untreated Galician sewages and on the low end of the worldwide sewage range 
(Table VIII.5), which has only been the subject of a few studies.  
In terms of ligand concentrations, L2, values were normally one order of 
magnitude higher than L1 (Table VIII.2). These values are on the low end of the 
range reported by other authors for L1 in worldwide sewages, while similar ranges 
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In the case of sewages, logK1 values range between 14.3-16.2. With 
regard to logK2, levels fluctuate between 12.4 and 14.0. These values are slightly 
higher than the ones reported for other world sewage treatment plant effluents 
considered in the few studies focussing on these measurements (Table VIII.5). 
As occurred with rivers, and due to the high concentration of ligands and 
strong stability constants, the pCu values in the sewage outfalls are high (13.1-
15.9). Thus, more than 99% of dissolved copper is organically complexed, which 
would suggest  that harmful effects from the copper would not be expected from 
these complexed copper inputs (Van Veen et al., 2002). No pCu values have been 
previously reported in the literature for sewage treatment plant effluents. 
Particulate copper levels in sewages range between 10-705 nM (Table 2). 
Similar values have been measured in two other Galician sewages and others 
found all over the world (Table VIII.5). 
 
8.3.3.2. Sewage Fluxes of copper and ligands 
 
Fluxes of dissolved copper varied between 0.1-49.8 mol d-1 (Table VIII.4). 
Lower copper fluxes (0.09-8.1 mol d-1) were reported by Cobelo-Garcia and Prego 
(2003) for untreated sewages in the Pontevedra Ria and in other –although limited- 
data reported for different sewage treatment plant effluents around the world 
(Goldstone et al., 1990; Sedlak et al., 1997).  
Sewage fluxes of the strongest ligand (L1) fluctuate  between 0.3-36.4 mol 
d-1. Worthy of note is the high L1 flux measured at the Vigo STP (36.39 mol d-1) in 
comparison with the rest of the fluxes which are in the range of 0.25-1.24 mol d-1. 
The weakest ligand fluxes (L2) are in the 1.4-57 mol d-1 range. The most 
remarkable input of L2 is, once again, from the Vigo STP (57 mol d-1). Ligand fluxes 
(L1 + L2) are higher than dissolved copper, consequently almost all dissolved 
copper reaches the estuary organically complexed. These ligand fluxes are in 
keeping with what was reported by Sedlak et al. (1997) for sewage effluents 
discharging into San Francisco. 
In the case of particulate copper fluxes, values vary between 0.02-76.3 mol 
d-1. Vigo sewage is the most important contributor of particulate copper to the ria 
while the rest of the fluxes are below 5 mol d-1 similar to the values reported by 
other authors (Goldstone et al., 1990; Sedlak et al., 1997). 
Ninety-three percent of the copper sewage inputs are associated with the 
Vigo STP while the rest of the sewages discharge the remaining 7%. The 
predominant discharge phase is the particulate (63%) supported by the dissolved 
phase (38%) (Figure VIII.3b). 
Like the rivers, the sewages can also be divided into two groups: (i) the 
Vigo and Teis STP present the lowest oxygen saturation percentages, the highest 
SPM levels and considerable copper and ligand concentrations. (ii) The second 
group, consisting of  Redondela, Arcade, Moaña and Cangas, has higher oxygen 
saturation percentages and lower levels of the other variables (SPM, copper and 
ligands). These differences between the groups can be associated with the 
equivalent population size treated by each plant and the efficiency of the different 
levels of treatment. 
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8.3.4. Comparison of river and sewage inputs 
 
Dissolved copper concentrations in sewages (39-310 nM) are one order of 
magnitude higher than in rivers (3-37 nM). As a consequence, and considering the 
different flows (Table VIII.1), dissolved copper fluxes entering from sewages are 
higher than the fluxes entering from rivers. However, except for the Vigo STP, 
sewage fluxes are deceptive. In both cases, a high percentage of the dissolved 
copper is organically complexed: around 99.8% in the case of rivers and more than 
99.9% in sewages. No previous data on complexation percentages have been 
reported for sewage outfalls, nor have any comparative studies been carried out 
with other types of continental inputs such as rivers. 
Copper complexing ligands which are present in rivers and sewages 
originate mainly from dissolved organic matter (DOM) formed by a mixture of many 
compounds (Cabaniss and Shuman, 1988; Xue et al., 1996; Sarathy and Allen, 
2005). In the case of rivers, the DOM is dominated by humic substances resulting 
from soil erosion, decomposition of vegetation and phytoplanctonic exudates 
(Mantoura et al., 1978; Livens, 1991; Kogut and Voelker, 2001). In sewages, due 
to anthropogenic influence which is usually greater than in rivers, extra sources of 
organic matter have to be considered. In addition, synthetic complexing agents, 
biopolymers, surfactants, proteins, EDTA and NTA join the natural sources (humic 
substances and exudates) to enter sewage treatment plants (Stiff, 1971; Sedlak et 
al., 1997; Sarathy and Allen, 2005). 
Concentrations of the strongest complexing ligand (L1) are again one order 
of magnitude higher in sewages than in rivers. As regards L2, a similar situation can 
be observed, but here the difference is around two orders of magnitude. As a 
result, sewage ligand fluxes are higher than river ligand fluxes. It must be pointed 
out that, with the exception of the input from the Vigo STP, L1 fluxes are higher in 
rivers, while sewages continue to be the main input in L2 fluxes.  
The destination of a very high percentage of copper and ligand fluxes is the  
southern margin of the Vigo Ria (99% of the dissolved copper and 93% of the 
ligands), which was to be expected considering the large population and industrial 
activity along the southern margin. 
Conditional stability constants are quite similar between rivers and 
sewages. Values of log K1 change between 14.8-15.6 in rivers and 14.3-16.2 in 
sewages. Levels of log K2 vary between 12.6-14.8 in rivers and 12.4-14.0 in 
sewages. Log K1 values are, in general, higher in sewages, while log K2 levels are 
higher in rivers. These minor differences could be associated with the diverse 
nature of the complexing agents present in the waters. A comparison of a sewage 
extracted FA sample with a natural soil sample reveals very few differences in the 
binding sites which would explain the relatively minor differences in the stability of 
the complexes (da Silva and Oliveira, 2002). A similar situation would occur with 
humic acids, since they are of like origin, thus the extra sources of organic 























































Figure VIII.3. Percentage of each copper flux (dissolved and 
particulate) for rivers, sewage treatment plants and both.  
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Despite the importance of the speciation controlling copper biogeochemical 
cycles and metal bioavailability in the receiving waters, little attention has been 
paid to copper speciation parameters and ligand fluxes reaching estuaries or 
coastal areas (Kogut and Voelker, 2001) from the continent. Only one paper makes 
a clear reference to these type of inputs (Shank et al., 2004). Hence, the data 
presented in this study (Tables VIII.2, VIII.3 and VIII.4) could be a very useful 
baseline for future research on metal speciation in coastal areas. The high 
complexation capacities observed in the waters entering the Vigo Ria (Table VIII.2 
and Figure VIII.2) are very important in terms of toxicity and bioavailability because 
the excess ligands could act as complexing agents when metal inputs of a punctual 
nature occur.  
Overall, the relative importance of river versus sewage fluxes and the 
phases (dissolved and particulate) of each flux are shown in Figure VIII.3c. Ninety-
one percent of the copper inputs reach the Vigo Ria through sewages while the 
river contribution of copper to the ria is only 9% of the total. Most of the copper 
discharged from sewages is in the particulate phase, while in the case of rivers 
most of it reaches the ria in the dissolved phase. The important role of sewage as a 
source of copper to the ria increases during the dry season due to diminishing 
fluvial flows. No similar research has been carried out along these lines for 
estuaries. 
Total copper fluxes (rivers and sewages) into the Vigo Ria during early 
winter conditions were calculated. The result obtained, 9.54 kg d-1, is very similar to 
the findings of Cobelo-García et al. (2004) for a small, but industrialized Northern 
ria (Ferrol) where water treatment does not exist. Due to the effect of sewages, 
copper discharges are 5 times higher, L1 3 times higher and L2 5 times greater  as 
compared to an idyllic situation consisting of only natural inputs. As regards 
particulate copper fluxes, sewage discharges are 15 times greater than in natural 
inputs. These “enrichment factors” with respect to rivers could have important 
effects on the waters and sediments of the Vigo Ria. 
One effect has been observed with ligands: L1 fluxes are multiplied by a 
factor of 3 and L2 fluxes by a factor of 5 as compared to natural values. 
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* This chapter is based on Juan Santos-Echeandia, Luis M. Laglera, Ricardo Prego, 





Abstract. The speciation trend of dissolved copper (DCu) was studied by first time 
in a Galician Ria across the estuarine zone of the Vigo Ria during the wet season 
and related to the copper levels in suspended particulate matter (PCu) and 
sediments. In the riverine and ocean end-members DCu concentrations can be 
defined as pristine (<4 nM in Oitavén River). DCu is not conservative during the 
estuarine mixing and its concentration increase (5-8 nM) cannot be only associated 
to PCu (0.5-1.0 nM) variations and the ria sediments may be an important DCu 
source. DCu speciation was mainly controlled by two types of ligands (log K′ L1 = 
12.9-13.9; log K′ L2 = 10.8-12.1). In all samples the concentration of L1 (CL1 = 15-34 
nM) was greater than that of copper, which speciation is so dominated by this 
strong organic ligand. The transport of copper contamination from the middle Ria to 
the San Simon Inlet is limited during the wet season: in spite of similar salinities, 
DCu in the Inlet (6 nM) was much lower than at Rande Strait (15 nM). 






















DISSOLVED COPPER SPECIATION BEHAVIOUR DURING ESTUARINE 






The biogeochemical cycles of trace metals as copper are affected by the 
mixing process between the different phases, i.e. dissolved-SPM-sediment and 
chemical species. In the simplest situation river waters are gradually mixed in the 
estuary with seawater generally causing a dilution of trace metal concentrations. 
Several studies have demonstrated that dissolved copper shows a net increase in 
the estuary which can be due to: (1) mobilization of copper from riverine SPM 
during the estuarine mixing (Zwolsman et al., 1997; Nolting et al., 1999; Martino et 
al., 2002; Robert et al., 2004), (2) mobilization of copper from resuspended 
sediments (Lapp and Balzer, 1993; Paucot and Wollast, 1997), (3) inputs of 
dissolved copper from interstitial waters in the sediments (Byrd and Andreae, 
1986) and (4) other localised inputs as industrial activities usually (Turner, 1999). 
However, there are major rivers like the Mississippi where copper behaves 
conservatively (Shiller and Boyle, 1991). 
Speciation studies have shown that copper tend to occur complexed by 
organic matter in estuarine waters and that this complexation may affect its 
geochemistry through control of the rate of scavenging, thus increasing their 
residence time in the estuary (van den Berg et al., 1987). The complexation also 
changes the bioavailability to organisms. It is therefore important to determine the 
chemical speciation of copper in addition to their partitioning across dissolved and 
particulate fractions, and the fraction in the sediments available for exchanging. It 
will be demonstrated that not only the strongest organic ligands but also the 
weakest ones play a very important role in diminishing the toxicity of the estuarine 
waters as pointed out before in the San Francisco Bay waters (Buck and Bruland, 
2005).  
An important lack of studies about copper speciation in a ria system has 
been reported in a recent review (Prego and Cobelo-Garcia, 2003) and only total 
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dissolved copper levels have been investigated during the estuarine mixing of a 
Galician Ria (Cobelo-Garcia and Prego, 2003; Cobelo-Garcia and Prego, 2004a). 
Any toxic effects of copper could have serious implications to local mussel 
mariculture (Galician Rias produces ~250,000 ton of mussel per year, about 50% 
of the European production; Smaal, 2002) and it is of special interest a monitoring 
of the toxic species of this metal such as its free ion (Brand et al., 1986). Thus, the 
objective of this article is investigating the conservative pattern of dissolved copper 
and its speciation along the salinity gradient in a ria system: the Vigo Ria. The main 
tributary to the Vigo Ria is the Oitaven River (annual average flow of 17 m3·s-1 and 
during the dry season is lower than 3 m3·s-1) that runs the 85% of the total 
freshwater arriving the ria; so, during the low river waters the estuarine mixing has 
very scarce importance looking at the Vigo Ria and it must be studied in the wet 
season. Previous works in estuarine waters rich in SPM indicated that the metal 
concentration is mostly controlled by interactions with the SPM (Martino et al., 
2002). In the Vigo Ria the levels of SPM are low (Prego et al., 2006) so its role 
must be clarified. This study will be of interest for future research in this type of 
estuaries were mariculture is one of the main activities developed on them. 
 




Employing trace metal techniques, eight surface water samples were 
collected along the axial salinity gradient of the Vigo Ria on 16th December 2004 
following the winter estuarine mixing in counter-current during high tide (Figure 
IX.1). Sample locations were chosen to reflect the whole salinity gradient (values in 
table IX.1). The narrow channel formed by the river Oitavén was covered by 
sampling stations A to E. The mouth of the channel is usually affected by saline 
water even at low tide and due to the effect of the pillars of three bridges a local 
resuspension of sediments may occur. San Simon Inlet was covered by sampling 
stations F and G. The bottom slopes down from a depth of ~5 m near the Oitavén 
mouth to a depth of 25 m near the Rande Strait (station H) where there is a 
motorway bridge. 
A telescopic pole with a bottle holder and sensors for in situ analysis of 
salinity, pH and temperature was attached to a raft and used to collect water 
samples. All samples were taken in polyethylene bottles which had been acid-
washed and rinsed with Milli-Q50 water. Prior to filling with sample, the bottles were 
conditioned three times with the same water. On the same day, samples were 
filtered in the IIM-CSIC laboratories through a 0.2 μM polypropylene Nuclepore 
filter inside class 100 laminar flow hood in a “ultra-clean” laboratory class 1000 lab 
to avoid contamination. Filtrates and filters were frozen and stored at -20ºC until 
dissolved and particulate copper analysis. 
The deposition of copper on the San Simón Inlet was studied by sampling 
its sediments on 18 May 2005 using a Van Veen grab from the auxiliary raft of the 
RV Mytilus. Samples corresponded to the most surface sediment (<1 cm depth) at 
the locations in Figure IX.1. Samples were stored in acid-cleaned polyethylene 
vials, oven-dried (50ºC) and sieved using 63 μm nylon meshes; the percentage of 
this fraction in the surface sediment is shown in the Figure IX.1. 
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Figure IX.1. Bathymetric map and fine sediment percentage of the study area (San Simon Inlet) with 
the sampling points. Water sampling locations are represented by filled circles and sediment sampling 
positions with open circles. San Simón Inlet is a semi-closed mesotidal system of low hydrodynamic 
energy delimited by the River Oitaven outflow and the Rande Strait with a surface of 17 km2. It is a 
recognized mariculture area with many mussel rafts and sand banks where large quantities of shellfish 





Total dissolved copper concentration in the filtered samples was 
determined as Campos and van den Berg (1994). Seawater was UV-digested after 
acidification to pH 2.2 with HCl in acid cleaned silica tubes. A 10 ml sample aliquot 
was pipetted into the voltammetric cell and ammonia was added to approximately 
neutralise the pH; HEPES buffer and SA were added. Copper analyses were 
carried out using voltammetric equipment consisting of an Autolab PGStat 10 
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voltammeter connected to a Metrohm VA 663 electrode stand, controlled by a 
computer. The reference electrode was double junction, Ag/AgCl, KCl (3M), 
saturated AgCl, with a salt-bridge filled with 3 M KCl, and the counter electrode 
was a glassy carbon rod. A hanging mercury drop electrode (HMDE) was used as 
the working electrode. 
Copper complexing ligands titrations was similar to that described before 
(Campos and van den Berg, 1994). A 170-mL filtered sample was transferred to a 
polyethylene bottle and HEPES buffer and SA were added. 10-mL aliquots were 
pipetted into 15, 30 mL, polystyrene vials, previously spiked with copper to give a 
concentration range between 0 and up to 400 nM added copper and allowed to 
equilibrate overnight at room temperature (20oC). Prior to the first titration the tubes 
were conditioned twice with seawater containing the same range of copper 
concentrations.  
The complexation of copper by salicylaldoxime is affected by the major 
ions present in seawater and therefore depends on the salinity (S) of the sample. 
Values for the stability constants of the complexes CuSA and Cu(SA)2 at each 
salinity were calculated from (Campos and van den Berg, 1994): 
 
log K′CuSA    = (10.12 ± 0.03) - (0.37 ± 0.02) log S 
log Β′Cu(SA)2 = (15.78 ± 0.08) - (0.53 ± 0.07) log S 
 
Complexing capacities and conditional stability constants of the natural 
ligands of the samples were obtained by linear least regression of [CuL]/[Culabile] vs 
[Culabile] as described before (Ruzic, 1982; van den Berg, 1982). The slope and Y-
axis value of this plot allow estimation of the complexing capacity and the 
conditional stability constant of the copper ligands. Labile copper concentrations 
([Culabile]) corresponding to the concentration of Cu(SA)2 were obtained from the 
peak heights of the voltammetric scans and the sensitivity. The concentration of 
organically complexed copper was calculated by subtraction of the labile from the 
total copper concentration in each aliquot. The sensitivity of the CSV 
measurements was initially estimated from the linear part of the titration at high 
copper concentrations and corrected for underestimation using an iterative 
calculation similar to that used previously (Turoczy and Sherwood, 1997). 
All the titration data sets showed curved relationships between 
[CuL]/[Culabile] and [Culabile] indicating that more than one type of ligand classes was 
present with differing complex stability. Copper complexing ligand concentrations 
(CL1 and CL2) and values for the conditional stability constants (K′ CuL1 and K′CuL2) on 
basis of Cu2+ were calculated as before (Laglera and van den Berg, 2003) by 
iterative fitting of the data to two complexing ligands.  
Filters obtained from filtered water and sediment were digested in a 
microwave oven (Milestone MLS-1200 Mega) using Teflon bombs according to the 
EPA 3052 guideline method (Kingston, 1992). Then, copper determination was 
carried out by electrothermal atomic absorption spectroscopy (ETAAS) with 
Zeeman background correction (Varian 220). Aluminium concentrations were used 
to normalize copper concentrations in SPM samples. Its concentration was 
determined by means of flame atomic absorption spectroscopy (FAAS) using a 
Varian 220-FS apparatus. The analytical procedure was checked using the 
reference material PACS-1 (harbour marine sediment) giving good agreement with 
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the certified values (error percentage respect to certified values always lower than 
1.1% for Cu and 1.4% for Al). With a fraction of the sediment sample, the 
exchangeable percentage of Cu was obtained by applying part of the BCR 
extraction procedure (European Community Bureau of Reference; Quevauviller et 
al., 1997). It is used just the first step to provide the most labile fraction. Reference 
material (BCR 601) was used to certificate the quality of the analysis (error 




The salinity, temperature and pH at the sampling stations is shown in Table 
IX.1. The temperature at the river end-member (9.4 ºC) was lower than the 
temperature at the seawater end (13.4 ºC) showing temperature increase with the 
increase of salinity. The pH distribution reflects a similar pattern with values 
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DCu, ligand concentrations and conditional stability constants are 
summarised in Table IX.1. DCu throughout the ria was in the range of 4 to 15 nM 
(Table IX.1). The lowest value found corresponded to the Oitaven river waters 
(salinity 0) while in Rande Strait DCu concentrations were the highest (15 nM). The 
data were fitted to two types of ligands, L1 and L2 (Figure IX.2). The strongest 
ligand (L1) was present at concentrations in the range 15 to 34 nM. The 
concentration was fairly constant or with a little increase between salinities 0 and 
20 but a sudden decay of L1 was observed at salinity 24.6 that continues until 
salinity 35. The concentration of the second ligand (L2) was generally greater than 
L1 ranging from 10 nM to 96 nM. Higher values were present at low salinity waters 
decreasing towards the marine end-member. Values of logK1 range between 12.9 
and 13.9, with higher values in the lower salinity waters. The stability constants for 
the second ligand, logK2 range between 10.8 and 12.1 also showing a general 
decrease from the low salinity end. Decreasing values of logK with increasing 
salinity are expected as the copper complexation suffers increasingly from 
competition by the major cations. The pCu in the ria was found to vary between 
12.5 and 14.6. The area around Rande is where the free copper ion concentration 
was the highest (12.5) due to a combination of weaker complexation (main effect 















Figure IX.2. Titration of the 20 salinity sample (station E). a) Peak current vs. added copper 
concentration. b) Linearisation of the data from which two types of ligands can be observed 
 
 
The concentration of SPM and its content in particulate copper (PCu) and 
aluminium are indicated in Table IX.2. SPM in the Vigo Ria varied between 0.8 and 
3.6 mg L-1 (Table IX.2). In the inner estuary SPM decreases with increasing salinity 
up to 18 mg L-1, then SPM increases at salinities 20-34 decreasing again at station 
H (salinity 35) with ~1 mg L-1. PCu showed a range of between 14 and 37 μgCu g-1 
along the estuary with a slight decrease towards the high salinity end. Aluminium 
was determined in the SPM as a terrigenous source reference. It was in the range 
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Table IX.2. SPM levels and particulate copper and aluminium concentrations along 
the estuary in the points shown in Figure IX.1. 
Station SPM (mg L-1) Cu (nM) Cu (μg g-1) Al (mg g-1) 
A 2.31 0.99 27 14 
B 1.09 0.41 24 27 
C 1.26 0.73 37 23 
D 0.83 0.46 35 42 
E 2.60 0.99 24 31 
F 2.14 0.93 27 40 
G 3.58 0.80 14 21 
H 1.10 0.62 34 59 
 
 
The distribution of total copper in the fine fraction of the surface sediments 
is shown in Figure IX.3. The sedimentary copper concentrations in the sediments 
of the San Simon inlet increase from 23 to 40 μg g-1 in the innermost area to 60 to 
120 μg g-1 in the Alvedosa River mouth. The labile concentration of copper in the 
sediments is generally low and follows a distribution similar to the total 
concentration (Figure IX.3). All the exchangeable copper concentrations are below 
0.5% with the exception of the sediments close to the Alvedosa mouth which have 
















































The low part of the Oitaven River was characterised by salinities lower 
than 15 and DCu concentrations with a progressive but not pronounced increase 
from 4 to 6 nM of DCu in the freshwater end-member (Figure IX.4a). This non-
conservative trend is associated to a slight increase of the strongest ligands (L1) 
(Figure IX.4b) which implies both variables co-vary in this section of the estuarine 
mixing, as has been pointed out for the Scheldt estuary (van den Berg et al., 1987; 
Nolting et al., 1999). PCu showed an opposite trend to DCu (Figure IX.5) thus, an 
interchange between both phases may be occurring. However, PCu cannot be a 
significant contributor of copper to the dissolved phase because its concentration is 
less than the rise of dissolved one (Table IX.1). This leads to the assumption of 
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Figure IX.4. Distribution of dissolved copper (a) and of the strong (b) and weak (c) 
copper complexing ligands (L1 and L2) as a function of the salinity. Copper in North 
Atlantic Waters has been added and the lines in all the plots represent the 
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Salinity varied from 20 to 34 in the San Simon Inlet and SPM concentration 
were the highest measured. In this area of the ria, there are SPM inputs from 
Alvedosa River (Evans et al., 2003), and resuspension of fine particles (as result of 
the tide in the sallow waters; Mota et al., 2005), corroborated by Aluminium levels 
of SPM (Figure IX.5) and the sediment mud percentage (Figure IX.1). Therefore, 
DCu was keeping the non-conservative trend (Figure IX.4a) and its levels decrease 
down to the marine end-member concentration of 2-3 nM reported for North 
Atlantic (Campos and van den Berg, 1994) and the Western Galician Shelf 
seawaters (Santos Echeandia et al., 2005). Then, DCu and PCu increased in the 
San Simón water column as a probably consequence of resuspension of copper 
rich sediments (Cobelo-Garcia and Prego, 2004b) and pore water fluxes of copper 
(Shank et al., 2004). It is a new reason to considering the bulge-like copper 






















Figure IX.5. Particulate copper and aluminium (nM) as a function of the salinity 
 
 
The mouth of San Simon Inlet, i.e. the Rande Strait, presented a DCu 
concentration of 15 nM and, lacking any chelation with organic ligands, the free 
copper would reach ~10-8.9. This copper concentration may be considered as toxic 
(Brand et al., 1986) for some plankton species which feed the mussels cultivated in 
this area. Therefore, the Rande Strait may be a key part of the estuary. A ria 
transport model using tracking particles (Gomez-Gesteira et al., 1999) predicted an 
accumulation of them in this area, leading so to contamination and sedimentation. 
This is corroborated by higher copper concentrations in the sediments and a strong 
SPM gradient within the San Simon inlet that suggests sedimentation as SPM does 
 
 
Dissolved copper speciation behaviour during estarine mixing in the San Simon Inlet (wet 
season, Galicia). Influence of particulate matter 
 224
not reach off inlet. The strong gradient of total dissolved copper in the strait can be 
associated to scavenging by the strong sedimentation of SPM and the biological 
filtration due to the mussel rafts placed close to the strait that eventually deposit 
metals as faecal pellets (Evans et al., 2003). 
Dissolved copper behaviour along the estuarine mixing in the Vigo Ria can 
be defined as non-conservative with slightly increased levels at mid salinities. This 
pattern has also been found in estuaries like the Scheldt (Zwolsman et al., 1997) 
and was thought to be mainly due to metal releases from sediments and SPM at 
mid salinities. The offshore ria seawater level of DCu (2-3 nM: Campos and van 
den Berg, 1994; Santos-Echeandía et al., 2005) becomes greatly enhanced by 
local inputs (harbour and shipyard activities) inside the ria (Prego et al., 2006). It is 
common in some estuaries (Helz et al., 1975; Turner, 1999), but the estuarine 
zone in the Western Galician Rias is normally placed in the innermost ria (Evans 
and Prego, 2003). It is different of the typical estuarine coastal systems, so in the 
Vigo Ria the estuarine mixing is usually located in the low part of the Oitavén River 
and the San Simón Inlet during the wet season.  
For this reason and the Rande Strait influence already explained in this 
section, the transport of copper contamination from the middle Ria to the San 
Simon Inlet is limited during the wet season: in spite of similar salinities, DCu in the 
Inlet was much lower than at Rande Strait (Table IX.1). Similar pattern was 
observed for the strongest complexing ligand (L1) along the estuary (Figure IX.4b). 
Compared to the linear dilution line L1 showed a mid-estuarine maximum 
suggesting that the mid-estuarine copper release was in complexed form. A 
possible source could be the sediments, according to the observed in laboratory 
experiments with the resuspended matter of San Simon Inlet (Cobelo-García and 
Prego, 2004b) and in other estuaries (Shank et al., 2004; Mota et al., 2005). On the 
contrary, the weaker ligand (L2) seems to be less affected by other parallel 
processes apart from the simple dilution of the waters (i.e. resuspension) occurring 
during the estuarine mixing (Figure IX.4c). The concentration of L1 was generally 
much greater than that for DCu, so the copper speciation is largely determined by 
this ligand in the ria case. 
 
 
Aknowledgements. The authors would like to thank Mr. Ricardo Casal assistance 
with the Ria sampling, Ana Filgueira and Clemente Trujillo for copper analyses of 
the sediments and suspended matter and Paula Ferro for technical assistance. 
The visit of J. Santos-Echeandia was financially supported by a Marie Curie 
Training Fellowship of the EU (contract No HPMT-CT-2001-00218) to the Marine 
Electrochemistry Group of the Department of Earth and Ocean Sciences 
(University of Liverpool). J. Santos-Echeandía thanks the Basque Government for 
financial support (pre-doctoral grant). The Spanish research was funded by the 
CICYT coordinated project “Biogeochemical budget and modelling of metal fluxes 
in a Galician ria (METRIA)”, ref. REN2003-04106-C03. 
 




Brand, L.E., Sunda, W.G. and 
Guillard, R.R.L., 1986. Reduction 
of marine-phytoplankton 
reproduction rates by copper and 
cadmium. Journal of 
Experimental Marine Biology and 
Ecology 96, 225-250. 
Byrd, J.D. and Andreae, M.O., 1986. 
Geochemistry of tin in rivers and 
estuaries. Geochimica et 
Cosmochimica Acta 50, 835-845. 
Buck, K. and Bruland, K., 2005. 
Copper speciation in San 
Francisco Bay: A novel approach 
using multiple analytical 
windows. Marine Chemistry 96, 
185-198. 
Campos, M.L.A.M. and van den 
Berg, C.M.G., 1994. 
Determination of copper 
complexation in sea water by 
cathodic stripping voltammetry 
and ligand competition with 
salicylaldoxime. Analytica 
Chimica Acta 284, 481-496. 
Cobelo-Garcia, A. and Prego, R., 
2003. Land inputs, behaviour and 
contamination levels of copper in 
a ria estuary (NW Spain). Marine 
Environmental Research 56, 
403-422. 
Cobelo-Garcia, A. and Prego, R., 
2004a. Behaviour of dissolved 
Cd, Cu, Pb and Zn in the 
estuarine zone of the Ferrol Ria 
(Galicia, NW Iberian Peninsula). 
Fresenius Environmental Bulletin 
13, 753-759. 
Cobelo-Garcia, A. and Prego, R., 
2004b. Chemical speciation of 
dissolved copper, lead and zinc 
in a ria coastal system: The role 
of resuspended sediments. 
Analytica Chimica Acta 524, 109-
114. 
Evans, G., Howarth, R.J. and 
Nombela, M.A., 2003. Metals in 
the sediments of Ensenada de 
San Simon (inner Ria de Vigo), 
Galicia, NW Spain. Applied 
Geochemistry 18, 973-996. 
Evans, G. and Prego, R. (2003). 
Rias, estuaries and incised 
valleys: is a ria an estuary?. 
Marine Geology 196, 171-175. 
Gomez-Gesteira, M., Montero, P., 
Prego, R., Taboada, J.J., Leitao, 
P., Ruiz-Villarreal, M., neves, R. 
and Perez-Villar, V., 1999. A two-
dimensional particle tracking 
model for pollution dispersion in 
A Coruña and Vigo Rias (NW 
Spain). Oceanologica Acta 22, 
166-177. 
Helz, G.R., Huggett, R.J. and Hill, 
J.M., 1975. Behavior of Mn, Fe, 
Cu, Zn, Cd and Pb Discharged 
from a Wastewater Treatment 
Plant into an Estuarine 
Environment. Water Research 9, 
631-636. 
Kingston, H.M., Walter, P.J., 1992. 
Comparison of Microwave verses 
Conventional Dissolution for 
Environmental Applications. 
Spectroscopy 7, 20-27. 
Laglera, L.M. and van den Berg, 
C.M.G., 2003. Copper 
complexation by thiol compounds 
in estuarine waters. Marine 
Chemistry 82, 71-89. 
Lapp, B. and Balzer, W., 1993. Early 
diagenesis of trace metals used 
as an indicator of past 
productivity changes in coastal 
sediments. Geochimica et 
Cosmochimica Acta 57, 4639-
4652. 
Martino, M., Turner, A., Nimmo, M. 
and Millward, G.E., 2002. 
Resuspension, reactivity and 
Dissolved copper speciation behaviour during estarine mixing in the San Simon Inlet (wet 
season, Galicia). Influence of particulate matter 
 226
recycling of trace metals in the 
Mersey Estuary, UK. Marine 
Chemistry 77, 171-186. 
Mota, A.M., Cruz, P., Vilhena, C. and 
Goncalves, M.L.S., 2005. 
Influence of the sediment on lead 
speciation in the Tagus estuary. 
Water Research 39, 1451-1460. 
Nolting, R.F., Helder, W., de Baar, 
H.J.W. and Gerringa, L.J.A., 
1999. Contrasting behaviour of 
trace metals in the Scheldt 
estuary in 1978 compared to 
recent years. Journal of Sea 
Research 42, 275-290. 
Paucot, H. and Wollast, R., 1997. 
Transport and transformation of 
trace metals in the Scheldt 
estuary. Marine Chemistry 58, 
229-244. 
Prego, R. and Cobelo-Garcia, A., 
2003. Twentieth century 
overview of heavy metals in the 
Galician Rias (NW Iberian 
Peninsula). Environmental 
Pollution 121, 425-452. 
Prego, R., Cotte, M.H., Cobelo-
Garcia, A., and Martin, J.M., 
2006. Trace metals in the water 
column of the Vigo Ria: Offshore 
exchange in mid-winter 
conditions. Estuarine Coastal 
and Shelf Science 68, 289-296. 
Quevauviller, P., Rauret, G., Rubio, 
R., LopezSanchez, J.F., Ure, A., 
Bacon, J. and Muntau, H., 1997. 
Certified reference materials for 
the quality control of EDTA- and 
acetic acid-extractable contents 
of trace elements in sewage 
sludge amended soils (CRMs 
483 and 484). Fresenius Journal 
Of Analytical Chemistry 357, 
611-618. 
Robert, S., Blanc, G., Schafer, J., 
Lavaux, G. and Abril, G., 2004. 
Metal mobilization in the Gironde 
Estuary (France): the role of the 
soft mud layer in the maximum 
turbidity zone. Marine Chemistry 
87, 1-13. 
Ruzic, I., 1982. Theoretical aspects 
of the direct titration of natural 
waters and its information yield 
for trace metal speciation. 
Analytica Chimica Acta 140, 99-
113. 
Santos-Echeandia, J., Prego, R. and 
Cobelo-Garcia, A., 2005. Copper, 
nickel, and vanadium in the 
Western Galician Shelf in early 
spring after the Prestige 
catastrophe: Is there seawater 
contamination? Analytical and 
Bioanalytical Chemistry 382, 
360-365. 
Shank, G.C., Skrabal, S.A., 
Whitehead, R.F., and Kieber, 
R.J., 2004. Fluxes of strong Cu-
complexing ligands from 
sediments of an organic-rich 
estuary. Estuarine, Coastal and 
Shelf Science 60, 349-358. 
Shiller, A.M. and Boyle, E.A., 1991. 
Trace elements in the Mississippi 
River Delta outflow region: 
behavior at high discharge. 
Geochimica et Cosmochimica 
Acta 55, 3241-3251. 
Sholkovitz, E.R., 1976. Flocculation 
of dissolved organic and 
inorganic matter during mixing of 
river water and seawater. 
Geochimica et Cosmochimica 
Acta 40, 831-845. 
Smaal, A.C., 2002. European mussel 
cultivation along the Atlantic 
coast: production status, 
problems and perspectives. 
Hydrobiologia 484, 89-98. 
Turner, A., 1999. Diagnosis of 
chemical reactivity and pollution 
sources from particulate trace 
metal distributions in estuaries. 
Estuarine Coastal and Shelf 
Science 48, 177-191. 
Part III; Chapter 9 
 227 
Turoczy, N.J. and Sherwood, J.E., 
1997. Modification of the van den 
Berg/Ruzic method for the 
investigation of complexation 
parameters of natural waters. 
Analytica Chimica Acta 354, 15-
21. 
van den Berg, C.M.G., 1982. 
Determination of copper 
complexation with natural organic 
ligands in seawater by 
equilibration with MnO2 I. 
Theory. Marine Chemistry 11, 
307-322. 
van den Berg, C.M.G., Merks, A.G.A. 
and Duursma, E.K., 1987. 
Organic complexation and its 
control of the dissolved 
concentrations of copper and 
zinc in the Scheldt estuary. 
Estuarine, Coastal and Shelf 
Science 24, 785. 
Zwolsman, J.J.G., Van Eck, B.T.M. 
and Van der Weijden, C.H., 
1997. Geochemistry of dissolved 
trace metals (cadmium, copper, 
zinc) in the Scheldt estuary, 
southwestern Netherlands: 
Impact of seasonal variability. 
Geochimica Et Cosmochimica 




IMPACT OF THE PRESTIGE OIL SPILL ON DISSOLVED 










On the impact of the Prestige oil spill on the levels of vanadium and other 




10.2. Material and Methods 


































* This chapter is based on Ricardo Prego, Juan Santos-Echeandia, Antonio Cobelo-Garcia, 





Abstract. The results of Villares et al. (2007) appear to confirm the idea that the 
terrestrial inputs of trace elements were already so high that any inputs from the 
Prestige fuel were not detected as increased tissue levels, with the exception of V 
in the macroalgae. However, neither increases of Cu, Ni and V levels inside the 
Vigo Ria nor evidences of Prestige contamination entering into the Ria were 
observed during the main black tide event. Therefore, vanadium bioaccumulation 
observed in Fucus cannot be associated with the Prestige heavy fuel or, on the 
other hand, with terrestrial contaminant sources. 
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There are still limited studies of trace metals in Iberian coastline, in 
particular, published data are scarce for the Galician Rias (Prego and Cobelo-
Garcia, 2003). Therefore, is very difficult to define the contaminant inputs because 
the unknown definition of natural levels of dissolved trace metals. For example, by 
one hand, terrestrial contributions to some rias, such as the Vigo case, are under 
strong anthropogenic influence due to the big settlements of population an industry 
close to the coastal margins. By other hand, there are also possible contaminating 
events from the sea, like the one occurred when the Prestige oil tanker sank 
offshore Western Rias. The heavy fuel transported by the Prestige tanker sunk on 
19th November 2002 in front of the Galician coasts was rich in some trace metals 
(Prego et al., 2006) and various studies have already demonstrated that both the 
oceanic (Prego and Cobelo-García, 2004; Santos-Echeandía et al., 2008a) and the 
continental shelf seawaters (Santos-Echeandía et al., 2005) increased their levels 
in dissolved Cu, Ni and V as a consequence of the Prestige spillage. In this way 
Villares et al. (2007) have indicated respect to the Galician Rias that “the oil slick 
apparently did not cause significant increases in the concentrations of the trace 
elements studied, except vanadium. It appears that the magnitude of terrestrial 
inputs to coastal waters is sufficiently high to mask the inputs of trace elements 
from the fuel. The observed exception of V suggests that bioaccumulation of this 
element by the two species of Fucus may be used to indicate exposure to 
petrochemical products similar to the Prestige fuel. So, to elucidate the possible 
Cu, Ni and V importance of the terrestrial and oceanic input inside rias, a Vigo Ria 
section was sampled during the main contaminant event when a black tide of the 
emulsioned fuel from the Prestige spill arrived to the Vigo Ria surroundings. 
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10.2. Material and Methods 
 
Four water stations were sampled inside the Vigo Ria (Figure X.1) during 
December 12, 2002 on board the research boat Arao. Vertical profiles of salinity 
and temperature were taken with a SeaBird-9 CTD. Surface samples collection 
were done with a 1-L HDPE bottle in a telescopic arm while for deeper samples (5, 
10, 20, 30 and 40 m) 5-L Go-Flo bottles were used. Once onboard water was 
immediately transferred into 1-L acid-cleaned HDPE according trace metals clean 
techniques procedures. Immediately after the boat arrived into the harbour, 
samples were filtered through 0.45 µm filters fitted in the plastic filter holders inside 
a laminar flow cabin (ISO 5 class) in the clean lab (ISO 6-7 class) in order to 
minimize sample contamination. Filtrates were transferred to acid-cleaned HDPE 
bottles, acidified to pH 2 with HNO3 and packed in zip-lock plastic bags until 
analysis. After this, samples were digested for 1 h using UV apparatus (Achterberg 
et al., 1994) equipped with a high-pressure mercury lamp of 200 W. Then total 
dissolved metals were determined by means of stripping voltammetry (Metrohm 
VA-694 equipped). Cu, Ni and V concentrations in the water samples were 
determined according to Cobelo-García et al. (2005) method. One procedural 
blank was analysed every five samples, so results were blank corrected. The in run 
precision, sub-samples of the same UV-digested aliquot, of seawater samples 
varied from (n=5) 3% for Co, 6% for V, 8% for Cu and 10% for Ni. The accuracy of 
the analytical method was checked by means of analysis of the seawater reference 
material CASS-4 (near-shore seawater National Research Council of Canada) 
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Table X.1. Accuracy of the analytical procedure in seawater reference material 








10.3. Results and Discussion 
 
Behaviour of dissolved vanadium in the Galician Rias during the oil spill 
 
The values found in this study for dissolved Cu (2.7 –6.3 nM), Ni (2.8 – 8.0 
nM) and V (18 – 35 nM) are similar to those reported previously for this ria (Prego 
et al., 2006b). Nickel and Cu showed the same distributions within the ria (Figure 
X.2 for Cu), with increasing concentrations towards the head (lower salinities) due 
to discharges from industrial activities and resuspension of fine-grained sediments 
(e.g. Canario et al., 2006; Santos-Echeandía et al., 2008b) in the inner part of the 
ria. The behavior of vanadium was, however, opposite to that of Cu and Ni, but 
consistent with the typical trend of this element in estuarine and coastal areas (e.g. 
Yeats 1992; Pettine et al., 1997), i.e., a significant increase in V concentrations 
with salinity (Figure X.2). The highest V values (up to 35 nM) were obtained at the 
deep waters of the outermost station, and are in close agreement for the reported 
concentrations of this element in the North Atlantic water (32 – 35 nM; Jeandel et 
al., 1987; Middleburg et al., 1988). The lowest values (<20 nM), obtained in the 
upper layers of the innermost station, are consistent with the V concentrations 
obtained from the rivers discharging at the head of the ria (0.4 – 6.3 nM) or even 
the sewage effluents (5.7 – 17.0 nM; Filgueiras et al., unpublished results). In view 
of these results, it is clear that the oil patches that reached the coastline of the Vigo 
Ria (and presumably the rest of Galician Rias) did not produce any 

















CASS-4 Cu (nM) Ni (nM) V (nM) 
Obtained 9.4±0.5 5.6±0.7 21.0±1.8 
Certified 9.3±0.8 5.4±0.5 23.2±3.1 
Detection limit 0.5 0.4 0.3 
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Unfounded statements regarding vanadium contamination in the Galician coast by 
the Prestige oil spill 
 
Based on statistical differences between vanadium concentrations in F. 
vesiculosus and F. ceranoides, before and after the Prestige oil spill, Villares et al. 
(2007) make several statements in their discussion and conclusions that should be 
treated with more caution or re-assessed. These are the following:  
 
I. ‘Only the concentrations of V were significantly higher in the 
sampling survey carried out after the Prestige oil spill' and ‘The oil 
slick apparently did not cause significant increases in the 
concentrations of trace elements studied, except vanadium'. 
However, natural inter-annual variability of metal concentrations in 
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concentrations. Such possibility should also be addressed since 
the behaviour of Cu and especially Ni (a metal also associated with 
oil spills), who showed significant higher concentrations in both 
species before the oil spill, is not in agreement with the 
contaminant oil spill.  
II. ‘The higher concentrations found in F. ceranoides than in F. 
vesiculosus may indicate a mainly terrestrial origin'. As explained 
in a previous section, terrestrial inputs of vanadium are significantly 
lower than the oceanic, i.e., F. ceranoides are exposed to lower 
concentrations than F. vesiculosus. The higher bioaccumulation 
showed by F. ceranoides may simply reflect different 
bioaccumulation patterns for both species and/or higher uptake 
favored by lower salinities.  
III. ‘It appears paradoxical that the maximum concentrations of V were 
found at a site exposed to the open sea and without any sizeable 
populations in the surrounding areas'. The fact that highest V 
concentrations were found at sites exposed to the open sea, where 
V concentrations are higher (see section 1 and 2 of this letter), is in 
agreement with the behavior of this element in estuarine and 
coastal waters and by no means paradoxical. Also, the authors 
report metal concentrations in 8 additional sites exposed to the 
open sea collected after the oil spill; the higher concentrations here 
cannot be compared with the previous values since the algae are 
subject to (higher) oceanic V concentrations. Therefore, use of 
these values to assess the impact of the oil spill is not valid.  
 
The study of Villares et al. (2007) reports an important set of data 
regarding the biomonitoring of coastal areas by means of two species of Fucus. 
However, metal concentrations in biota per se generally do not provide sufficient 
information to assess the sources of metal contamination and the spatial variability 
of metal concentrations within a coastal system. To this end, the (bio)geochemical 
behavior of the trace elements must be taken into account, especially in estuarine-
coastal systems where the rapid changes in salinity, pH, redox conditions or 
organic matter affects their concentrations, particle-reactivity, speciation and 
bioavailability. The authors should, therefore, reconsider the conclusions of their 
study taking into account the (bio)geochemistry of vanadium in coastal areas. 
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Abstract. The original cargo fuel transported by the Prestige tanker, according to 
our analysis, contained several trace elements such as Cu (3 µg g-1), Ni (97 µg g-1) 
and V (382 µg g-1). The possibility of metal seawater contamination near the 
bottom from the sedimented fuel and in surface waters from the fuel deposited on 
the littoral was researched in the Western Galician Shelf five months after the 
Prestige shipwreck (November 2002). Water samples obtained at eight stations 
from Finisterre Cape to Miño River were analysed by means of an electroanalytical 
method (AdCSV) and following trace metal clean procedures. Only the surface Cu 
and Ni levels at the Ons and Cíes Islands were higher than those considered as 
background for the Open North East Atlantic Ocean waters. The accumulation and 
weathering of the fuel deposited in the shores could be a significant source for the 
enrichment found, but the influence of the industrial and urban inputs from the 
neighbouring Pontevedra and Vigo rias is also possible. Thus, this study was 
useful to establish the typical values of Cu, Ni and V in the Galician Shelf waters 
for the first time. Total metal concentrations ranged between 1.7-3.4 nM for Cu, 
2.9-4.8 nM for Ni and 19.7-32.3 nM for V; dissolved between 0.7-1.5 nM for Cu, 
2.2-3.3 nM for Ni and 15.5-27.0 nM for V; and particulate values below 2.6 nM for 
Cu, 2 nM for Ni and 7.2 nM for V were obtained.  
 





















COPPER, NICKEL AND VANADIUM IN THE WESTERN GALICIAN SHELF IN 
EARLY SPRING AFTER THE PRESTIGE CATASTROPHE: IS THERE A 
SEAWATER CONTAMINATION? 
 
11.1. Introduction  
 
The sinking of the Prestige oil tanker with 77,000 t of heavy fuel became a 
severe catastrophe for the Galician coasts. Lots of fuel tons were dumped to the 
seawater column causing a widespread contamination of the Western Galician 
coast during two consecutive events. The first began on November 13th 2002 when 
the tanker breakage provoked a spill of 5,000-10,000 t that impacted the littoral 
area of Finisterre Cape (Figure XI.1) four days later. The second began on 
November 19th 2002 when the Prestige broke in two and sunk at 130 miles west off 
Finisterre Cape. Then, the winds carried the spilt fuel oil (10,000-20,000 t) to the 
littoral, which impacted one week later (Figure XI.1). Thus, the Western Galician 
Shelf was severely affected by fuel contamination. Floating fuel patches did not 
penetrate into the rias, but the islands at their mouths and the shoreline off the rias 
were affected. A research cruise in February 2003 (IEO, 2003) detected the 
presence of up to 130 µg g-1 of fuel in the sediments and up to 6 µg L-1 in the 
seawater surface in the continental shelf. 
When a catastrophe like this occurs, it is necessary to evaluate every 
potential contaminant, not only the most visible ones, like it was done in this case 
with the hydrocarbons. The heavy fuel oils, as the one transported by Prestige 
tanker (type 6, UK classification), are rich in several metals (Reid, 1973), since it is 
composed by residual matter of the crude. When an oil spill occurs, some metals 
can be released to the water column, as was observed for the Arabian Gulf where 
the status of chronically oil-polluted sediments were examined for trace metals (Al-
Abdali et al., 1996; Massoud et al., 1998). With this exception, metal contaminants 
contained in the fuel oils have been paid little attention to the date. Consequently, 
the aim of this study was to evaluate if these three metals contained in the fuel 
composition were transferred in a significant amount to the shelf water column at 
the early spring just after the Prestige catastrophe. Moreover, it is important to 
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establish the levels of Cu, Ni and V in the Galician Shelf which have not been 
reported until this moment. 
11.2. Material and Methods 
 
11.2.1. Study zone 
 
The Galician coastline is around 1720 km long and is situated in the 
northwest of the Iberian Peninsula. The rough coastline is incised by rias (partially 
mixed estuaries with positive circulation (Prego and Fraga, 1992)) that receive the 
continental runoff from the rivers discharging at their head. The Galician rias can 
be classified, according to their hydrographical and biogeochemical behaviour 
(Prego and Bao, 1997), into two different groups: the Rias Baixas (Western Rias) 
and the Rias Altas, which are separated by the Finisterre Cape.  
The present study has been specifically carried out in the West Galician 
Shelf (off Western Rias), as defined from the mouth of the Miño River (41º 50´ N) 
to the Finisterre Cape (43º N) – see Figure XI.1. This continental shelf is relatively 
narrow, finding the isobate of 200 m at a distance of 15-30 km from the coastline. 
This area was strongly affected by the Prestige fuel spill. Although the fuel did not 
penetrate into the Western Rias it was deposited in the shores of the Cies, Ons 
and Salvora islands (Figure XI.1). Moreover, it has been detected the presence of 
fuel in the sediments (4-130 µg g-1) and the water column (up to 6 µg L-1 in surface 
and 5 µg L-1 near the bottom) of the continental shelf (50-200 m depth). Thus, the 
study was carried out in the 60-100 m depth isobath. 
Continental shelf waters are influenced by the ENACW watermass 
(Eastern North Atlantic Central Water (Fraga, 1981) that usually upwell in spring-
summer whereas in winter the Christmas Poleward Current flowing along the 
Atlantic Iberian shelf border predominates (Frouin et al., 1990). 
 
11.2.2. Sampling procedure 
 
Seawater samples were collected on 2-4 April 2003 during the 
‘HidroPrestige 0303 cruise’ aboard the R/V Cornide de Saavedra. Specific samples 
for the metal study were taken in a North-South transect along the Western 
Galician Shelf between latitudes 41º 50´- 43º N (Figure XI.1). A total of 8 stations 
and two depths – one near surface (5 m depth) and the other one near the bottom 
(10 m above) – were taken. Seawater samples were collected using Go-Flo 
(General Oceanics) bottles and immediately transferred to acid-washed 500 mL 
low-density polyethylene (LPDE), bagged (zip-lock bags) in order to avoid 
contamination, frozen (-20ºC) and transported to the on-shore clean lab at the IIM-
CSIC. All the procedures during sampling, handling and analysis were made 
































Figure XI.1. Western Galician Shelf and Rias map with the position of the eight stations sampled 
(1-8) and the main fuel patch trajectory for the first (14-17 November 2002: 14N-17N gray ovals) 
and the second (30 November – 7 December 2002:  30N-7D gray ovals) oil spill from the Prestige 
tanker accident.   
 
 
Just before the analysis, samples were slowly defrosted in a fridge at 4ºC. 
Afterwards, samples were filtered inside a class-100 laminar flow bench (Cruma 
670FL) placed inside the clean lab (class-10000). The filtration was undertaken 
using acid-clean polycarbonate filters (Gelman) mounted in an acid-washed 
polycarbonate filter holder (Sartorius AG, Germany). Each sample was divided in 
two subsamples; the first was filtered and transferred to a new acid-cleaned 
(LPDE) bottle and the second remained unfiltered. Then, both samples were 
acidified to pH 2 (HNO3 65 %, Merck Suprapur), bagged and stored pending 
analysis. The typical low levels of the suspended particulate matter (0.3-0.5 mg L-1 
of which ~90% is organic material (Kuss and Kremling, 1999) that is assumed to be 
broken down with the acidification and subsequent UV digestion) allow us to make 
the assumptiom that the analysis of metals in the unfiltered samples provide a 
good estimation of the total (dissolved + particulate) concentrations in the water 
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On the other hand, one sample from the original cargo of the Prestige 
tanker together with four samples of emulsioned fuel collected from December 
2002 to January 2003 in the nearshore of the Galician Western Littoral were 
analysed. After collection, they were kept in hermetically-closed polyethylene vials 
and preserved at -20ºC. 
 
11.2.3. Analytical Methods 
 
The levels of Cu, Ni and V in the water samples were determined using an 
electroanalytical methodology for the simultaneous determination of Cu, Ni and V 
developed at our laboratory (Cobelo-Garcia et al., 2005). The method consists on 
the Adsorptive Cathodic Stripping Voltammetric (AdCSV) procedure using a 
mixture of ligands: dimethylglioxime (Riedel-de Haën) and pyrocatechol (a.k.a 
catechol, Fluka). The detection limit was found to be 0.5 nM for Cu, 0.4 nM for Ni 
and 0.3 for V. A Metrohm VA-694 equipped with a hanging mercury dropping 
electrode (HMDE) as the working electrode, a Ag/AgCl as the reference electrode 
and a Pt wire as the counter electrode were used in the determinations. 
Voltammograms were recorded using a Metrohm VA-693 processor. 
The determination of metals in natural waters requires the previous 
breakdown of interfering organic matter. Therefore, 50 mL aliquots of the samples 
were UV-digested for 40 min using and in-line low pressure mercury lamp (Cobelo-
Garcia, 1999); samples were pumped through the digestor using a peristaltic 
pump. After digestion, aliquots of 9 mL were pipetted into 10 mL PFA tubes and 
the pH was adjusted with NH4OH (Merck Suprapur) and HEPES (Sigma-Aldrich 
Ultra) to a final pH of ~7.2, and the ligands were then added. Samples were then 
transferred to a Teflon-made voltammetric cell and analysed by means of the 
standard addition method. One procedural blank was analysed every five samples 
and therefore results presented in this study were blank-corrected. The accuracy of 
the analytical methodology was checked by means of the analysis of the seawater 
reference material CASS-4, finding good agreement with the certified values (Table 
XI.1). 
 
Table XI.1. Accuracy of the analytical procedure: AdCSV determination of Cu, Ni and V in 
seawater reference material CASS-4 (nearshore seawater) compared to the certified values. 
Units are in nM. Five replicates were analyzed. 
x ± σ, nM Cu Ni V 
Analyzed 9.7 ± 0.9 5.4 ± 0.8 22.1 ± 1.3 
Certified 9.4 ± 0.9 5.4 ± 0.5 23.2 ± 3.1 
 
 
On the other hand, the levels of Cu, Ni and V in fuel samples were 
determined. At the laboratory, three subsamples of each fuel sample were 
microwave-digested (Milestone 1200 Mega) in Teflon bombs in a mixture of 4 mL 
of HNO3 (65% Merck Suprapur) and 1 mL of H2O2 (30%, Merck Suprapur) and 
following the standard Milestone digestion procedures for oil samples. Digests – 
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including five procedural blanks – were diluted to 25 mL using polypropylene 
volumetric flasks and stored at 4º C pending analysis. The determination of these 
three metals was carried out by means of Electrothermal Atomic Absorption 




11.3.1. Metals in fuel 
 
During the four months following the sinking of the Prestige tanker, the fuel 
spilled contaminated the Galician shoreline; samples were then collected in 
different places of western littoral in order to analyse the concentrations of these 
three metals (Cu, Ni and V). Results are shown in Table XI.2 together with the 
original cargo fuel analysis. Since this heavy fuel, one week after his exposure to 
water, forms emulsions containing 48-50% of seawater (Le Cedre, 2002, Albaiges 
and Bayona, 2002; Informes Tecnicos del CSIC, 2002), data were therefore 
corrected multiplying by a factor of two the measured metal content. Values for Cu, 
Ni and V in the heavy fuel are within typical values of this fuel type 6, UK 
classification (Butt et al., 1986). Comparing the original tanker fuel with the 
samples reaching the coast, the emulsioned fuel lost one third of Cu and Ni, 
whereas most of V remained in it. Using the percentages for each metal desorbed 
from the fuel (32% of Cu, 34% of Ni and 18% of V), and the concentrations for 
these metals in the fuel (3.39 μg g-1 for Cu, 96.5 for Ni and 382 μg g-1 for V), the 
amount of each metal released from the original cargo fuel to the water column 
was estimated resulting in 16 kg of Cu, 492 kg of Ni and 1031 kg of V. 
 
 
Table XI.2. Concentration of Cu, Ni and V in the original cargo fuel of Prestige and their levels in 
four fuel patches deposited (water emulsion effect was corrected) in the west Galician littoral during 
the three months after the tanker accident. 
  x ± σ    μg g-1 Cu Ni V 
Original fuel 3.39 ± 0.31 96.5 ±   9.0 382 ± 32 
Fuel arriving coast 2.32 ± 0.60 64.0 ± 11.2 312 ± 54 
 
 
11.3.2. Total metals 
Values of total Cu, Ni and V in the sampling area are shown in Figure XI.2. 
The means and the standard deviations for each point have been calculated using 
three replicates of the same sample. Levels of Cu along the continental shelf 
ranged between 2.0 and 3.3 nM, those for Ni between 3.4 and 4.7 nM and those 
for V between 22.7 and 30.6 nM for surface samples (5 m depth). In bottom 
samples (60-100 m depth depending on the station depth, i.e. 10 m above the 
bottom), the levels varied between 1.7 and 3.3 nM for Cu, 2.9 and 4.8 for Ni and 20 
and 32 nM for V. 
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11.3.3. Dissolved metals  
 
Results of dissolved Cu, Ni and V in the Western Galician Shelf at early 
spring in 2003 are shown in Figure XI.2. Cu concentrations found ranged between 
0.8 and 3.1 nM in surface waters whereas for bottom samples are lower, from 0.7 
to 1.5 nM. Nickel values ranged from 2.6 to 3.5 nM in surface and from 1.8 to 3.1 
nM at deep waters. V concentrations varied from 18.6 to 30.6 nM while for bottom 
samples ranged from 15.5 to 28.2 nM. The behaviour for these three metals 
followed a similar pattern, finding higher concentrations at surface seawaters. 
 
11.3.4. Particulate metals 
 
Metal concentrations in the suspended particulate mater (SPM) were 
calculated as a difference between total and dissolved metals. These levels are in 
the range of 0.2-2.2 nM for Cu, 0.3-2.0 nM for Ni and lower than 7 nM for V in 
surface, and 0.6-2.7 nM for Cu, 0.5-2.7 nM for Ni and lower than 6 nM for V in the 
bottom samples; generally, lower metal values were found in surface waters. In 
general, the importance of the particulate phase of these metals increases with 
depth, suggesting a sediment resuspension or the SPM sedimentation from the 
superficial layers. For Cu, the concentrations in the SPM are in the range of 
dissolved values, showing its strong biological uptake, whereas particulate Ni and 
V concentrations are considerably lower than in the dissolved phase. For this 
reason, when these two particulate metals were quantified from the difference 
between the total and dissolved metal concentrations, their resulting 
concentrations in the SPM are close to the analytical errors, which was already 
observed for the open North Atlantic waters (Boyle et al., 1981). Therefore, in order 
to improve the reliability of the particulate concentrations data of Ni and V in SPM-
poor and uncontaminated waters, another different methodological approach 

















































Figure XI.2. Dissolved and total concentrations (nM) of Cu, Ni and V in surface (left graphics) 
and bottom (right graphics) along the Western Galician Shelf, from station 1 (km 0) to station 8 
(km 110) in Figure XI.1. Horizontal broken lines show the natural levels for these metals in Open 
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11.4. Discussion  
 
Considering the hydrography in the area of the Western Galician Shelf 
(Prego et al., 2001), a water mass resulting from winter mixing was detected 
(Figure XI.3). Some differences were only observed due to the influence of 
freshwater inflow into the rias, mainly noticeable at stations 3, 4 and 6, and the 
ocean seawater at station 6 from 20 to 50 m depth. However, deep waters can be 
considered hydrologically identical at all shelf stations according to their salinity-
temperature properties. Thus, metal concentrations in the bottom shelf waters off 
the Western Rias should be similar; this is confirmed by the Cu, Ni and V 
concentrations measured at these stations (Figure XI.2). Values for the total metal 
concentrations are slightly higher compared with the reference values in the Open 
North Atlantic Ocean reported in the literature (Figure XI.2): 0.7-2.0 nM for Cu, 1.6-
3.5 nM for Ni (Saager et al., 1997) and 32-35 nM for V (Jeandel et al., 1987; 
Middelburg et al., 1988), which may be explained by the influence of the 
continental inputs in this nearshore shelf area. The concentrations for the dissolved 
phase are within the typical surface (0-200 m depth) values for the Northeast 
Atlantic Ocean: 1.0-1.3 nM for Cu (Donat and Bruland, 1994); 1.6-3.6 nM for Ni 
(Millero and Sohn, 1992) and 15-35 nM for V (Donat and Brulan, 1995). Although 
the lack of data for the particulate phase of these metals is evident, we have found 
that the levels of particulate metals in the Open North-Atlantic waters in front of the 
Iberian Peninsula range between 0.08-0.1 nM for Cu  and 0.025-0.050 nM for Ni 
(Kuss and Kremling, 1999. The levels of particulate V in coastal waters are about 
5.5 nM (Jeandel et al., 1987). Comparing these data with our measurements for 
the particulate phase, we can conclude that the higher values in Cu and Ni in our 














Figure XI.3. Salinity – Temperature diagram of the water column from the CTD data obtained at the 
stations shown in Figure XI.1. 
 
From these results we can conclude that, four months after the 
catastrophe, an evident seawater contamination of Cu, Ni and V from the heavy 
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(stations 6 and 7, Figure XI.2) near to Ons and Cies Islands (Figure XI.1) showed 
Cu concentrations of 3.1 ± 0.2 nM and 2.7 ± 0.5 nM in the dissolved phase, 
respectively, which are higher than pristine levels off the Galician Shelf, i.e. 0.7-1.3 
nM of Cu (Millero and Shon, 1992) and also according to the salinity-metal range 
observed in the shelf (Figure XI.4). Two main sources of Cu at those stations may 
be considered:  
 
(i) One source may arise from the weathering of the heavy fuel deposited 
on the shores of the Ons and Cies islands, yet remaining at the spring 
2003. This fuel may have released a significant amount of Cu to increase 
its concentrations in the neighbouring waters, as it was observed in the 
Prestige shipwreck zone (Prego and Cobelo-Garcia, 2004). This possibility 
is also suggested by the decrease in the metal content of the coastal fuel 
(Table XI.2), which lost 21-44 % of Cu, 29-39 % of Ni and 12-26 % of V.  
However, if we consider the 300 km3 of seawater contained in the Western 
Shelf, the metal concentration in the heavy fuels (Butt et al., 1986; Patin, 
1999) and the natural levels of dissolved metals in the ocean seawaters 
(Millero and Shon, 1992), the overall shelf water increase of V, Ni and Cu 
due to the Prestige spill would be lower than 1% of their pristine 
concentrations. Nevertheless, the fuel is not homogeneously distributed 
and the remaining presence of significant amounts of fuel in semi-enclosed 
nearshore areas subject to long renewal time should be considered as a 
potential source for metal contamination. 
(ii) The other source to consider is the continental inputs from the 
industrial and urban effluents from the Pontevedra and Vigo rias. 
Accordingly, in the inner and middle zones of these rias higher 




Table XI.3. Reference natural values obtained in this work for Cu, Ni and V (nM) in three 
phases (total, dissolved and particulate) for the Western Galician Shelf. 
 Cu Ni V 
Total 1.7 - 3.4 2.9 - 4.8 19.7 - 32.3 
Dissolved 0.7 - 1.5 2.2 - 3.3 15.5 - 27.0 
Particulate 0.6 - 2.6 0.3 - 2   1.2 -   7.2 
 
 
Results reported in this study represent the first dataset of Cu, Ni and V in 
the Galician Continental Shelf, and therefore they are also useful to establish 
typical natural values for these metals in this NE Atlantic area. These values were 
calculated from results at stations 1 to 5 and 8, and are shown in Table XI.3. 
However, more research on metals in the Galician waters should be undertaken in 
future work in order to define their annual cycle and biogeochemical processes. 
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Figure XI.4. Dissolved metal concentration versus salinity in the shelf stations. 
Open circles represent surface samples, shaded circles bottom samples. 
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Abstract. The water column above the Prestige wreckage was sampled during two 
consecutive campaigns: Prestinaut (December 2002) two weeks after the tanker 
sunk and HidroPrestige0303 (March 2003) one month after the sealing of the main 
fuel leaks. Samples of the original cargo fuel and the emulsified fuel in the surface 
of the ocean were also collected. Analysis of the fuel indicated the release of 135 
kg of Cu, 1700 kg of Ni and 5300 kg of V from the original fuel to the water column, 
remaining 35 kg of Cu, 3100 kg of Ni and 13800 kg of V in the emulsified fuel. The 
metal partitioning between the water column and the emulsioned floating fuel, 
Cu>Ni~V, are in accordance with the stability index for the metal-nitrogen bond in 
metalloporphyrins. This release had an impact on dissolved trace metal 
concentrations in the water column. An increase on dissolved copper (2.8-4.7 nM) 
and nickel (2.2-8.0 nM) with respect to natural values (1-3 nM for Cu and 1.6-5 nM 
for Ni) was observed. Values for vanadium (28-35 nM) were in the range of pristine 
North Atlantic waters (30-36 nM). This contamination was especially observed in 
the upper water column (0-50 m), associated with the mixing of seawater with the 
fuel moving upwards, and in deep waters, where the residence time of fuel is 
higher. Future research in this field should focus on the environmental variables 
and the processes that control the release of contaminants from fuels for a better 
assessment of the contamination in oil spill events. 
 
Keywords: Copper; Nickel; Vanadium; Seawater; Contamination; Oil spill; Heavy 





















INFLUENCE OF THE HEAVY FUEL SPILL FROM THE PRESTIGE TANKER 
WRECKAGE IN THE OVERLYING SEAWATER COLUMN LEVELS OF 




In the complex mixture of hydrocarbons that are crude oils, non-
hydrocarbon compounds – including metals and  sulphur – may represent up to 
25% of the oil (Clark, 2001). Metal concentrations in fossil fuels may vary 
according to their oilfield source (Filby and Van Berkel, 1987), though the highest 
values are generally found for nickel and vanadium.  
Due to their low volatility, metals are concentrated in the residual heavy 
fuels during the fractional distillation of petroleum (Butt, 1986), remaining in the 
black, viscous distillation tower bottoms. This product, named as heavy fuel-oil nº6 
(U.K. classification; Reid, 1973) contains from 10 to 500 µg g-1 of V and Ni in 
complex organic molecules, mainly in the form of metalloporphyrins (Perry and 
Chilton, 1973). Other metal concentrations reported in the literature for this type of 
fuels range from 0.8-1.0 µg g-1 for Cd, 2 µg g-1 for Pb and Co, 1-73 µg g-1 for Zn, 
and 3-148 µg g-1 for Cu (Allouis, 2003; Reddy 2005).  
This heavy fuel-oil nº6 was the type of fuel transported by the Prestige 
tanker; recent studies have shown that it was rich in sulphur (2.6%; Albaigés and 
Bayona, 2002) and contained significant amounts of metals (Prego et al., 2005), 
especially V (~400 µg g-1) and Ni (~100 µg g-1). In spite of the relative importance 
of trace metals in these heavy fuels and crude oils, little attention has been paid to 
their potential contamination derived from oil spills, being the hydrocarbons the 
only pollutants extensively studied (Patin, 1999). This is reflected in the few 
publications studying the metal enrichment of the environment following oil spill 
events. Apart from the ones published after the Prestige accident in the coast of 
Galicia (Prego and Cobelo-García, 2004; Santos-Echeandia et al., 2005), there are 
few references for similar situations, i.e. the Kuwait coasts after the Gulf War 
(Fowler et al., 1993), the fresh and marine Egyptian waters contaminated from 
tanker oil loading and waste discharge (Shimy 1997), and the drilling wastes from 
petroleum production in platforms (Middleditch, 1981), the later amounting up to 
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22,000 t of oil and about 100,000 t of inorganic chemicals into the North Sea 
(Davies and Kingston, 1992). 
Unfortunately, oil-tanker accidents occur occasionally, representing 12% of 
the total oil input to the marine environment (Baker, 2001). In the last 40 years 
around 100 oil-spill related accidents took place all around the world (e.g. Exxon 
Valdez, Alaska in 1989; Gulf War, Persian Gulf in 1991), being the west coast of 
Europe the most damaged place (e.g. Amoco Cadiz, France in 1978; Erika, France 
in 1999; Baltic Carrier, Germany and Denmark in 2001). Almost half of this quantity 
occurred in the Iberian Peninsula (e.g. Polycommander in 1970; Urquiola in 1976; 
Aegean Sea in 1992), being the Prestige accident in 2002 the last example of 
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On 13th November 2002, the Prestige oil tanker, transporting 77,000 tons 
of fuel, started to crack and vast amounts of fuel were dumped in a wide region of 
the North East Atlantic Ocean (Sasemar, 2002) until its final breakage into two 
pieces and sinking on 19th November. This contamination event affected all 
western Galician shelf during the following weeks, and the influence of this fuel spill 
in the levels of Cu, Ni and V in the water column of the Western Galician Shelf was 
already reported (Santos-Echeandia et al., 2005). Once in the sea bottom of the 
Galician bank slope (Figure XII.1), the tanks - still containing 64,000 tons of fuel 
(Bohannon, 2002) - released it through several leaks: from December 2002 to 
February 2003, 700 t·d-1 were released until the retaining works diminished this 
flow down to 2 t·d-1 on March 2003 when the tanker sunk was sealed. This 
represented a new contamination event in the sinking area and no information has 
been reported on the influence of the oil spill in the levels of Ni and V of the 
neighbouring water column, and therefore constitutes the main objective of this 
study. Several months later (November 2003) the remaining 14,000 t were 
extracted from the tanks in a controlled way by the M/V Polar Prince. 
Nineteen inorganic elements present in the fuel oil spilled by the Prestige 
have been already quantified (Prego et al., 2005), but only Mo, Ni, Se and V 
concentrations were in the range or higher than the Galician coastal sediments; 
however no significant concentration changes in their concentrations were 
observed before and after the tanker catastrophe (Prego et al., 2006). With respect 
to dissolved metals, V and Ni are the most important to study due to their 
significant enrichment in the heavy fuel. On the other hand, an increase of copper 
concentration was observed in the seawater of the spillage area (Prego and 
Cobelo-García, 2004). This study, therefore, assess the effect of the continuous 
fuel flow from the tanker sunk on the Cu, Ni, and V concentrations of the 
surrounding water column.  
 
12.2. Material and Methods 
 
12.2.1. Seawater samples 
 
Samples were taken during two consecutive opportunistic cruises in the 
Prestige tanker shipwreck area in the North East Atlantic Ocean (bow at 42º 
10.6’N, 12º 03.8’W and stern at 42º 12.4’N, 12º 02.9’W; Figure XII.1). The first 
sampling - Prestinaut campaign on 4-8 December 2002 on board R/V Atalante - 
took place two weeks after the Prestige sunk. The second one - on board R/V 
Cornide de Saavedra during HidroPrestige0303 campaign on 29 March 2003 - was 
carried out one week after the sealing of the fuel leaks from the Prestige wreckage. 
Four sets of ten water samples at different depths were taken during the first cruise 
while during the second twelve samples were collected, comprising the different 
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Figure XII.2. Vertical profile of  salinity and temperature (in Celsius) in the study area 
obtained from the CTD. Continuous line represents the 2003 campaign and open circles 
the 2002 one. Principal water masses in the area are remarked. 
 
 
Samples were collected from the vessel using Go-Flo (General Oceanic) 
bottles, with the exception of the deeper ones (>3500 m depth) in the first 
campaign, which were taken from the Nautile manned submersible using a Niskin 
(General Oceanic) bottle. Once on-board, samples were transferred to 500 mL low-
density polyethylene bottles. Bottles were previously acid-washed (10% nitric acid) 
for a week, rinsed (five times) with Milli-Q50 water, filled with Milli-Q50 water acidified 
to pH 2 using 65% HNO3 (Merck Suprapur) and stored in zip-lock plastic bags. Just 
before taking the samples, the bottles were emptied and rinsed with the sample; 
once the samples were taken, the bottles were again packed in zip-lock bags and 
frozen. At the onshore clean laboratory, samples were thawed in a fridge and 
acidified using 65% HNO3 (Merck Suprapur) to pH 3 pending analysis. 
The determination of Cu, Ni and V was carried out by means of adsorptive 
cathodic stripping voltammetry (AdCSV) using a 745 VA trace analyser (Metrohm) 
attached to a 695 Autosampler (Metrohm), using the method developed in our 
laboratory for the simultaneous determination of these three metals (Cobelo-García 
et al., 2005). Prior to analysis, samples were digested for 1 h using a Metrohm 705 
UV digestor in order to break down the organic matter. The complete analytical 
procedure was undertaken inside a clean laboratory and clean techniques were 
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blank every five samples – were run. The accuracy of the analytical procedure was 
checked using certified reference material (CASS-4, Coastal Seawater; NRC, 
Canada) obtaining good agreement with the certified values (Table XII.1). Errors 
were always below 5%. 
 
Table XII.1. Results (nM) of the analysis (n=4) of the CASS-4 (NRC, 
Canada) seawater certified reference material. 
 Cu Ni V 
Analysed 9.2 ± 0.8 5.4 ± 0.8 22.1 ± 1.3 
Reference 9.3 ± 0.9 5.4 ± 0.5 23.2 ± 3.1 
 
 
12.2.2. Fuel samples 
 
One week after the Prestige wreckage, emulsified fuel was detected from 
airplanes in the overlying surface ocean area. Then, two kind of heavy fuel 
samples from Prestige tanker were taken during the first cruise, two weeks after 
the shipwreck. An original sample of the wreckage emerging fuel was collected at 
the sea bottom with the aid of the Nautile submersible. Another sample of the 
emulsified fuel in the ocean surface was taken from a boat of the R/V Atalante. 
Both samples, kept inside acid-washed plastic flasks (250 mL), were frozen at –
20ºC.  
Once at the onshore clean laboratory, seven subsamples of 100-150 mg 
were weighed and digested in a mixture of 4 mL of HNO3 (65% Merck Suprapur) 
and 1 mL of H2O2 (30%, Merck Suprapur) in Teflon bombs usign a microwave oven 
(Milestone 1200 Mega), in accordance with the Milestone digestion procedure for 
oil samples. Samples, including five blanks, were diluted to 25 mL using 
polypropylene volumetric flasks and stored at 4ºC until analysis. Cu, Ni and V, 
were determined by electrothermal atomic absorption spectrometry (ET-AAS) in a 
Varian 220 apparatus equipped with Zeeman background correction using the 
method of standard additions. 
 
12.3. Results and Discussion 
 
12.3.1. Changes in metal concentrations in the water column 
 
With the exception of the upper layers (0-10 m) where Cu concentrations in 
December 2002 and March (2003) campaigns ranged in similar intervals (3-5 nM), 
values in the water column change substantially from 1-2 nM to 3-5 nM. Nickel 
values were between 2.2 and 7.6 nM in December, and slightly higher, 4.8-8.2 nM 
in the second campaign (Figure XII.3). Levels of V ranged from 29 and 34 nM in 
the first cruise, being similar, 28 to 36 nM, four months later.  
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Figure XII.3. Depth profiles of dissolved metal concentration (Cu, Ni & V) in the water column above the 
Prestige tanker sunk. Grey line represents the 2002 campaign levels and black line represents the 2003 
campaign ones. Errors were always lower than 10%. Natural ranges for these metals in North Atlantic 
Ocean waters are represented with broken lines. 
 
 
Typical dissolved values for these trace metals in the Eastern Atlantic 
Ocean are also indicated in the Figure XII.3. Copper ranges within 0.7 and 2.0 nM 
in the surface layer (0-200 m) and between 1.0 and 3.2 nM in deep waters (Saager 
et al., 1997; Le Gall et al., 1999). With the exception of the first 20 m, levels found 
in this study for the 2002 campaign are within the range of typical concentrations 
for this area of the NE Atlantic. However, Cu concentrations in 2003 were higher 
than natural values in the entire water column.  
Nickel in the North Atlantic waters typically ranges from 1.6 and 3.5 nM in 
surface (0-200 m) waters, increasing to 6.3 nM at deep waters (Saager et al, 1997; 
Millero and Sohn, 1992). With respect to these natural values, Ni was found to be 
enriched in the area under study in both campaigns: in 2002 for the upper layer 
and for entire water column in 2003. Reported V concentration in the North Atlantic 
ranges from 30 to 36 nM in the 0-600 m layer and between 32 and 36 nM for 600-
4000 m (Jeandel et al, 1987; Middelburg et al, 1988). Although concentrations 
found in this study are within pristine conditions, levels of V in bottom waters were 
higher in 2003. 
Thus, taking into account the ‘uncontaminated’ levels reported for the NE 
Atlantic Ocean, an increase on metal concentration in the superficial layer, 0-50 m 
of depth, was detected in the shipwreck area two weeks after the Prestige tanker 
sunk. On March 2003, just after the tanker sunk was sealed, the enrichment of Cu 
and Ni was observed in the entire water column, being their values 230±30% 
higher than previously reported in the literature for both metals. The 50,000 t of 
heavy fuel released from the abyssal bottom (3500-3800 m depth) to the ocean 
surface from December 2002 to February 2003 is supposed to have had a 
significant impact in this metal enrichment. However, no enrichment was observed 
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for V, which only shows a small increase near surface and bottom of the water 
column, not exceeding significantly in any case the natural range (<116%).  
 
12.3.2. Release of metals from the fuel and their dilution in seawater 
 
The extent of the release of metals from the fuel to the water column and, 
therefore, the increase in metal concentrations in the water column is mainly 
dependent on two factors: 
 
(a) The metal content and the stability of the metal complexes in the fuel. 
Results of the analysis of metals (Cu, Ni and V) in the original leaking fuel 
samples taken at 5 m above the Prestige shipwreck are shown in Table 
XII.2. Thus, around 170 kg of Cu, 4,850 kg of Ni and 19,100 kg of V had 
the potential to be released in the dissolved form to the water column 
during the December-February spill of 50,000 t of heavy fuel (Figure XII.5). 
Nevertheless, the emulsified fuel floating on the ocean surface still had 
significant amount of metals (i.e. 277 µg g-1 of V, Table XII.2). 
Consequently, Cu, Ni and V were only partially exported to the water from 
the rising fuel, i.e. 20% of Cu (35 kg), 60% of Ni (3,100 kg) and 72% of V 
(13,800 kg) remained retained in the emulsified fuel (Figure XII.5). These 
percentages of metal retained in the fuel were similar to the ones reported 
for Ni (66%) and V (82%) by Santos-Echeandia et al. (2005) during a 
previous oil-spill from the Prestige in the Galician Shelf.   
 
Table XII.2. Trace metal concentrations (µg g-1) in the original cargo fuel 
and in the emulsified fuel recovered in the sea surface (emulsion factor 
corrected). Percentage of release for each metal is also presented. 
 
 Original Emulsified % Released 
Cu 3.58 ± 0.76 0.73 ± 0.01 80 
Ni 96.5 ±  2.2 64.0 ±   1.9 35 
V 382  ±   11 277  ±   10 28 
 
 
The metal partitioning between the seawater column and the emulsioned 
floating fuel may be explained according to the stability index for the metal-
nitrogen bond in metalloporphyrins proposed by Buchler (1975). So, the 
significant different ratios of metal released from the fuel between Ni-V and 
Cu is a consequence of the different stability of their complexes with 
porphyrins in the fuel (Callot and Ocampo, 2000) where these macrocycles 
enhance the stability of the metal ion through the four-coordinated bonds 
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Figure XII.4. Vanadyl and nickel deoxophyllo-
erythroetioporphyrins (DPEP). Treibs (1936) postulated 
that DPEP was the product of chlorophyll diagenesis and 
predicted DPEP structure in petroleum. 
 
 
Quirke (1987) noted the predominance of nickel and vanadium porphyrins 
in the geosphere, where the VO(II), i.e. vanadyl, is the most stable one. 
Water molecules can coordinate by H-bonding through the oxo-
vanadium(IV) bond that is sterically projecting out from the centre of 
porphyrin ring (Pettersen, 1969; Figure XII.4). The release of vanadium 
and nickel from the oil phase to the aqueous phase, as cations VO2+ and 
Ni2+, is extremely low (Cantu et al., 2000) but the vanadyl  added to 
seawater is quickly oxidised to vanadate (7 min of half-lives for the 
oxidation rates; Pyrzyriska and Wierzbicki, 2004), the most stable specie in 
seawater (HVO42- and H2VO4-; Millero and Sohn, 1992). Only when pH 
decreases to 2 and the water was degassed the vanadyl could exist 
(Nukatsuka et al., 2002). So, if the VO2+ is released from the fuel will be 
easy oxidised to vanadate in the pH 8 (Table XII.3) and well oxygenated 
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Cu(II) porphyrins are not in evidence in the petroleum producing geological 
environment where geoporphyrins occur in high abundances only in their 
Ni(II) and VO(II) forms (Foster et al., 2002). In this way, Falk (1964) found 
that vanadium really replaces copper in DPEP 
(deoxophylloerythroetioporphyrin), Figure XII.4. Thus, copper in the heavy 
fuel of Prestige spill is not such strong complex as the other two metals 
and may be easy released to the seawater, as it is observed from the low 
content of Cu in the emulsioned fuel (Table XII.2). However, in a previous 
contaminant event around 68% of the Cu reached the coast retained in the 
fuel (Santos-Echeandia et al., 2005). A different mixing process, fuel rising 
from the ocean bottom or fuel transport in the surface seawater, could be 
the reason of this different retention percentages. 
 
(b) The metal dispersion in the water column. The residence time of the 
fuel in each water mass of the water column is different (Table XII.3). 
Therefore it was expected to observe a different pattern on the increase in 
metal concentrations along the water column. This residence time is a 
function of both the vertical and horizontal velocities. Using the Stokes law 
(Landau and Lifchitz, 1971) and a simplified scenario (fuel-oil as a 
spherical drop and motionless seawater), the rising velocity of the fuel was 
estimated to be three times higher in the surface layers than in bottom 
waters (Table XII.3). Moreover, measured currents in the same 
geographical area (Arhan et al., 1991; Díaz del Río et al., 2003) indicate 
that horizontal velocities are much higher in surface than in bottom waters 
(Table XII.3). Thus, the higher residence time of fuel in bottom waters will 
help trace metals to be released and maintained at a higher extent at deep 
waters, as observed in Figure XII.3. The increase of dissolved metal 
concentrations also found in surface waters (Figure XII.3) suggests that the 
water stirring and mixing, as a result of meteorological conditions, 
enhances the dissolution of the fuel. 
 
Influence of the heavy fuel spill from the Prestige tanker wreckage in the overlying seawater 
column levels of copper, nickel and vanadium (NE Atlantic Ocean) 
 272



















































































































        170   kg Cu 
      4800   kg Ni 
    19100   kg V 
fuel    rising 
      220   kg of Cu 
    6200   kg of Ni 
  24400   kg of V 
Prestige wreckage 
          35    kg Cu 
 3100    kg Ni 
    13800    kg V 
emulsified fuel 
sea surface 
     135  kg Cu 
       1700  kg Ni 
       5300  kg V 
released 
seawater column 
        45   kg of Cu 
    1300   kg of Ni 
    4800   kg of V 
removed 
Polar Prince works 
 
Figure XII.5. Budget of the metals in the 64,000 ton of heavy fuel in the Prestige wreckage tanks. 80% 
of this fuel was released to the water column and sea surface and the most part of the remaining fuel 
was removed by the M/V Polar Prince.    
 
 
From the fuel content in the tanker sunk, the amount spilled from the 
wreckage in the ocean floor, and the trace metal concentrations in the original 
cargo and emulsified fuel, the metal budget was calculated (Figure XII.5); 135 kg of 
Cu, 1700 kg of Ni and 5300 kg of V were released from the original fuel to the 
water column, increasing the dissolved metal levels of the neighbouring water 
column; 35 kg of Cu, 3100 kg of Ni and 13800 kg of V remained in the emulsified 
fuel. Therefore, it is important to take in account the potential contamination risks 
by metals when this emulsified oil, still rich in Ni and V, impacts the littoral (Gray 
and Brewers, 2001) and is ultimately degraded, naturally or by means of 
bioremediation (Medina-Bellver et al., 2005), on the shoreline of Galician coasts. 
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SUMMARY AND GENERAL CONCLUSIONS 
 
This thesis reports a detailed and extensive study of trace metal levels and 
processes in the Vigo Ria and its adjacent coastal waters. It has dealt with a lot of 
the gaps remained about trace metal investigation in Galician Rias, coastal and 
adjacent waters. In order to produce reliable results, trace metal clean techniques 
have been employed and the accuracy of the analytical procedures has been 
checked through all the work with appropriate Certified Reference Materials. The 
thesis is comprised of four main parts: an Introductory description of estuarine and 
coastal biogeochemistry, a description of the concentrations and fluxes of metals 
within the Vigo Ria, an examination of copper speciation and behaviour in the 
continental inputs and during estuarine mixing in the ria and finally a description of 
the impact of the sinking of the oil tanker, Prestige, on trace metals in fertile coastal 
waters. Each part is divided into self-contained chapters including relevant 
references. 
Part I 
The first part of the thesis is a comprehensive review of the 
biogeochemistry of trace metals in estuaries and coastal waters. The potential 
significance and impact of trace metals in the fertile Galician rias was recognised 
very recently in the benchmark review by Prego and Cobelo-Garcia (2003), who 
pointed out the dearth of research into metals. The importance of the use of clean 
techniques and procedures for trace metal determination is highlighted together 
with the necessity of checking results using Certified Reference Materials. The 
Aims and Scope of the study are then described in a systematic and positive 
manner giving the confidence that the thesis contains new and novel information. 
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Part II 
This part is composed of five chapters. The first one deals with the 
development of an electrochemical method for the simultaneous determination of 
dissolved copper, nickel and vanadium in seawater. While determinations of 
dissolved copper and nickel are relatively common, reports of determinations of 
dissolved vanadium are rare, despite the fact that vanadium is a biologically active 
element. Having developed an innovative approach, this electrochemical method, 
along with other methods for quantifying the particulate phase, have been applied 
to establish the baseline (or background) concentrations of dissolved, particulate 
and sedimentary trace metals in the Vigo Ria area and its adjacent coastal waters. 
The exchange of metals between the Ria and the coastal ocean together with the 
sediment-water fluxes of dissolved forms of the elements have been quantified. 
Finally a sequential extraction was applied to the sediments in order to investigate 
sedimentary speciation of the elements. From these studies, several conclusions 
have been reported: 
- The method proposed is useful and suitable for the direct simultaneous 
determination of Cu, Ni and V in estuarine, coastal and open-ocean 
samples by means of adsorptive cathodic stripping voltammetry (ACSV). 
Maximum sensitivity was obtained by using a DMG and catechol 
concentrations of 0.5 mM and 0.7 mM, respectively, a pH solution of 7.35 
and an adsorption potential of -0.35 V. 
- Regarding trace metal levels inside and outside the ria during an annual 
cycle, values were in general higher inside the Vigo Ria (0.1-0.5 nM for Pb, 
0.02-0.10 nM for Cd, 0.2-1.7 nM for Co, 1.1-9.3 nM for Cu, 1.7-7.8 nM for 
Ni, 16.2-36.9 for V and 4.6-19.1 nM for Zn) than in the adjacent coastal 
waters (0.03-0.43 nM for Pb, 0.01-0.12 nM for Cd, 0.2-0.7 nM for Co, 1.2-
8.2 nM for Cu, 1.2-7.9 nM for Ni, 23.1-38.5 for V and 0.8-13.1 nM for Zn). 
This can be explained by the vicinity of the main anthropogenic inputs. 
Seasonal trends were observed, with systematic higher values for Pb, Cu, 
and Zn during the wet season, reflecting a land-based input; Cadmium, Co, 
Ni and V showed higher values during upwelling events in the dry season 
indicating a significant oceanic origin. 
- When talking about ria-estuary exchange of trace elements, dissolved 
metal concentrations ranged between 0.01-0.18 nM for Cd, 0.5-1.9 nM for 
Pb and 4-44 nM for Zn in the Rande Strait. Compared to Zn (16±12%) and 
especially Cd (5.4±5.0), particulate metal represented a significant fraction 
of the total concentration for Pb (41±21%). Budget calculations show that 
the estuarine zone exports metals to the ria during the spring tides. During 
neap tides, only Pb is exported whereas Cd is imported. Net fluxes of 
dissolved Cd and Zn are higher than in particulate phase whereas for Pb 
an inverse situation was observed. Except for Pb, the budgets obtained for 
Vigo Ria are one to two orders of magnitude lower than those measured in 
large European estuaries. 
- Dissolved trace metal concentrations in the pore waters of the Vigo Ria 
ranged between 1.7-23.2 nM for cobalt (Co), 1.5-131 nM for copper (Cu), 
19.5-159 nM for nickel (Ni), 0.02-19.3 nM for lead (Pb), 5.4-260 nM for 
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vanadium (V) and 0.2-241 nM for zinc (Zn). Values were higher in the ria 
axis for Cu, Pb and Zn while the rest of the elements (Co, Ni, V and Zn) 
were more abundant in the shipyard area. 
- The profiles of these metals were affected by the redox processes present 
in the sediments which were monitored by means of manganese (Mn) and 
iron (Fe) levels and pH values in the pore waters. Cu and V presented 
higher levels in the oxic- superficial layers, by degradation of organic 
matter, and decreased with depth. An increase of V in the deepest waters 
usually occurred by association with organic dissolved ligands. Co and Ni 
followed the chemistry of Mn and were absent in surface oxic layers 
increasing their levels in the manganese reduction zone. Lead and Zn 
showed very irregular profiles because they are not as redox sensitive as 
Ni or Co and their complexing capacity with organic material is not as 
active as the Cu case. 
- The overlying waters oscillated between 0.7-2.1 nM for Co, 5.5-50.5 nM for 
Cu, 4.6-10 nM for Ni, 1.4-9.1 for Pb, 5.7-28.5 nM for V and 14.6-66.5 nM 
for Zn. 
- Using the Fick´s first law of diffusion, benthic fluxes of these trace 
elements have been estimated. Dissolved trace metal fluxes oscillated 
between 0.03-0.24 nmol cm-2 y-1 for Co, -0.02-1.11 nmol cm-2 y-1 for Cu, 
0.16-1.70 nmol cm-2 y-1 for Ni, -0.14-0.03 nmol cm-2 y-1 for Pb, 1.52-4.35 
nmol cm-2 y-1 for V and -0.37-0.90 nmol cm-2 y-1 for Zn. Fluxes were higher 
in the ria axis for Cu, Ni, V and Zn and in the shipyard area for Co. Lead 
fluxes were almost negligible in all the stations of the Vigo Ria. 
- This work has demonstrated that more than the area or season, the redox 
geochemistry and diagenetic processes of the sediments and pore waters 
take control over the benthic fluxes. When the upper layer of the sediment 
is oxic a high exportation of Cu and V to the overlying waters occurs and 
during less oxidizing conditions of this layer, Ni and Co exportation from 
the pore water increases. 
- Dissolved trace metal benthic fluxes to the Vigo Ria can not be ruled out 
because these inputs are, for most of the metals (Cu, Ni and V), of the 
same order of magnitude than inputs of the main river reaching the ria. 
- Regarding the sedimentary fraction, enrichment factors, referring to 
background levels using Al-metal equations from sediment cores, indicated 
the natural origin of Fe, Ni and V, while Cd, Cu and Zn identified the 
shipyard and dock areas as the most contaminated Ria zone and the 
richest in bioavailable metals. 
- Six years after the sewage treatment plants (STP) started operating, total 
metal contents have decreased, while the labile fraction increased in ria 
surface sediments. They were high in labile Cd, Ni and Zn near the outer 
Ria zone probably associated with STP spilling, currents and the presence 
of mussel rafts. 
- In the estuarine Ria zone, the redox-sensitive Cu, Fe and V exhibited a 
bioavailability time-increase. This may be related to both natural and 
agricultural sources and disturbance of the upper sediments during the 
harvesting of clams and cockle. 
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Part III 
This Part focuses entirely (3 different chapters) on the behaviour of 
dissolved copper which is a major contaminant in the Vigo Ria due to widespread 
use and there are concerns about its impact on marine biota. The first chapter 
shows the application of a modified electrochemical technique to determine the 
speciation of dissolved copper, including new complexation constants for copper 
with dissolved organic matter. The second one it’s a comparison of copper 
speciation and fluxes between two different types of continental inputs to the Vigo 
Ria, such as rivers and sewage treatment plants. Finally, the last chapter of this 
part is an study of copper speciation behaviour during estuarine mixing including 
particle-water interactions, affecting its transport in within the Vigo Ria. This part 
shows a comprehensive approach which covers the major environmental 
compartments in the Vigo Ria so a sound basis for the better management of 
copper inputs has been provided. Some conclusions have been extracted from this 
part: 
- The forward titrations quantified the concentrations of ligands present in 
excess whereas the reverse titrations demonstrated the presence of low 
concentrations of very strong binding ligands, approximately matching the 
copper concentration in Vigo Ria waters. 
- Dissolved copper speciation was mainly controlled by two types of ligands 
(based on forward titrations) (log K′ L1 = 12.9-13.9; log K′ L2 = 10.8-12.1). In 
all samples the concentration of L1 (CL1 = 15-34 nM) was greater than that 
of copper, which speciation is so dominated by this strong organic ligand. 
- The data obtained by the reverse titrations indicated that copper was about 
10x stronger bound than data based on the usual forward titrations. 
- In the riverine and ocean end-members dissolved copper concentrations 
can be defined as pristine (<4 nM in Oitavén River). 
- Dissolved copper is not conservative during the estuarine mixing and its 
concentration increase (5-8 nM) cannot be only associated to particulate 
copper (0.5-1.0 nM) variations and the ria sediments may be an important 
dissolved copper source. 
- These copper levels are amongst the lowest reported for estuarine waters 
and therefore represent uncontaminated waters. 
- The concentration of inorganic copper was very low across the ria at ~10-
100 fM, except at Bouzas harbour (salinity 35.5) where it was raised to ~1 
pM due to copper contamination, in waters affected by the port facilities, to 
total levels of 15 to 20 nM copper, exceeding the concentration of the very 
strong ligand detected by the reverse titrations. 
- The main fluvial input to the Vigo Ria is not contaminated with copper and 
the most degraded discharges occur on the southern margin of the middle 
ria. 
- Continental inputs of copper and ligands to the ria are dominated by 
sewage treatment plants (136 molCu·d-1, 124 molL·d-1) supported by rivers 
(15 molCu·d-1, 21 molL·d-1). 
- The dissolved fraction is the main channel of discharge for rivers (66%) 
with particulate matter being predominant in sewages (63%). 
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- Dissolved copper is organically complexed both in rivers (99.8%) and 
sewages (99.9%). This minor difference may be attributed to the fact that 
stability of sewage complexes is greater than those in rivers. Moreover, 
ligand concentrations are higher in sewages than in rivers. 
- The natural continental inputs of copper and ligands into the ria are 
magnified by anthropogenic inputs (5-15 and 3-5 times higher for copper 
and ligands, respectively). 
- The transport of copper contamination from the middle Ria to the San 
Simon Inlet is limited during the wet season: in spite of similar salinities, 
dissolved copper in the Inlet (6 nM) was much lower than at Rande Strait 
(15 nM). 
Part IV 
This last part is composed of three chapters that deal with the effects of the 
Prestige tanker accident and subsequent oil spillage on dissolved trace metal 
levels in different areas of the Galician coast and adjacent coastal waters. The 
dataset acquired is entirely new in that there are very few long-term studies of the 
effect of oil leaks on the trace metal content of seawater. From the studies carried 
out in this part we can conclude that: 
- From the point of view of trace metals, the Prestige accident did not have 
any effect in the Vigo Ria waters. 
- Four months after the Prestige catastrophe, an evident seawater 
contamination of Cu, Ni and V from the heavy fuel spilled from the Prestige 
tanker was not found in the Galician Shelf. However, two surface samples 
near to Ons and Cies Islands showed Cu concentrations of 3.1±0.2 nM 
and 2.7±0.5 nM in the dissolved phase, respectively, which are higher than 
pristine levels off the Galician Shelf. Two main sources of Cu may be 
considered: (a) Weathering of the heavy fuek deposited on the shores of 
the Ons and Cies islands. (b) Continental inputs from the industrial and 
urban effluents of the Pontevedra and Vigo rias. 
- The typical values of Cu, Ni and V in the Galician Shelf waters have been 
reported for the first time. Total metal concentrations ranged between 1.7-
3.4 nM for Cu, 2.9-4.8 nM for Ni and 19.7-32.3 nM for V; dissolved 
between 0.7-1.5 nM for Cu, 2.2-3.3 nM for Ni and 15.5-27.0 nM for V; and 
particulate values below 2.6 nM for Cu, 2 nM for Ni and 7.2 nM for V were 
obtained. 
- The release of metals from the emulsified fuel coming from the Prestige 
had a significant impact on dissolved trace metal concentrations in the 
water column above the tanker sunk. An increase on dissolved copper 
(2.8-4.7 nM) and nickel (2.2-8.0 nM) with respect to natural values (1-3 nM 
for Cu and 1.6-5 nM for Ni) was observed. Values for vanadium (28-35 nM) 
were in the range of pristine North Atlantic waters (30-36 nM). This 
contamination was especially observed in the upper water column (0-50 
m), associated with the mixing of seawater with the fuel moving upwards, 
and in deep waters, where the residence time of fuel is higher. 
  






















PERSPECTIVES AND FUTURE WORK 
 
Although this Thesis has filled some of the gaps on trace metal research in 
Galician Rias, coastal and adjacent waters, there are further areas of advance that 
should be addressed in future projects.  
One of the fields that would be of significant interest is the internal cycling 
of trace elements in the Vigo Ria. With this aim, we are in the preparation stage of 
a paper on sediment traps that will provide information about which fraction of the 
particulate material that reaches the Vigo Ria from different sources is incorporated 
into the sediments or exported outside the ria. 
In addition, we are processing databases of samples already analyzed that 
will give us an idea about atmospheric and continental inputs to the Vigo Ria and 
estuarine-ocean exchange of trace elements. Once the exchanges within these ria 
edges have been characterized and with the aid of the edges already evaluated 
and presented in this thesis, a biogeochemical cycle of trace metals over a one 
year period in the Vigo Ria could be completed. This will be useful for detecting 
future changes of levels and fluxes of trace elements in response to changing 
environmental conditions (natural or anthropogenic changes). 




















RESUMEN EN CASTELLANO 
 
PARTE I. INTRODUCCIÓN, MÉTODOS GENERALES Y OBJETIVOS 
 
Capítulo 1. Introducción, Métodos Generales y Objetivos 
 
1.1. Biogeoquímica de metales traza en aguas estuarinas y costeras 
adyacentes 
 
Los estuarios se describen comúnmente como cuerpos semicerrados de 
agua, situados en la interfase entre la tierra y el océano, donde el agua de mar es 
diluida por la afluencia de agua dulce (Hobbie, 2000). Las Rías son estuarios que 
ocupan los antiguos valles de los ríos y aparecen en costas de alto relieve (Perillo, 
1995). Muchas de las rías más estudiadas se encuentran en la Península Ibérica 
(España) (Castaign y Guilcher, 1995). La principal diferencia respecto a otros 
estuarios es que en la mayoría de las rías, la descarga fluvial es 
considerablemente más débil. 
El acoplamiento de la física y la biogeoquímica se produce a muchas 
escalas espaciales en los estuarios (Geyer et al., 2000). La circulación estuarina, 
las descargas de ríos y aguas subterráneas, de la inundación mareal, los eventos 
de resuspensión, y flujos de intercambio con los sistemas de marisma adyacentes 
(Leonard y Lutero, 1995), constituyen importantes variables físicas que ejercen 
algún control sobre los ciclos biogeoquímicos de estuario. 
Estimaciones recientes indican que el 61% de la población mundial vive a 
lo largo del margen costero (Alongi, 1998). Estos impactos de los cambios 
demográficos en las poblaciones humanas han tenido efectos perjudiciales sobre 
el conjunto de los ciclos biogeoquímicos en los estuarios. El amplio crecimiento de 
la población y la industrialización han dado lugar a altas concentraciones de 
contaminantes inorgánicos (metales pesados) en los sedimentos y las aguas de 
estuarios. Afortunadamente, se están empezando a detectar mejoras en la calidad 
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del agua y los sedimentos de algunos estuarios (implantación de plantas de 
tratamiento de aguas residuales). 
La comprensión del papel que los procesos físicos y biogeoquímicos 
desempeñan en la regulación de la química y la biología de los estuarios es 
fundamental para evaluar las complejas cuestiones relativas a la gestión (Bianchi 
et al., 1999a; Hobbie, 2000). La biogeoquímica establece vínculos entre los 
procesos que controlan el destino de los sedimentos, nutrientes y materia 
orgánica, así como los metales traza y contaminantes orgánicos. Así pues, la 
disciplina requiere una perspectiva integrada de sobre la dinámica de los estuarios 
asociada a la entrada, el transporte, y, o bien la acumulación o la exportación de 
los materiales que controlan en gran medida la producción primaria. 
Los ciclos biogeoquímicos implican la interacción de los procesos 
biológicos, químicos, y geológicos que determinan las fuentes, los sumideros y los 
flujos de elementos a través de los diferentes compartimentos dentro de los 
ecosistemas. 
Las escalas espaciales y temporales de los ciclos biogeoquímicos varían 
considerablemente dependiendo de los reservorios considerados. En el caso de 
los estuarios, la mayoría de los ciclos biogeoquímicos se basan en escala regional 
en lugar de mundial. Además, el tiempo de residencia del agua es diferente en 
función del reservorio. De esta manera, el agua en los océanos tiene un tiempo de 
residencia de aproximadamente 4000 años, mientras que el tiempo de residencia 
de las aguas en los estuarios no excede de un mes (NACE, 1971). Esto implica 
que los cambios y procesos que afectan a los elementos traza se observaran 
antes en los estuarios que en aguas de mar abierto. 
 
1.1.1. Propiedades físicas y gradientes 
 
Las propiedades fundamentales del agua dulce y agua de mar se discuten 
a continuación dada la importancia de los gradientes de salinidad y sus efectos 
sobre la química de estuario. 
 
1.1.1.1. Fuentes y mezcla de sales disueltas en estuarios 
 
Antes de discutir los factores que controlan la concentración de los 
componentes disueltos en ríos, estuarios, y los océanos, es importante discutir el 
tamaño definido operacionalmente del espectro de las distintas fases (disuelto, 
coloidal y particulado) de un elemento. La definición convencional de los 
materiales disueltos es la fracción del total de material que pasa a través de un 
filtro de membrana con un tamaño de poro nominal de 0,45 micras (Figura I.1.). 
Los ambientes estuarinos son lugares donde el agua de mar es diluida por 
las aportaciones de agua dulce que rodean la cuenca de drenaje. La mezcla de 
agua de los ríos y agua de mar en las cuencas estuáricas es muy variable y 
generalmente se caracteriza por fuertes gradientes de concentración. En términos 
sencillos, estuarios contienen un amplio espectro de regímenes de mezcla entre 
dos extremos dominantes, los ríos y los océanos. 
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Figura I.1. Definición convencional de material disuelto como la fracción de 
material total que pasa a través de un filtro de membrana con un tamaño 
nominal de poro de 0.45 μm. (Tomado de Wen et al., 1999) 
 
 
Las fuentes principales de sales en los ríos son derivadas de la erosión de 
las rocas en la cuenca de drenaje de los ríos y estuarios, además de las 
actividades humanas (por ejemplo, la agricultura) (Livingstone, 1963; Burton y 
Liss, 1976; Meybeck, 1979; Berner y Berner, 1996). En consecuencia, la 
composición de los materiales suspendidos en los ríos es en gran medida función 
de la composición del suelo de la cuenca de drenaje. Sin embargo, existen 
diferencias significativas entre la composición química de los materiales en 
suspensión de los ríos y el material de roca madre. Esto se debe a diferencias en 
la solubilidad de los diferentes elementos que componen los materiales de la roca 
madre. Por ejemplo, elementos como Fe y Al son menos solubles de Na y Cl, lo 
que los hace menos abundantes en la fracción disuelta y más abundante en la 
carga en suspensión de los ríos, respectivamente (Berner y Berner, 1996). 
Un recuento histórico de las mediciones de los principales componentes 
disueltos del agua de mar indican que los elementos más abundantes, en orden 
decreciente de abundancia son Cl-, Na+, Mg2+, SO42-, Ca2+ y K+ (Millero, 1996). Al 
contrario que en los ríos, los principales componentes del agua de mar se 
encuentran en proporciones relativamente constante en los océanos, lo que indica 
que el tiempo de residencia de estos elementos son largos (de miles a millones de 
años) - altamente indicativo de comportamiento no reactivo (Millero, 1996). En los 
estuarios, así como en otros ambientes oceánicos (por ejemplo, las cuencas 
anóxicas, fuentes hidrotermales), los principales componentes del agua de mar 
pueden ser modificados de manera espectacular debido a los numerosos 
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procesos (por ejemplo, precipitación, evaporación, congelación, disolución, y 
oxidación). 
 
1.1.1.2. Reactividad de los componentes disueltos 
 
La mezcla de agua de los ríos y el agua de mar pueden ser muy variados 
en diferentes sistemas estuarinos, lo que resulta en una columna de agua que 
puede estar muy o débilmente estratificada/mezclada. Esta intensa mezcla y 
gradientes de fuerza iónica puede afectar significativamente las concentraciones 
de constituyentes disueltos y particulados en la columna de agua a través de 
procesos tales como la adsorción/desorción y floculación, así como los procesos 
biológicos. Los elementos traza en aguas naturales participan en muchos 
procesos que alteran sus formas físico-químicas (especiación) o la distribución 
espacial (migración) y afectar a su toma por parte de los organismos. Los 
procesos implicados son la oxidación/reducción, asociación/disociación en 
solución, adsorción/desorción, precipitación y disolución, y la 
agregación/desagregación. La reactividad de un componente particular de un 
estuario ha sido interpretado tradicionalmente por el trazado de su concentración a 
través de un gradiente de salinidad conservativo. Como se muestra en Wen et al., 
(1999), el patrón de distribución más simple, en una dimensión, dos extremos, 
estado de equilibrio del sistema, sería un cambio lineal con la salinidad para el 
componente dado (Figura I.2.). Para un componente no conservativo, cuando hay 
pérdida o ganancia neta en la concentración a través de un gradiente de salinidad, 
la extrapolación desde altas salinidad pueden producir una concentración 
"efectiva" del río (C*). Esta concentración "efectiva" puede ser utilizada para inferir 
la reactividad de un componente y se puede utilizar para determinar el flujo total 
de los constituyentes al océano. Por ejemplo, cuando C*= C0, el componente se 
comporta conservativamente, cuando C*> C0, hay pérdida del elemento 
(comportamiento no conservativo) en el estuario, y cuando C* <C0, el componente 
es añadido (comportamiento no conservativo) en el estuario. El flujo del río hasta 
el estuario y, en última instancia al océano se estiman utilizando este modelo 




Figura I.2. Illustración del patron de distribución más simple, en una 
dimension, dos extremos, estado de equilibrio del sistema para un 
componente conservative que varía linealmente con la salinidad. 
(Tomado de Wen et al., 1999) 
 
 
1.1.1.3. Efecto del material en suspensión e interacciones químicas 
 
Las partículas de los sistemas estuarinos están compuestas por seston 
(partículas discretas biológicas) y componentes inorgánicos litogénicos. El gran 
carácter dinámico de los sistemas estuáricos (las mareas, el viento, la 
resuspensión) puede dar lugar a una considerable variabilidad en la concentración 
de partículas en intervalos de tiempo diurnos (Fain et al., 2001). Por otra parte, la 
reactividad de estas partículas puede cambiar en el corto intervalos espaciales 
debido a los rápidos cambios en la salinidad, pH, y condiciones redox (Herman y 
Heipp, 1999; Turner y Millward, 2002). 
Las partículas en la columna de agua en los estuarios, principalmente 
derivadas de los ríos, los sistemas de humedales adyacentes, y eventos de 
resuspensión, son importantes para controlar el destino y transporte de elementos 
traza en los estuarios (Burton y Liss, 1976; y Baskaran Santschi., 1993; Leppard et 
al. , 1998; Turner y Millward, 2002). Una reciente revisión de Turner y Millward 
(2002), con especial énfasis en los metales y microcontaminantes orgánicos 
hidrofobos (MOHs), mostró que los procesos tales como el intercambio iónico, 
adsorción-desorción, absorción, y precipitación-disolución son fundamentales en el 
control de la partición de especies químicas en los estuarios (Figura I.3.). La 
transformación biológica de las partículas tanto pelágicas y bentónicas micro y 
macroheterotrofas también es fundamental en los estuarios.  
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Figure I.3. Procesos críticos que controlan la partición de las especies químicas 
en estuaries con énfasis particular en metales y micropoluentes orgánicos 
hidrofóbicos (HOMs). (Modificado de Turner and Millward, 2002) 
 
 
Las partículas litogénicas derivan de la meteorización de materiales de la 
corteza terrestre y en su mayoría consisten en los minerales principales de cuarzo 
y feldespato, minerales secundarios silicatos como las arcillas, y los componentes 
hidrogenados (óxidos de Fe y Mn, sulfuros, y agregados húmico) formados in situ 
por procesos químicos (Turner y Millward, 2002). Las concentraciones de muchos 
metales traza en las aguas de estuarios son también influenciados por las 
interacciones de adsorción-desorción con las partículas en suspensión (Santschi 
et al., 1999). 
Las partículas biogénicas procedentes de los pellets fecales y los 
materiales detríticos planctónicos y terrestres son también importantes en el 
control de las interacciones químicas. Otras partículas en suspensión compuestas 
por complejos agregados de materiales litogénicos y biogénicos tienen un efecto 
similar. Muchas de estas partículas biogénicas se degradan y pasan a formar 
parte de la materia orgánica disuelta (DOM) que luego puede ser adsorbida a 
partículas litogénicas, proporcionando un recubrimiento orgánico. Estos 
recubrimientos han demostrado ser importantes en el control de la superficie 
química de las partículas en los ambientes acuáticos (Loder y Liss, 1985; Wang y 
Lee, 1993). 
 
1.1.2. Fuentes y sumideros de metales traza en un sistema costero  
 
El estudio de los ciclos biogeoquímicos de los elementos incluye el 
conocimiento del origen, destino y la reactividad de estos elementos en un 
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ambiente determinado. Una representación conceptual de los procesos 
biogeoquímicos en el sistema costero se da en la Figura I.4. Con el fin de estudiar 
los ciclos biogeoquímicos de un determinado elemento de un sistema costero es 
necesario definir sus fronteras: continental, atmosférica, bentónica y mar abierto. 
Las fuentes (aportes) y los sumideros (salidas) de un elemento -en la fase disuelta 
y particulada- a un sistema costero incluyen: (a) los aportes de los vertidos de 
agua dulce, que incluyen ríos, arroyos y/o efluentes (urbano, industrial, 
doméstico), (b) los aportes de deposición atmosférica seca y húmeda, (c) la 
retirada o aporte a travesde flujos de agua intersticial y deposición/resuspensión 
de partículas desde o hacia los sedimentos y (d) intercambio (entradas-salidas), 
con mar abierto a través de la frontera oceánica. Dentro del sistema, los metales 
traza están presentes en diferentes formas físico-químicas (especies), tanto en las 






















Figura I.4. Representación de las principales fuentes y sumideros de metales 
disueltos y de partículas en un sistema costero (de Cobelo-García, 2003). 
 
 
 (a) Aportaciones de los vertidos de agua dulce. Una de las principales fuentes de 
nutrientes y de la mayoría de los elementos traza a los estuarios y, por 
consiguiente, el océano se produce en la interfase tierra-mar. Los ríos transportan 
elementos traza en forma disuelta, particulada y coloidal. La partición entre estas 
fases depende de las propiedades del elemento y del ambiente fluvial. En la zona 
de mezcla de agua dulce/agua de mar, algunos elementos son retirados de la 
solución por la absorción biológica y atropamiento químico. La coagulación de 
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traza durante este proceso de mezcla. Parte del material coagulado es 
incorporado en los sedimentos estuarinos. La desorción de elementos traza 
asociados a partículas también se lleva a cabo en esta zona de mezcla, en parte 
debido a su desplazamiento de las superficies de las partículas por la competencia 
con los principales iones del agua de mar. 
 
(b) Los aportes de la deposición atmosférica seca y húmeda. La deposición 
atmosférica es un importante, aunque no bien cuantificado, modo de transporte de 
elementos traza de baja solubilidad desde los continentes a las aguas 
superficiales de estuarios y de los océanos. Para el micronutriente Fe que es 
altamente insoluble, y, posiblemente, para otros, tales como Zn y Co, esta puede 
ser la ruta crítica para el mantenimiento de las concentraciones biológicamente 
necesarias de estos elementos en las aguas superficiales del océano abierto. 
Además, el transporte atmosférico es un importante vector para la transferencia de 
materiales antropogénicos desde el continente hasta las aguas costeras y de 
océano abierto (Duce et al., 1991). 
 
(c) Retirada y aportes a través de flujos de agua intersticial y 
deposición/resuspensión de partículas a/desde el sedimento. Los flujos químicos 
entre los sedimentos y la columna de agua que los cubre incluyen fuentes y 
sumideros netos de los elementos traza disueltos en el agua de mar, además de 
ser un componente significativo del ciclo interno de elementos traza en los 
estuarios y de los océanos (como se explica en otra parte de la introducción). 
Para algunos elementos traza, los sedimentos pueden servir 
alternativamente como una fuente o un sumidero, en función de las condiciones 
locales. Sin embargo, la mayoría de los elementos traza introducidos en el océano 
son, en última instancia eliminados por incorporación a los sedimentos costeros y 
marinos. 
La transformación diagenética de los detritus continentales en los 
sedimentos costeros y hemipelagicos puede igualmente liberar otros elementos 
traza en las aguas del océano. Esto es particularmente cierto donde las 
condiciones químicas reductoras movilizan hierro y óxidos de manganeso 
formados en tierra, liberando a la solución elementos traza asociados a estos 
óxidos (Haley y Klinkhammer, 2004). Aunque la liberación de los elementos traza 
del margen oceánico se ha documentado para algunos metales de transición de la 
primera fila (Elrod et al., 2004; Johnson et al., 2003) la medida en la que esto 
representa una fuente neta, por movilización diagenética de material derivado del 
continente frente a la regeneración de fases marinas biogénicas y autigénicas, 
sigue estando por determinar. 
Varios tipos genéricos de procesos contribuyen a la retirada de elementos 
traza de los estuarios y de agua de mar y su incorporación en los sedimentos 
marinos. El más simple es el paso de partículas derivadas del continente a través 
de la columna de agua, ya sean suministrados por la atmósfera o por escorrentía, 
sin ninguna reacción sólido-solución. Los metales traza asociados a minerales de 
aluminosilicato se incluyen en esta categoría. Los organismos incorporan 
elementos traza a las partículas marinas, al igual que ocurre en reacciones 
biológicas de intercambio sólido-solución (por ejemplo, adsorción, complejación). 
Una fracción de estos elementos traza  aportada a los fondos marinos por 
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hundimiento de partículas se conserva y entierra en los sedimentos. Los 
elementos traza disueltos en aguas del fondo también puede ser eliminados por 
absorción directa a la superficie de los sedimentos (Nozaki, 1986). Por último, la 
precipitación de las aguas intersiticiales elimina algunas especies de elementos 
traza disueltos que difunden hacia los sedimentos desde las aguas sobrenadantes 
situadas por encima de ellos. Con mayor frecuencia este tipo de reacción es 
importante para elementos traza sensibles a las condiciones redox (por ejemplo, 
U, Mo, V, Re) que son solubles en presencia de oxígeno, pero insolubles cuando 
son reducidos a estados de oxidación más bajos en los sedimentos anóxicos 
(Crusius et al. 1996). 
Cada uno de los procesos de eliminación anteriormente mencionadas son 
generalmente más activos (en términos de tasa por unidad de área), cerca de los 
márgenes del océano con el continente que en el océano abierto. 
La alta productividad biológica, cerca de los márgenes oceánicos tiene un efecto 
indirecto en los ciclos de los elementos traza a través de su impacto en las 
condiciones redox en los sedimentos subyacentes. Bajas concentraciones de 
oxígeno disuelto en aguas de fondo, junto con las altas tasas de respiración en 
sedimentos superficiales generan condiciones químicamente reductoras cerca de 
la interfase agua-sedimento. La reducción de hierro y sulfato puede ocurrir en 
profundidades sub-superficiales tan someras como unos pocos milímetros. La 
escasas profundidades de las condiciones reductoras en los sedimentos en 
contacto con la zona mínima de oxígeno (OMZ) en el agua permite importantes 
flujos de las aguas a través de la interfase sedimento-agua, con la movilización de 
elementos traza por las condiciones reductoras que difunden desde los 
sedimentos a la columna de agua y especies precipitadas bajo condiciones 
reductoras moviéndose en dirección opuesta. 
El aumento de la eliminación de elementos traza en los márgenes de los 
océanos, junto con el intercambio difusivo y advectivo de masas de agua entre las 
regiones de plataforma/talud y el océano abierto, produce un flujo neto desde el 
océano abierto a los márgenes oceánicos para algunos elementos traza disueltos, 
un proceso conocido como “boundary scavenging” (Spencer et al., 1981; Bacon, 
1988). 
 
(d) Intercambio (aporte-retirada), con mar abierto a través de la frontera oceánica. 
Eventualmente las aguas llegan al océano con su carga de sustancias en 
suspensión y disueltas completando el ciclo hidrológico. El material restante que 
no ha sido atrapado en las aguas estuáricas mediante su incorporación a los 
sedimentos puede ser transportados al océano, aunque en una forma 
potencialmente muy diferente de aquella en la que los elementos traza se 
encontraban agua dulce. 
El mar abierto también puede ser una fuente de oligoelementos al 
estuario. Durante los eventos de upwelling, que son típicos en muchos sistemas 
costeros de todo el mundo (aguas costeras de Galicia), las aguas profundas de los 
océanos llegan a la superficie cerca de la plataforma continental y costera 
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1.1.3. Ciclo de los metales traza 
 
Los ciclos biogeoquímicos marinos de los elementos traza son 
influenciados por un complejo conjunto de procesos de transformación y de 
transporte, que en conjunto se denominan “ciclo interno”. Las transformaciones 
implican el intercambio de los elementos traza entre sus formas disueltas, 
particuladas y coloidales, incluyendo la absorción de elementos traza por el 
material biológico y su regeneración cuando este material se descompone. Los 
elementos traza son redistribuidos por las corrientes costeras y la circulación 
oceánica, mientras que la deposición gravitacional de las partículas de material 
constituye el único vector de transporte de elementos traza para su depósito final 
en los sedimentos marinos. La importancia de distinguir entre las diferentes 
especies se encuentra en el hecho de que las diferentes formas puede asumir 
diferentes roles-con respecto a la reactividad, toxicidad, transporte, etc - en el ciclo 
biogeoquímico. 
 
1.1.3.1. Fuentes y abundancia de metales traza  
 
Al igual que muchos otros elementos, los niveles de fondo naturales de 
oligoelementos existen en las rocas de la corteza terrestre, como pizarras, 
areniscas y rocas ígneas y metamórficas (Benjamín y Honeyman, 2000). En 
particular, la mayoría de los metales traza proceden de rocas ígneas, en 
comparación con las rocas sedimentarias y metamórficas de la corteza terrestre. 
La liberación de metales traza a partir de la corteza terrestre está controlada por 
las fuerzas naturales de la meteorización física y química de las rocas, sin olvidar 
grandes perturbaciones antropogénicas como la minería, la construcción, y la 
combustión de carbón (liberación de cenizas). Dos factores físicos, el tiempo de 
residencia y los itinerarios o rutas por las que el agua se mueve a través del 
sistema, son especialmente importantes en relación con la composición química 
de las aguas naturales (Turekian y Wedepohl, 1961). La composición de los 
océanos ha sido constante en un periodo de millones de años (Conway, 1943; 
Garrels y Mackenzie, 1974; Holanda, 1984), sin embargo, la composición de las 
aguas superficiales y subterráneas evoluciona continuamente y cambia a escalas 
de tiempo de minutos a años, ya que estas aguas se mueven a través del flujo 
hidrológico a lo largo de caminos donde entra en contacto con una variedad de 
materiales geológicos y sistemas biológicos (Bricker, 1987). Una característica 
especialmente importante de los metales traza es su capacidad para unir 
reversiblemente a un amplio espectro de compuestos (Benjamín y Honeyman, 
2000). Por lo tanto, los principales aportes de metales traza a los estuarios derivan 
de fuentes fluviales, atmosféricas y antropogénicas. 
Aunque los elementos traza aparecen típicamente en concentraciones 
inferiores a 1ppb, estos elementos son importantes en los estuarios debido a sus 
efectos tóxicos, así como su importancia como micronutrientes para muchos 
organismos. El destino y el transporte de elementos traza en los estuarios son 
controladas por una serie de factores que van desde condiciones redox, fuerza 
iónica, la abundancia de superficies absorbente, y el pH, sólo por nombrar unos 
pocos (Wen et al., 1999). El carácter altamente dinámico de los sistemas 
estuáricos, que se caracteriza por fuertes gradientes químicos y físicos, convierten 
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el ciclo de los metales traza considerablemente más complejo en los estuarios en 
comparación con otros sistemas acuáticos (Morel et al., 1991; Millward y Turner, 
1995). Por ejemplo, la distribución de los metales traza entre las fracciones 
disueltas y partículas en los estuarios pueden ser afectados por la variabilidad de 
los procesos in situ, tales como los procesos de coagulación y floculación en el 
máximo de turbidez del estuario (ETM), los eventos de resuspensión (de los 
sedimentos y aguas intersticiales), y la sedimentación (Figura I.5.; Santschi et al., 
1997). Todos estos procesos contribuyen a la complejidad de la especiación de 
metales traza en los estuarios (Boyle et al., 1977; Shiller y Boyle, 1987; Honeyman 
y Santschi, 1989; Buffle et al., 1990; Santschi et al., 1997, 1999; Wen et al., 1999). 
Procesos internos de mayor escala, tales como tormentas, intercambio mareal, 
efectos del viento, y las aportaciones de los ríos y humedales ribereños también 
contribuyen a la partición o distribución de los metales en los estuarios. 
 
Figura I.5. Recorrido de los procesos clave que controlan la 
especiación de metales en sistemas acuáticos, relacionados 
con el intercambio de metales entre agua y sedimento. 
(Modificado de Santschi et al., 1997.) 
 
 
1.1.3.2. Antecedentes de la Química de iones metálicos 
 
A pesar de que la complejación de metales con ligandos orgánicos ha sido 
evaluada teóricamente sobre la base de modelos de equilibrio termodinámica-
asociación y las constantes de estabilidad de los complejos principales (Turner et 
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al., 1981; Millero, 1985; Hering y Morel, 1989), este enfoque hace caso omiso de 
los efectos de los ligandos orgánicos.  
Durante la última década, ha habido numerosos estudios que han 
demostrado la importancia de ligandos orgánicos complejantes de elementos traza 
(Sunda y Ferguson, 1983; y Bruland Coale, 1988; Santschi et al., 1997,1999), con 
especial énfasis en partículas de tamaño coloidal (Benoit et al., 1994, Martín et al., 
1995; Guentzel et al., 1996; Powell et al., 1996) (los coloides están en el rango de 
tamaño de 1nm a 1μm). 
 Mientras que los compuestos inorgánicos disueltos y particulados son 
claramente importantes en la complejación de metales libres (Millward y Turner, 
1995), la complejación orgánica de metales se ha mostrado como un proceso 
clave en las aguas de estuarios (van den Berg, 1987; Kozelka y Bruland, 1998 , 
Wells et al., 1998; Tang et al., 2001,2002). En general, la distribución y 
especiación de metales traza en los estuarios dependerá de sus concentraciones, 
así como las concentraciones de ligandos complejantes disueltos y de los lugares 
de coordinación de coloides y partículas (Kozelka y Bruland, 1998). Más 
concretamente, en la fase disuelta, el metal puede darse en tres fases diferentes: 
(1) ion libre hidratado, (2) complejo inorgánico, y (3) complejo orgánico.  
La constante de estabilidad condicional de los diferentes grupos 
funcionales en la materia orgánica puede variar significativamente con diferentes 
metales traza y son fundamentales en la predicción de la especiación de los 
mismos. 
La complejación de metales con ligandos también es importante en el control de la 
toxicidad de los metales. Desde hace mucho tiempo se sabe que la toxicidad de 
los metales traza es más dependiente de la actividad iónica que de su 
concentración total (Sunda y Guillard, 1976; Anderson y Morel, 1978; Morel, 1983). 
Como se indicó anteriormente, factores tales como pH, dureza y concentración de 
DOM son clave en el control de la especiación de metales y la toxicidad. Los 
metales traza asociados con coloides han mostrado también una diferente 
biodisponibilidad y toxicidad comparado con su forma ionica libre (Wright, 1977; 
Campbell, 1995; Doblin et al., 1999, Wang y Guo, 2000). 
La interacción entre las partículas y metales traza son también importantes 
en el control de las concentraciones de metales traza en los estuarios. Por 
ejemplo, los procesos tales como adsorción, desorción, floculación, coagulación, la 
resuspensión, y bioturbación son especialmente importantes en el control de la 
interacción entre los metales traza disueltos (libre) y particulados en los estuarios 
(Santschi et al., 1997, 1999, Benjamín y Honeyman , 2000). En particular, son 
importantes sitios de unión de oxo-hidróxidos de Fe y Mn, carbonatos, arcillas, y 
(carbono orgánico particulado) POC/(carbono orgánico coloidal) COC, que son 
esenciales en el control de los procesos de adsorción/desorción de metales traza. 
Las interacciones partícula-partícula, probablemente incluyendo óxidos 
metálicos, minerales arcillosos, y macromoléculas (coloides) puede tener efectos 
significativos en el comportamiento de metales traza en los estuarios. Uno de esos 
efectos, comúnmente conocido como efecto de la concentración de partículas 
(PCE) ha sido definido por Santschi et al., 1997 como el "efecto físico que conduce 
a una disminución general del coeficiente de partición con el aumento de la 
concentración de partículas, el efecto es documentado tanto para especies 
orgánicas como inorgánicas". Las principales consecuencias del PCE en los 
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estuarios son: (1) un aumento del “scavenging” de metales traza a bajas 
concentraciones de partículas, y (2) desorción reducida desde las particulas 
durante los eventos de resuspensión, en comparación con las predicciones de los 
coeficientes de partición de estas especies químicas a mayores concentraciones 
de partículas. 
 
1.1.3.3. Ciclo de metales traza en la columna de agua 
 
Los metales traza que tienden a reaccionar con partículas (por ejemplo, 
Pb) o tienen un comportamiento tipo nutriente (por ejemplo, Cd) son por lo general 
retirados de las aguas superficiales a través de su adsorción en el transporte 
vertical a través de la columna de agua. Estos procesos de eliminación es más 
probable que ocurra en los estuarios más profundos, menos afectada por eventos 
de resuspensión, donde las partículas pueden ser atrapadas en la picnoclina o 
frontera redox, tal como se observa en el Mar Báltico (Pohl y Hennings, 1999). Es 
ampliamente aceptado que los oxo-hidróxidos de Fe y Mn son importantes en la 
retirada mediante adsorción de metales traza en los estuarios (Perret et al., 2000, 
Turner et al., 2004). La distribución lateral y vertical de la fase portadora de estos 
metales en los estuarios está controlada por la dinámica de partículas, a diferencia 
de otros metales (por ejemplo, Cu, Zn y Co), que se verán más afectados por 
procesos de absorción bióticos. 
Diferencias en las rutas del ciclo de metales traza en la columna de agua 
debería quedar reflejado en el flujo vertical de metal particulado, ya que son 
transportados a través de la columna de agua. 
La adsorción/desorción desde las partículas en suspensión y los flujos 
desde el sedimento desempeñan un papel importante en el control del 
comportamiento no conservativo de las concentraciones disueltas de Fe y Mn en 
los estuarios (Klinkhammer y Bender, 1981, Yang y Sañudo Wilhelmy, 1998). 
Si bien el Fe y Mn Si en muchos casos son ejemplos ideales que ilustran 
la importancia de los procesos de adsorción/desorción en el control de las 
concentraciones de metales disueltos, otros metales más bioactivos pueden seguir 
tendencias similares, incluso en sistemas estuarinos con propiedades muy 
diferentes (por ejemplo, Co) (Tovar - Sánchez et al., 2004, Turner et al., 2002). Si 
bien la absorción biológica y liberación de metales bioactivos, como el Se, puede 
ser significativo en la presencia del ciclo de materia orgánica in situ (por ejemplo, 
la fotosíntesis y respiración) (Baines et al., 2001), los efectos de estos procesos 
puede ser enmascarado por alta carga de metales traza de fuentes 
antropogénicas, como ocurre para el Se en la Bahía de San Francisco (Cutter y 
Cutter, 2004). 
La distribución y especiación de metales traza a lo largo del gradiente 
estuárico de salinidad/mezcla han demostrado ser muy afectados por la 
abundancia de material inorgánico y orgánico (Dai et al., 1995; Millward y Turner, 
1995; Rustenbil y Wijnholds, 1996; Santschi et al., 1997). La abundancia y 
composición de coloides inorgánicos (Sholkovitz et al., 1978) y, más 
recientemente, los coloides orgánicos (Wells et al., 2000) han sido consideradas 
importantes en el control del comportamiento  de metales traza.  
La importancia de complejación coloidal varía claramente según el metal 
traza en cuestión. La desestabilización de los metales coloidales ha demostrado 
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estar vinculada con la liberación de biopolímeros a partir de una mayor 
abundancia de fitoplancton en la parte media inferior del estuario, que es muy 
diferente de la desestabilización coloidal que se produce en la parte superior del 
estuario causada por los cambios iónicos (Wells et al., 2000). La cinética de las 
interacciones entre los metales traza y las diferentes fracciones (tamaño) de 
materiales orgánicos e inorgánicos disueltos y particulados es esencial para 
comprender de manera efectiva el comportamiento en estos entornos altamente 
dinámicos.  
El papel y el número de clases de ligando que controlan la complejación 
de los diferentes metales traza es muy variable en los distintos sistemas 
estuarinos.  
Para comprender de manera eficaz la biogeoquímica de ligandos que 
complejandmetales, es importante ser capaz de identificar los grupos funcionales 
activos de los metales y sus posibles fuentes en los estuarios. La importancia 
relativa de tamaño coloidal en la complejación de metales traza también puede ser 
alterado por cambios antropogénicos.  
Como se dijo anteriormente, los ligandos que complejan metales pueden 
ser también derivados de otras fuentes distintas de fitoplancton, en este caso, la 
abundancia de ligando y la producción pueden no estar tan estrechamente unido 
con el fitoplancton en las regiones que reciben grandes aportes fluviales (Sank et 
al., 2004). Una vez más, mientras que las fuentes de tales ligandos en el océano 
abierto es probable que procedan directamente del bacterioplancton/fitoplancton 
(González-Dávila et al., 1995; Moffet y Brand, 1996) o en segundo lugar a través 
de la transformación del bacterioplancton (Bruland et al., 1991), múltiples fuentes 
de ligandos orgánicos de bacterioplancton, fitoplancton, y la materia orgánica de 
origen terrestre (Bianchi y col., 2004) puede ser importante en sistemas 
estuarinos. Por último, fuentes de ligandos desde sedimentos puede representar 
otro importante aporte a los sistemas de los estuáricos, en particular en los 
estuarios someros. 
 
1.1.3.4. Ciclo de metales traza y flujos en los sedimentos 
 
Los sedimentos pueden representar fuentes y sumideros en los estuarios. 
Los factores que determinan la fuente frente al sumidero en los estuarios están en 
gran medida determinados por aportes externos y de transformación in situ en la 
columna de agua, así como procesos post-deposicionales en los sedimentos. 
Los sedimentos estuarinos aportan un registro a largo plazo de la 
acumulación de metales traza de origen fluvial, atmosférico, y antropogénico 
(Kennish, 1992; Windom, 1992). En muchos casos, los aportes antropogénicos 
superar los niveles de fondo naturales de meteorización de los materiales que 
componen la roca descritos anteriormente, debido a la extensa invasión humana 
alrededor de estas áreas. Por lo tanto, es necesario que haya una manera de 
separar los niveles de fondo de aportaciones antropogénicas y así tener en cuenta 
la variabilidad natural en la composición de los sedimentos. Un método empleado 
para ello es el de normalizar los elementos traza con una fase portadora, como Al, 
Fe, Li, el carbono orgánico, o tamaño de grano (Wen et al., 1999). En el caso de 
los coeficientes elementales, el Al ha sido elegido para normalizar las 
concentraciones de metales traza debido a la elevada abundancia natural en las 
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rocas que componen la corteza, en general, bajas concentraciones en las fuentes 
antropogénicas. Este coeficiente metal: Al ha sido utilizado como un indicador de 
contaminación en los ríos y los sistemas costeros (Windom et al., 1988; Summer 
et al., 1996). Los perfiles profundos de metales traza normalizados en los testigos 
de sedimento han sido empleados para examinar los perfiles históricos de eventos 
contaminantes en los estuarios (Alexander et al., 1993). La normalización del 
tamaño de grano normalmente implica el análisis de la fracción <63 micras, ya que 
la fracción de sedimento de tamaño de grano más grueso (por ejemplo, los 
carbonatos y arenas) tienen un efecto dilución sobre las concentraciones de 
metales traza en sedimentos (Morse et al., 1993). 
Las investigaciones iniciales mostraron concentraciones de metales traza 
en las aguas intersticiales en general más altos que en las aguas sobrenadantes 
de fondo en los estuarios y sistemas costeros someros (Presley et al., 1967; 
Elderfield et al., 1981 a, b; Emerson et al., 1984). Estas diferencias dan como 
resultado un gradiente de concentración que permite la difusión de metales traza 
desde el agua intersticial de los sedimentos hacia aguas sobrenadantes (Elderfield 
y Hepworth, 1975). Además de ser liberados por mecanismos de difusión, los 
metales del agua intersticial pueden pasar a formar parte de nuevo de los 
sedimentos a través de la adsorción, la formación de complejos, y la precipitación 
(Chester, 1990, 2003). Por consiguiente, la concentración total de metales en los 
sedimentos reflejan las aportaciones recientes de fuentes naturales o 
antropogénicas, así como un componente de reciclado que refleja alteraciones 
diagenéticas a largo plazo (Chester, 2003). Por lo tanto, con el fin de determinar 
de manera efectiva el comportamiento de los metales en los sedimentos, debe 
hacerse alguna evaluación en cuanto a la determinación de la función de las 
fuentes sedimentarias deposicionales y su difusión a través de la interfase 
sedimento-agua. En muchos sistemas estuarinos, la removilización diagenética de 
los metales desde los sedimentos contribuye significativamente a la redeposición 
de metales en los sedimentos superficiales. 
El ciclo de Fe y Mn en los sedimentos estuarinos han demostrado estar 
fuertemente vinculados con la situación redox y la diagénesis de la materia 
orgánica (Overnell, 2002).  
Si bien ha habido una considerable investigación sobre la producción de 
ligandos complejante de metales en los organismos y de las aportaciones fluviales 
de sustancias húmicas a la columna de agua, el potencial de flujo de salida de 
ligandos desde las aguas intersticiales se ha ignorado en gran medida. Sobre la 
base de los elevados flujos difusivos de DOC en algunos estuarios (Burdige y 
Homstead, 1994; Alperin et al., 1999), es probable que los aportes de ligandos a 
las aguas profundas por encima del sedimento sean significativo. 
 
1.2. Material y Métodos. Uso de técnicas ultra-limpias y materiales de 
referencia certificados 
 
Los metales traza, como su propio nombre indica, son elementos que se 
encuentran presentes en bajas concentraciones (concentraciones inferiores a 10 -5 
M) en el medio natural (Salbu and Steinnes., 1995). Debido a esto, se debe tener 
especial precaución cuando se pretende realizar una medida exacta y rigurosa de 
los mismos ya que el más mínimo detalle durante la toma, manipulación, 
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almacenamiento, tratamiento o análisis de la muestra puede provocar una 
contaminación de la misma, lo que normalmente llevaría a sobreestimar la 
concentración en la que verdaderamente se encuentra en el medio. La situación 
se vuelve aún más crítica cuando los niveles  de metales traza en las aguas son 
muy bajos como es el caso de aguas costeras u oceánicas (Landing et al., 1995). 
Muchos han sido los autores que han señalado la importancia del uso de 
procedimientos o técnicas ultra-limpias y han desarrollado nuevas metodologías 
con el objetivo de llevar a cabo medidas bajo control estricto de la contaminación 
(Bruland et al., 1979; Boyle et al., 1981; Bewers y Windom, 1982; Bruland et al., 
1985; Harper, 1987) tanto durante los diferentes pasos previos al análisis de la 
muestra como durante el análisis de la misma. De hecho, debido al 
desconocimiento de la facilidad de contaminación durante la manipulación y/o 
análisis de la muestra, ha quedado demostrado, que muchos de los valores de 
concentración de metales publicados antes de los años 80 eran erróneos y mucho 
mayores (entre 10 y 1000 veces) que los valores encontrados años después en 
las mismas zonas (Kremling et al., 1983; Windom et al., 1991; Scarponi et al., 
1996). El inicio del uso de las técnicas limpias supuso una auténtica revolución en 
lo referente al análisis de metales traza en muestras naturales. Con el objetivo de 
asegurar una cierta calidad y veracidad de los resultado, durante los últimos años, 
se han desarrollado una serie de programas de intercalibración (Geotraces, SAFe, 
Quasimeme, …) cuyo objetivo es el de realizar tomas de muestra mediante 
diferentes técnicas de muestreo limpias y posteriormente distribuirlas para que 
sean medidas por diferentes laboratorios mediante distintas técnicas. 
Los procedimientos utilizados bajo las directrices EPA para muestreo y 
análisis de metales traza en muestras medioambientales quedan reflejados a 




El manejo de muestra y análisis de metales traza en aguas naturales debe 
ser llevado a cabo en un laboratorio ultra-limpio con el fin de evitar la 
contaminación de muestras con partículas de polvo ambientales (Figura I.6.). Por 
ello, desde la manipulación y tratamiento de muestras hasta la obtención de 
resultados contenidos en esta Tesis fue llevado a cabo en laboratorios ultra-
limpios (Grupo de Biogeoquímica Marina en el Instituto de Investigaciones 
Marinas; Marine Electrochemistry Group en el Department of Earth and Ocean 
Sciences de la Universidad de Liverpool; Speciation and Environmental Analysis 
Group en la School of Earth, Ocean and Environmental Sciences de la Universidad 
de Plymouth). Un laboratorio ultra-limpio tiene la particularidad de poseer una 
circulación positiva de aire filtrado (filtro ULPA de 0.2 µm) a través de un sistema 
de filtración instalado en el techo lo que otorga a la sala una calidad de aire Clase-
1000. Además del sistema de filtración en el techo, el manejo de las muestras se 
realiza dentro de cabinas de flujo laminar situadas dentro de la misma sala lo que 
disminuye, más si cabe, el riesgo de contaminación de las muestras con partículas 
de polvo, mejorando la calidad del aire hasta una Clase-100. 
Dentro de la sala ultra-limpia se lleva una vestimenta especial que consiste 
en unos cubre-zapatos y una bata, ambos hechos en material plástico para evitar 
contaminación proveniente de la pelusa de las prendas de calle y del polvo 
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acumulado en los zapatos. La manipulación de muestra y el resto de material se 






















Figura I.6. Sala limpia con el sistema de filtración en el techo y la cabina de flujo laminar. 
 
 
b) Lavado de material y toma de muestra 
  
Previo a la toma de muestra, es necesario lavar todo el material 
(preferentemente de teflón o en su defecto plástico libre de metales) que vaya a 
ser utilizado durante el muestreo con el fin de evitar cualquier tipo de 
contaminación. En primer lugar, las botellas más adecuadas para la toma y 
almacenamiento de muestra son las de polietileno de baja o alta densidad 
(directrices Geotraces y EPA) que son las empeladas en este caso. Existe además 
un protocolo estándar para el lavado de botellas de muestreo para metales traza 
que consiste en un primer lavado en HNO3 al 10%, preparado a partir de HNO3 del 
65% y grado analítico, durante una semana. Posteriormente, las botellas se vacían 
y enjuagan cinco veces con agua Milli-Q (Figura I.7.) para finalmente ser 
rellenadas con agua Milli-Q a pH 2 preparada a partir de HNO3 Merck Suprapur. 
Las botellas permanecerán así hasta el momento del muestreo. El resto de 
material plástico (pinzas, viales, espátulas, sistemas de filtración,...) se lavan en 
contenedores de plástico de la misma manera. Todo el material, así como las 
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Figura I.7. Sistema de agua Milli-Q. 
 
 
Durante los muestreos realizados en los trabajos de esta Tesis, las 
muestras de agua fueron recogidas de dos formas, una mediante botellas 
oceanográficas (General Oceanics) “go-flo” de 5L o bien “Niskin” de 30 L y otras 
con la ayuda de una barra telescópica con un aplique final para colocar la botella 
de muestreo. Ambos métodos están contemplados dentro del protocolo de 
técnicas limpias elaborado por la EPA. En el primer caso, las botellas 
oceanográficas se lavaron previamente con agua Milli-Q y se dejaron llenas de 
agua Milli-Q a pH 2 (HNO3 grado analítico) durante la noche anterior al muestreo. 
Antes de la toma de muestra se vaciaron y se enjuagaron varias veces con agua 
del punto de muestreo antes de coger la muestra definitiva. Llegado a este punto, 
el procedimiento es el mismo para las muestras recogidas con barra telescópica y 
las sub-muestreadas a partir de las botellas oceanográficas. Una persona 
denominada “manos-sucias” abrirá la bolsa zip externa mientras que otra 
denominada “manos-limpias”, con guantes de polivinilo en las manos, abrirá la 
bolsa zip interior para extraer la botella de polietileno (500 mL o 1 L) y volverá a 
cerrar la bolsa hasta que vaya a devolver la botella con la muestra final. En primer 
lugar se vacía el contenido de las botellas (Milli-Q  a pH 2 a partir de HNO3) y se 
homogeneizan tres veces con la muestra antes de la toma final conservándola en 
nevera hasta su filtrado y posterior análisis. En el caso de los muestreos con barra 
telescópica, las muestras deben ser recogidas de cara a la corriente en el caso de 
ríos y depuradoras y evitando la sombra del barco para el caso de muestras de 
agua superficial recogidas desde el bote (directrices EPA). 
Cuando se va a muestrear sedimento, también hay dos modalidades. 
Según la primera, las muestras de sedimento superficial se recogieron con una 
draga Van Veen y se sub-muestreó el primer centímetro con una espátula plástica 
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previamente lavada. Posteriormente se introdujeron las muestras en viales 
lavados en ácido o bolsas zip y se guardaron en nevera hasta su secado y 
almacenamiento. En el segundo caso, los sedimentos obtenidos mediante 
testigos, fueron recogidos con la ayuda de una draga modelo “Rouvilloise” en el 
caso de testigos de PVC superficiales y un corer de gravedad para los profundos. 
Los testigos fueron almacenados a 4ºC hasta que se seccionaron y sub-




El filtrado de muestras se llevó a cabo dentro de la cabina de flujo laminar 
en un laboratorio ultra-limpio utilizando una bomba de vacío situada fuera de la 
cabina para evitar una posible contaminación. Los sistemas de filtración (Nalgene) 
habían sido lavados previamente en ácido como se ha indicado anteriormente y 
los filtros de policarbonato (Pall) fueron lavados mediante inmersión en HCl al 1% 
durante una noche y varios enjuagues posteriores con agua Milli-Q antes de dejar 
secar, pesar y guardar en discos petri también lavados con ácido. Los primeros 50 
mL de muestra fueron desechados tras homogeneizar la copa receptora de 
muestra filtrada y el posterior filtrado fue almacenado en botellas de polietileno de 




Una vez filtradas, las muestras se acidificaron a pH 2 (HCl Trace Select) 
hasta su análisis en el caso de muestras en las cuales se iba a determinar la 
concentración total de metal, mientras que las muestras las que se iba a estudiar 
la especiación orgánica, se almacenaron congeladas sin la adición de ningún 
reactivo que alterase su distribución entre las diferentes especies. Este 
procedimiento ya ha sido probado previamente (Capodaglio et al., 1995) 
demostrando que la especiación original no sufre alteración alguna. 
Los filtros en los que se retuvo la materia particulada en suspensión fueron 
congelados en las placas petri hasta su análisis. 
Los sedimentos fueron secados dentro de estufa (<50ºC) y tamizados a 
través de una malla de nylon de 2000 µm y 63 µm. Posteriormente fueron 
almacenados en viales lavados con ácido o en bolsas zip hasta su análisis. 
   
e) Análisis y reactivos 
 
Todos los reactivos necesarios para el análisis de muestras eran de grado 
Trace Select o en su defecto Suprapur. Para asegurarse de la no contaminación 
de muestras durante el análisis, se realizaron una serie de blancos, denominados 
blancos anaíticos, que siguieron el mismo procesado que las muestras (filtrado, 
acidificación, adición de reactivos,…). Los valores obtenidos de estos blancos 
fueron substraídos al valor de cada muestra medida con el fin de no sobrevalorar 
el resultado. Además de los blancos analíticos, se realizaron una serie de blancos 
de campo, que consisten en agua Milli-Q a la cual se le sometió a todo el proceso 
de transporte junto con el resto de material hasta el punto de muestreo y vuelta al 
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laboratorio. Esto determinará la posible contaminación de la muestra durante la 
fase de muestreo. 
Los métodos de análisis tanto para muestras de agua como para 
sedimento y material particulado en suspensión, vienen detallados en cada uno de 
los capítulos. 
   
f) Material de referencia certificado 
 
Con el fin de asegurar la precisión y exactitud de las medidas, se realizó el 
análisis de material de referencia certificado cuyos resultados aparecen en cada 
capítulo. En el caso de muestras de agua de mar se utilizó CASS-4 (Material de 
referencia de Aguas Costeras para metales traza), en el caso e muestras fluviales 
y de depuradora se analizó SLRS-4 (Material de referencia de aguas de río para 
metales traza) y en el caso de sedimentos y materia particulada en suspensión 
PACS-2 (Material de referencia de sedimentos marinos para elementos traza ).  
 
1.3. Estudios previos de metales en las Rias Gallegas y aguas costeras 
adyacentes 
 
Como ya quedó claramente reflejado en un reciente revisión acerca del 
estado del conocimiento de los metales traza en las Rías Gallegas (Prego y 
Cobelo-García, 2003), existen grandes lagunas sobre los niveles, comportamiento, 
especiación y ciclos biogeoquímicos de estos metales en este entorno particular 
de la costa Noroeste de la Península Ibérica. A pesar de que en la última década 
se han publicado numerosos estudios que intentan paliar esta falta de estudios 
sobre metales en sedimento (Cobelo-García y Prego., 2003a; Alvarez-Iglesias et 
al., 2003; Evans et al., 2003; Prego et al., 2006a; Marmolejo-Rodriguez et al., 2007 
), aguas estuáricas (Cobelo-García y Prego, 2004a; Cobelo-García et al., 2005 y 
Prego et al., 2006b), aguas continentales y pluviales (Cobelo-García y Prego, 
2003b; Cobelo-García et al., 2004; Filgueiras and Prego, 2007) y especiación 
orgánica (Cobelo-García y Prego, 2004b), varios aspectos aún no han sido 
estudiados o su estudio sigue siendo escaso.  
La mayor parte de estos estudios, como ya se indicaba en la revisión del 
año 2003, se han seguido centrando en el conocimiento de las concentraciones de 
metales traza en el sedimento y aunque se ha ido ahondando en la especiación de 
los mismos (Alvarez-Iglesias et al., 2003) en las distintas fracciones sedimentarias 
mediante métodos de extracción secuencial como BCR o Tessier, se echa en falta 
un estudio más completo sobre este tema que abarque una zona más amplia de 
estudio así como un mayor número de metales y fases de extracción. Además, no 
existe ningún trabajo que estudie los procesos sufridos por los metales en la 
interfase agua sedimento ni los flujos de metales entre estas dos fases. 
En cuanto a los trabajos sobre metales disueltos en distintos tipos de 
aguas estuáricas o continentales, se ha realizado un gran avance aunque se sigue 
echando en falta algún estudio sobre niveles de fondo de metales en aguas 
costeras y oceánicas frente a las costas gallegas que sirvan como guía frente a 
posibles eventos contaminantes como puede ser el caso del hundimiento de 
petroleros o vertidos incontrolados de sustancias nocivas con altos niveles de 
metales. Además, y salvo rara excepción, los estudios se han limitado en la mayor 
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parte de los clásicos cobre, plomo, zinc y cadmio, (Cobelo-Garcia and Prego, 
2004a) por lo que la ampliación de los trabajos a un mayor número de elementos 
enriquecería enormemente el conocimiento sobre el comportamiento de los 
metales traza de esta región geográfica. Se ha comenzado a investigar acerca de 
la especiación orgánica de los metales traza en estuarios (Cobelo-Garcia and 
Prego, 2004b) aunque los estudios son puntuales por lo que sería de gran interés 
algún trabajo más amplio sobre la especiación orgánica de metales en aguas 
estuáricas o continentales. 
 
1.4. Objetivos de la Tesis 
 
El objetivo general de esta Tesis, dado su escaso conocimiento, es 
estudiar aspectos fundamentales sobre el ciclo y procesos biogeoquímicos de los 
metales traza en una Ría Baja gallega y abordar la significancia de 
contaminaciones ocasionales o crónicas por vertido de metales. Ello se ha 
abordado mediante la serie de objetivos parciales que a continuación se detallan: 
 
I. Poner a punto un método voltamperométrico, rápido y multi-elemento, que 
pueda ser aplicado para el análisis de metales traza en muestras con un 
amplio rango de matrices y concentraciones. Dicho método será utilizado 
para analizar cobre, níquel y vanadio en aguas continentales (ríos y 
depuradoras), estuáricas, intersticiales del sedimento, costeras y 
oceánicas. 
  
II. Establecer los niveles de metales en el entorno de la ría de Vigo, tanto en 
la fracción disuelta como en la particulada de la columna de agua y en el 
sedimento; a partir de ellos averiguar la evolución de la contaminación tras 
la instalación de sistemas de depuración de aguas residuales en la ría.  
 
III. Cuantificar los intercambios estuario-ría de metales traza y la importancia 
de los flujos hacia la ría desde su frontera bentónica. 
  
IV. Determinar en la ría de Vigo la especiación orgánica del cobre en los 
aportes de aguas fluviales y residuales a la vez que su comportamiento 
durante la mezcla estuárica atendiendo a los posibles intercambios entre 
las distintas fases (fracción disuelta, particulada y sedimento) durante el 
proceso de mezcla.  
  
V.  Evaluar una posible contaminación por metales como resultado del 
accidente del petrolero Prestige frente a las costas gallegas (Noviembre de 
2002) en base a los niveles naturales presentes en esa zona. 
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PARTE II. NIVELES Y FLUJOS DE METALES TRAZA EN LA RIA DE 
VIGO 
 
Capítulo 2. Determinación simultánea y directa de Cu, Ni y V en agua de mar 
por voltamperometría de redisolución catódica usando un pool de 
ligandos 
 
En el campo de los análisis de metales traza en el medio ambiente, se 
precisa de un mayor desarrollo de las técnicas electroanáliticas para la 
determinación simultánea de varios elementos con el fin de reducir de manera 
considerable el tiempo de análisis, convirtiéndolos en análisis rutinarios de 
laboratorio. Se propone un método analítico para la determinación simultánea y 
directa en un solo barrido de Cu, Ni y V en agua de mar por voltamperometría de 
redisolución catódica adsorptiva (AdCSV) usando un pool de ligandos (DMG and 
catecol). Para ello se estudiaron las condiciones óptimas para la determinación de 
estos tres elementos. La sensibilidad máxima se obtuvo usando unas 
concentraciones de DMG y catecol de 0.5 mM y 0.7 mM respectivamente, un pH 
en la solución de 7.35 y un potencial de adsorción de -0.35 V. Los limites de 
detección de la técnica dependen de la reproducibilidad del blanco de 
procedimiento y dieron como resultado 0.5 nM para el Cu, 0.4 nM para el Ni y 0.3 
nM para el V. El método es adecuado para el análisis de aguas estuáricas, 
costeras y de mar abierto. Además, debido a que los derivados del petróleo 
contienen cantidades importantes de algunos elementos traza, como Ni y V, el 
método es adecuado para determinar la contaminación en zonas expuestas a 
contaminación por petróleo. 
 
Palabras clave: Voltamperometría de redisolución catódica, Determinación 
simultánea, Metales, Agua de mar. 
 
 
Capítulo 3. Variación intra-annual y concentraciones de fondo de metales 
traza disueltos en la Ria de Vigo y aguas costeras adyacentes (NE 
de la costa Atlántica) 
 
Con el fin de determiner la variación anual de concentraciones de metales 
traza disueltos en las Rías Gallegas y aguas de plataforma, se muestrearon 
mensualmente dos estaciones (Ría de Vigo y plataforma continental adyacente) 
durante 2003. La concentración de metal total disuelto se determinó por medio de 
voltamperometría de redisolución anódica para Cd, Pb, y Zn, y por 
voltamperometría de redisolución catódica para Co, Cu, Ni y V. Debido a la 
proximidad de las principales fuentes antropogénicas, los valores fueron 
generalmente mayores dentro de la Ría de Vigo (0.1-0.5 nM para Pb, 0.02-0.10 
nM para Cd, 0.2-1.7 nM para Co, 1.1-9.3 nM para Cu, 1.7-7.8 nM para Ni, 16.2-
36.9 para V y 4.6-19.1 nM para Zn) que en las aguas costeras adyacentes (0.03-
0.43 nM para Pb, 0.01-0.12 nM para Cd, 0.2-0.7 nM para Co, 1.2-8.2 nM para Cu, 
1.2-7.9 nM para Ni, 23.1-38.5 para V y 0.8-13.1 nM para Zn). Se observaron 
ciertas tendencias estacionales, con valores sistemáticamente más elevados para 
Pb, Cu, y Zn durante la época húmeda, debido posiblemente a los aportes 
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continentales; Cadmio, Co, Ni y V mostraron valores mayores durante los eventos 
de upwelling en la época seca lo que indica un origen marcadamente oceánico.  
 
Palabras clave: Metales disueltos, Ría de Vigo, Plataforma Continental Gallega. 
 
 
Capítulo 4. Intercambio Estuario-Ría de metales traza en el sistema costero 
de la Ría de Vigo (NO de la Península Ibérica) 
 
El estrecho de Rande representa la frontera natural de intercambio de 
agua entre estuario y ria de la Ría de Vigo (Noroeste de la Península Ibérica). Con 
el fin de cuantificar los flujos de Cd, Pb y Zn a través del estrecho de Rande, se 
realizaron 6 muestreos a bordo del B/O Mytilus (IIM-CSIC) en diferentes 
condiciones estacionales. Se obtuvieron perfiles en la columna de agua de 
salinidad, temperatura y corrientes mareales cada 30 minutos; además se realizó 
un muestreo de la columna de agua para metales disueltos y particulados cada 
dos horas hasta cubrir un ciclo mareal completo. Las concentraciones de metales 
disueltos oscilaron entre 0.01-0.18 nM para Cd, 0.5-1.9 nM para Pb y 4-44 nM for 
Zn. Comparado con el Zn (16±12%) y especialmente el Cd (5.4±5.0), el metal 
particulado representa una fracción importante de la concentración total para el Pb 
(41±21%). El cálculo de balances demostró que la zona estuárica exporta metales 
a la ría durante las mareas vivas. Durante las mareas muertas, solo se exporta Pb 
mientras que el Cd es importado. Los flujos netos de Cd y Zn disuelto son 
mayores que los particulados mientras que en el caso del Pb se observó la 
situación opuesta. Excepto para el caso del Pb, los balances obtenidos para la Ría 
de Vigo son uno o dos órdenes de magnitud más bajos que los medidos en otros 
estuarios Europeos de mayor tamaño. 
 




Capítulo 5. Geoquímica de las Aguas Intersticiales de la Ría de Vigo (NO de 
la Península Ibérica): Implicaciones sobre los Flujos Bentónicos 
de Elementos Traza Disueltos (Co, Cu, Ni, Pb, V, Zn) 
 
Se presenta un estudio completo sobre concentración y procesos de 
metales traza disueltos en las aguas intersticiales de un sistema costero Gallego 
(Ría de Vigo). Las concentraciones de metales traza disueltos en las aguas 
intersticiales oscilaron entre 1.7-23.2 nM para cobalto (Co), 1.5-131 nM para cobre 
(Cu), 19.5-159 nM para níquel (Ni), 0.02-19.3 nM para plomo (Pb), 5.4-260 nM 
para vanadio (V) y 0.2-241 nM para zinc (Zn). Los valores resultaron mayores en 
el eje de la ría para Cu, Pb y Zn mientras que el resto de los elementos (Co, Ni, V 
y Zn) son más abundantes en la zona portuaria. Los perfiles de estos metales se 
vieron afectados por los procesos redox presentes en el sedimento que fueron 
monitorizados por medio de los niveles de manganeso (Mn) y hierro (Fe) así como 
por los valores de pH en las aguas intersticiales. El Cu y V presentaron niveles 
mayores en las capas superficiales óxicas, por degradación de la material 
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orgánica, disminuyendo en profundidad. El incremento de V en aguas profundas 
normalmente se interpreta como asociación don ligandos orgánicos disueltos. El 
Co y Ni siguen la química del Mn, estando ausentes en las capas óxicas 
superficiales pero incrementando los valores en la zona de reducción del Mn. El 
Pb y el Zn mostraron perfiles muy irregulares ya que no son tan sensibles a 
condiciones redox como el Ni o el Co y su capacidad complejante no es tan active 
como en el caso del Cu. Las concentraciones de metales en el agua sobrenadante 
oscilaron entre 0.7-2.1 nM para el Co, 5.5-50.5 nM para el Cu, 4.6-10 nM para el 
Ni, 1.4-9.1 para el Pb, 5.7-28.5 nM para el V y 14.6-66.5 nM para el Zn. Usando la 
primera ley de Fick sobre la diffusion, se estimaron los flujos de estos elementos 
traza. Los flujos de metales traza disueltos oscilaron entre 0.03-0.24 nmol cm-2 y-1 
para el Co, -0.02-1.11 nmol cm-2 y-1 para el Cu, 0.16-1.70 nmol cm-2 y-1 para el Ni, -
0.14-0.03 nmol cm-2 y-1 para el Pb, 1.52-4.35 nmol cm-2 y-1 para el V y -0.37-0.90 
nmol cm-2 y-1 para el Zn. Los mayores flujos de Cu, Ni, V y Zn se observaron en el 
eje de la ría y en el caso del Co, en la zona portuaria. Los flujos de Pb fueron 
prácticamente despreciables en todas las estaciones. El presente estudio ha 
demostrado que la geoquímica redox y los procesos diagenéticos de los 
sedimentos y sus aguas intersticiales son mas importantes en el control de los 
flujos bentónicos que el area o estación del año tenida en cuenta para el estudio. 
Cuando la capa superficial del sedimento es óxica, se produce una alta 
exportación de Cu y V hacia las aguas sobrenadantes mientras que en el caso de 
condiciones menos oxidantes de esta capa superficial, aumenta la exportación de 
Ni y Co desde las aguas intersticiales. Los flujos bentónicos de metales traza 
disueltos no pueden ser olvidados porque este tipo de aportes son, para la mayor 
parte de los metales (Cu, Ni y V) del mismo orden de magnitud que los aportes de 
los principales ríos que desembocan en la ría. 
 




Capítulo 6. Cambios espaciales y temporales de las concentraciones lábiles 
y totales de metales en los sedimentos superficiales de la Ría de 
Vigo (NO de la Península Ibérica): Influencia de las fuentes 
antropogénicas 
 
La industrializada y densamente poblada Ria de Vigo puede ser un buen 
ejemplo de cómo estos tipos de sistemas costeros podrían verse afectadas por la 
influencia antropogénica. A través del contenido lábil y total de metales en el 
depósito sedimentario de la Ria es posible identificar la huella de los aportes 
litogénicos naturales, actividades portuarias, astilleros, flujos de aguas residuales, 
polvo urbano, contribuciones agrícolas, transporte del río y producción de la 
maricultura. 
Entre estas fuentes combinadas, otro factor a señalar es la estrecha franja 
costera en la zona media de la ría donde se acumulan Cd, Cu y Zn en los 
sedimentos como consecuencia de la presencia de los astilleros y los muelles. En 
estas áreas, la contaminación total por metales va desde severa a alta y las 
concentraciones de metal lábil (Cd, Cu, Fe, Ni y Zn) son las más altas de toda la 
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ría. Sin embargo, la abundancia de otros metales como el Fe, Ni y V tiene un 
origen natural, de acuerdo a sus factores de enriquecimiento, como consecuencia 
de la estructura geológica local. En la mitad sur de la Ria, donde no hay aportes 
de ríos o aguas residuales, como resultado de los vertidos difusos o incontrolados, 
los metales disueltos y particulados pueden depositarse rápidamente en las 
cercanías de los puntos de descarga, como por ejemplo, las zonas portuarias, 
debido a cambios en el pH y la salinidad. El principal flujo de agua dulce, el río 
Oitavén situado en la cabecera de la Ría, no está contaminado por metales por lo 
que la contaminación es moderada en la Ensenada de San Simón. 
Otro aspecto a destacar es la presencia de las plantas de tratamiento de 
aguas residuales, que empezaron a funcionar en el último año del siglo XX. Estas 
plantas constituyen el cambio más reciente, con notables consecuencias para el 
medio ambiente de la ría. Seis años más tarde, se observo una disminución 
general del metal particulado de la superficie del sedimento, mientras que la 
presencia de metal lábil se vió incrementada. En el litoral norte de la parte exterior 
de la ría, en el año 2005, la fracción lábil de Cd, Ni y Zn, probablemente como 
resultado de la acción combinada de la planta de aguas residuales y la presencia 
de bateas de mejillones en la zona, llegó a niveles de hasta 4, 15 y 5 veces más 
altos que en 1999, respectivamente. Otro incremento en la fracción lábil de 
metales se detectó en el interior Ria donde algunos metales sensibles a los 
procesos redox, como Cu, Fe y V, aumentaron su biodisponibilidad hasta 3 veces 
en seis años. Esto puede ser debido a los usos agrícolas y la red de carreteras 
que rodean la zona, junto con la disturbación del sedimento debido a las 
actividades de maricultura en la ría. 
 
Palabras clave: Metales traza, Niveles de fondo, Contaminación, Sistemas 
costeros, Planta de tratamiento de aguas residuales, NO España. 
 
PARTE III. ESPECIACIÓN DE COBRE DISUELTO EN LAS DESCARGAS 
CONTINENTALES Y EN LA MEZCLA ESTUÁRICA DE UN SISTEMA DE 
RÍA 
 
Capítulo 7. Especiación de Cobre en aguas estuáricas evaluada por 
valoraciones directas e inversas 
 
Se determine la especiación química del cobre en aguas estuáricas de la 
Ría de Vigo por valoraciones con salicylaldoxima (valoraciones inversas de cobre) 
y con cobre (valoraciones directas). Las valoraciones directas cuantificaron las 
concentraciones de ligandos presentes en exceso mientras que las valoraciones 
inversas certificaron la presencia de bajas concentraciones de ligandos 
fuertemente complejantes con una concentración similar a la de cobre total. Los 
datos obtenidos de las valoraciones inversas indicaron que el cobre estaba unidos 
unas 10 veces más fuertemente que lo que dictaminaban los datos basados en las 
típicas valoraciones directas. 
Las concentraciones de Cu en aguas de la ría son de alrededor de 5 nM 
con un pequeño máximo a mitad de estuario (8 nM). Estos niveles de Cu se 
encuentran entre los más bajos publicados para aguas estuáricas por lo que 
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representan aguas no contaminadas. La concentración de cobre inorgánico fue 
muy baja a lo largo de la ría ~10-100 fM, excepto en el Puerto de Bouzas 
(salinidad 35.5) donde aumentó hasta ~1 pM debido a la contaminación de Cu, en 
aguas afectadas por las instalaciones portuarias donde los niveles de cobre total 
llegaron a 15-20 nM, sobrepasando la concentración de los ligandos más fuertes 
detectados por las valoraciones inversas.  
 
Palabras clave: Complejación de cobre; Voltamperometría de redisolución 
catódica; Especiación de metales; Ligandos complejantes orgánicos. 
 
 
Capítulo 8. Especiación de cobre en los aportes continentals a la Ría de 
Vigo: Descargas residuales frente a flujos fluviales 
 
Se evaluaron los aportes continentales de cobre (ríos y depuradoras) a la 
Ría de Vigo. El principal aporte fluvial no estaba contaminado y las descargas más 
degradadas aparecen en el margen medio-sur de la Ría. Los aportes continentales 
de cobre y ligandos a la Ría están dominados por las plantas depuradoras de 
aguas residuales (136 molCu·d-1, 124 molL·d-1) seguidas por los ríos (15 molCu·d-
1, 21 molL·d-1). La fracción disuelta es la principal vía de descarga en los ríos 
(66%) siendo la fracción particulada la forma de descarga predominante en 
depuradoras (63%). EL cobre disuelto se encuentra orgánicamente complejado 
tanto en ríos (99.8%) como en depuradoras (99.9%). Esta pequeña diferencia 
puede ser atribuida al hecho de que la estabilidad de los complejos de 
depuradoras es mayor que la de los presentes en ríos. Además, las 
concentraciones de ligandos son mayores en depuradoras que en los ríos. Por 
tanto, los aportes naturales de cobre y ligandos a la ría procedentes del continente 
se ven multiplicados por los aportes antropogénicos (5-15 y 3-5 veces mayores 
para cobre y ligandos respectivamente). 
 




Capítulo 9. Comportamiento de la especiación de cobre disuelto durante la 
mezcla estuárica en la Ensenada de San Simón (época húmeda, 
Galicia). Influencia de la material particulada 
La especiación de cobre disuelto en la zona de mezcla estuárica en una 
Ría Gallega (Ría de Vigo) fue por primera vez estudiado durante la época húmeda 
y relacionado con los niveles de cobre en la materia particulada en suspensión y 
en lo sedimentos. En los extremos fluvial y oceánico, las concentraciones de cobre 
disuelto pueden ser consideradas pristinas (<4 nM in el Río Oitavén).El cobre 
disuelto presenta un comportamiento no conservativo durante la mezcla estuárica 
y el aumento en su concentración (5-8 nM) no puede ser asociado a únicamente al 
cobre particulado con variaciones de 0.5-1.0 nM por lo que los sedimentos deben 
ser una fuente importante de cobre disuelto. La especiación de cobre disuelto está 
principalmente controlada por dos tipos de ligandos (log K′L1 = 12.9-13.9; log K′L2 = 
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10.8-12.1). EN todas las muestras, la concentración de L1 (CL1 = 15-34 nM) resultó 
ser mayor que la de cobre cuya especiación está por tanto dominada por este 
ligando orgánico fuerte. EL transporte de la contaminación de cobre desde la parte 
media de la Ría hacia la Ensenada de San Simón es limitada durante la época 
húmeda: a pesar de presentar salinidades similares, la concentración de cobre 
disuelto en la ensenada (6 nM) es mucho menor que en el puente de Rande (15 
nM). 
 
Palabras clave: Cobre, Especiación, Agua, Material particulada en suspensión, 
Sedimentos, Ría, Galicia, España. 
 
 
PARTE IV. IMPACTO DEL VERTIDO DEL PETROLERO PRESTIGE 
SOBRE LOS NIVELES DE METALES TRAZA DISUELTOS EN AGUAS 
COSTERAS GALLEGAS Y PLATAFORMA Y OCÉANO ADYACENTES 
 
Capítulo 10. Sobre el impacto del vertido del Prestige en los niveles de 
Vanadio y otros metales traza en aguas de la Ría de Vigo (NO 
de la Península Ibérica) 
 
Los resultados de Villares et al. (2007) parecen confirmar la idea de que 
los aportes terrestres de metales traza eran tan altos que cualquier  aporte 
procedente del Prestige no podría ser detectado en un aumento de la 
concentración en los tejidos de las macroalgas con la excepción del Vanadio. Sin 
embargo, no se apreció ningún aumento de los niveles de Cu, Ni y V dentro de la 
Ría de Vigo como consecuencia de la entrada en la Ría de una marea negra 
procedente del petrolero Prestige. Por tanto, la bioacumulación de vanadio 
observada en la macroalga Fucus no puede ser asociada al fuel pesado 
procedente del Prestige ni a las Fuentes contaminantes de origen terrestre. 
 
Palabras clave: Metales, Vanadio, Fuel pesado, Accidente del petrolero Prestige, 
Ria, NO de España. 
 
Capítulo 11. Cobre, níquel, y vanadio en la Plataforma Contiental Oeste 
Gallega durante primavera después de la catástrofe del 
Prestige: Se observó una contaminación del agua de mar? 
 
De acuerdo con nuestros análisis, la carga original de fuel transportada por 
el petrolero Prestige, presentaba algunos elementos traza como Cu (3 µg g-1), Ni 
(97 µg g-1) y V (382 µg g-1). Se investigó la posible contaminación del agua de 
fondo por metales debido al fuel depositado en el sedimento así como la 
contaminación de las aguas superficiales por el fuel despositado en el litoral en la 
Plataforma Continental Oeste de Galicia cinco meses después del hundimiento del 
petrolero Prestige (Noviembre de 2002). Se analizaron, por medio de un método 
electroanalítico (AdCSV) y siguiendo los protocolos de técnicas limpias una serie 
de muestras de agua recogidas en ocho estaciones desde el Cabo Finisterre hasta 
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la desembocadura del Río Miño. Únicamente los niveles en superficie de Cu y Ni 
en las Islas Ons y Cíes presentaron valores mayores que los considerados de 
fondo para estas aguas de la sección Noreste del Océano Atlántico. La 
acumulación y envejecimiento del fuel depositado en las costas puede ser una de 
las causas de este aumento, pero la influencia de los aportes industriales y 
urbanos de las cercanas Rías de Vigo y Pontevedra pueden ser otra de las causas 
de este incremento. Este estudio puede ser muy útil para establecer, por primera 
vez, los valores típicos de Cu, Ni y V en aguas de la Plataforma Continental 
Gallega. Las concentraciones totales de metal oscilaron entre 1.7-3.4 nM para el 
Cu, 2.9-4.8 nM para el Ni y 19.7-32.3 nM para el V; las disueltas entre 0.7-1.5 nM 
para el Cu, 2.2-3.3 nM para el Ni y 15.5-27.0 nM para el V; y por último las 
concentraciones de metal particulado fueron menores de 2.6 nM para el Cu, 2 nM 
para el Ni y 7.2 nM para el V.  
 
Palabras clave: Metales, Contaminación, Agua de mar, Vertido de petróleo, 
Prestige, Plataforma Gallega. 
 
 
Capítulo 12. Influencia del fuel pesado vertido por el tanque hundido del 
petrolero Prestige sobre las concentraciones de cobre, níquel y 
vanadio en la columna de agua situada encima del pecio 
hundido (NE Océano Atlántico) 
 
Se realizó un muestreo de la columna de agua situada encima del pecio 
hundido del Prestige en dos campañas consecutivas: Prestinaut (Diciembre de 
2002) dos semanas después del hundimiento del petrolero e HidroPrestige0303 
(Marzo de 2003) un mes después del sellado de las principales fugas de petróleo. 
Asímismo se recogieron muestras del fuel original y del fuel emulsionado en la 
superficie del océano. Los análisis de fuel indicaron la liberación de of 135 kg de 
Cu, 1700 kg de Ni y 5300 kg de V del fue original a la columna de agua, 
permaneciendo 35 kg de Cu, 3100 kg de Ni y 13800 kg de V en el fuel 
emulsionado. La partición de metales entre la columna de agua y el fuel 
emulsionado flotante, Cu>Ni~V, está en concordancia con los índices de 
estabilidad de los enlaces metal-nitrógeno de las metaloporfirinas. Esta liberación 
provocó un impacto en las concentraciones de metales traza disueltos en la 
columna de agua. Se observó un incremento de cobre disuelto (2.8-4.7 nM) y 
níquel (2.2-8.0 nM) respecto a los valores naturales (1-3 nM para el Cu y 1.6-5 nM 
para el Ni). Los valores de vanadio (28-35 nM) estaban dentro de los rangos de 
aguas pristinas del Atlántico Norte (30-36 nM). La contaminación se observó 
especialmente en la parte superior de la columna de agua (0-50 m), asociada a la 
mezcla de agua de mar con el fuel ascendente, y en aguas profundas, donde el 
tiempo de residencia del fuel es mayor. La investigación futura en este campo 
debería centrarse en las variables ambientales y procesos que controlan la 
liberación de los contaminantes desde el petróleo para conseguir una mejor 
evaluación de la contaminación en los vertidos de petróleo. 
 
Palabras clave: Cobre; Níquel; Vanadio; Agua de mar; Contaminación; Vertidos 
de petróleo; Fuel pesado; petrolero Prestige, NE del Océano Atlántico. 
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RESUMEN Y CONCLUSIONES GENERALES 
 
Esta tesis ofrece un estudio amplio y detallado de los niveles y procesos 
de metales traza en la Ría de Vigo y sus aguas costeras adyacentes. Se ha 
ocupado de muchas de las lagunas que permanecían sin estudiar sobre los 
metales traza en rías gallegas, las zonas costeras y aguas adyacentes. Con el fin 
de obtener resultados fiables, se han empleado técnicas limpias para metales 
traza y la exactitud de los procedimientos analíticos se ha comprobado mediante 
el uso de a través de materiales de referencia certificados durante todo el trabajo. 
La tesis se compone de cuatro partes principales: una descripción introductoria de 
la biogeoquímica de estuarios y zonas costeras, una descripción de las 
concentraciones y flujos de metales dentro de la Ría de Vigo, un estudio de 
especiación de cobre y el comportamiento en los aportes continentales y durante 
la mezcla estuárica en la ría y, por último, una descripción de los efectos del 
hundimiento del petrolero Prestige, sobre los niveles de metales traza en las 
aguas costeras fértiles. Cada parte está dividida en capítulos en los que se 




La primera parte de la tesis es un examen amplio de la biogeoquímica de 
metales traza en los estuarios y aguas costeras. La importancia y el impacto 
potencial de metales traza en las fértiles rías gallegas fue reconocido muy 
recientemente, en el estudio sobre su estado de conocimientode metales traza en 
este tipo de aguas de Prego y Cobelo-García (2003), quienes señalaron la falta de 
investigación sobre metales en esta región. La importancia de la utilización de 
técnicas y procedimientos ultra-limpios para la determinación de metales traza se 
destacó junto con la necesidad de comprobación de los resultados, utilizando 
materiales de referencia certificados. Los objetivos y el alcance del estudio se 
describen a continuación, de forma sistemática y de manera positiva lo que dan 




Esta parte se compone de cinco capítulos. El primero se ocupa del 
desarrollo de un método electroquímico para la determinación simultánea de 
cobre, níquel y vanadio disueltos en el agua de mar. Si bien las determinaciones 
de cobre disuelto y el níquel son relativamente comunes, los estudios sobre la 
determinación de vanadio disuelto son escasos, a pesar de que el vanadio es un 
elemento biológicamente activo. Después de haber desarrollado un enfoque 
innovador, este método electroquímico, junto con otros métodos para la 
cuantificación de metales en la fase particulada, se han aplicado para establecer 
los niveles base (o de fondo) de las concentraciones disueltas, particuladas y 
metales traza en sedimentos de la Ría de Vigo y sus aguas costeras adyacentes. 
El intercambio de metales entre la ría y las aguas costeras, junto con los flujos 
sedimento-agua de las formas disueltas de los elementos traza han sido 
cuantificados. Por último se ha aplicado una extracción secuencial los sedimentos 
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a fin de investigar la especiación sedimentaria de los elementos traza. De estos 
estudios, se han notificado varias conclusiones: 
 
- El método propuesto es útil y adecuado para la determinación directa y 
simultánea de Cu, Ni y V en muestras de estuarios, zonas costeras y de 
océano abierto por medio de voltametría de redisolución catódica 
adsorptiva (AdCSV). La máxima sensibilidad se obtuvo con unas 
concentraciones de DMG y catecol de 0.5 mM y 07 mM, respectivamente, 
una solución a pH de 7.35 y un potencial de adsorción -0.35 V. 
- En cuanto a los niveles de metales traza dentro y fuera de la ría durante 
un ciclo anual, los valores fueron más altos en general en el interior de la 
Ría de Vigo (0.1-0.5 nM para el Pb, 0.02-0.10 nM para el Cd, 0.2-1.7 nM 
para el Co, 1.1-9.3 nM para el Cu, 1.7-7.8 nM para el Ni, 16.2-36.9 para el 
V y 4,6-19,1 nM para el Zn) que en las aguas costeras adyacentes (0.03-
0.43 nM para el Pb, 0.01-0.12 nM para el Cd, 0.2-0.7 nM para el Co , 1.2-
8.2 nM para el Cu, 1.2-7.9 nM para el Ni, 23.1-38.5 para el V y 0.8-13.1 
nM para el Zn). Esto puede explicarse por la cercanía de los principales 
aportes antropogénicos. Se observaron tendencias temporales, con 
valores sistemáticamente más altos para Pb, Cu y Zn durante la estación 
húmeda, lo que supone una entrada desde tierra, el Cd, Co, Ni y V 
mostraron valores más altos durante los eventos de afloramiento en la 
estación seca lo que indica un importante origen oceánico. 
- Cuando se habla de intercambio estuario-ría de los elementos traza, la 
concentración de metales disueltos osciló entre 0.01-0.18 nM para el Cd, 
0.5-1.9 nM para el Pb y 4-44 nM para el Zn en el estrecho de Rande. En 
comparación con el Zn (16 ± 12%) y, sobre todo con el Cd (5,4 ± 5,0), el 
metal particulado representa una fracción significativa de la concentración 
total de Pb (41 ± 21%). El cálculo de balances demostró que la zona 
estuárica exporta metales a la ría durante las mareas vivas. Durante las 
mareas muertas, solo se exporta Pb mientras que el Cd es importado. Los 
flujos netos de Cd y Zn disuelto son mayores que los particulados 
mientras que en el caso del Pb se observó la situación opuesta. Excepto 
para el caso del Pb, los balances obtenidos para la Ría de Vigo son uno o 
dos órdenes de magnitud más bajos que los medidos en otros estuarios 
Europeos de mayor tamaño. 
- Laa concentración de metales disueltos en las aguas intersticiales de la 
Ría de Vigo osciló entre 1.7-23.2 nM para el cobalto (Co), 1.5-131 nM para 
el cobre (Cu), 19.5-159 nM para el níquel (Ni), 0.02-19.3 nM para el plomo 
(Pb), 5.4-260 nM para el vanadio (V) y 0.2-241 nM para el zinc (Zn). Los 
valores fueron más altos en el eje de la ría para Cu, Pb y Zn, mientras que 
el resto de los elementos (Co, Ni, V y Zn) fueron más abundantes en la 
zona de astilleros. 
- Los perfiles de estos metales se vieron afectados por procesos redox 
presentes en los sedimentos que fueron controlados a través de los 
niveles de manganeso (Mn) y hierro (Fe) y los valores de pH en las aguas 
intersticiales. El cobre y vanadio presentan niveles más altos en las capas 
óxicas superficiales, por la degradación de materia orgánica, 
disminuyendo con la profundidad. Un aumento de la concentración de V 
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en aguas más profundas suelen ocurrir por asociación con ligandos 
orgánicos disueltos. El cobalto y níquel siguen la química del Mn y no se 
encontraron niveles cuantificables en las capas superficiales oxicas, 
incrementando sus niveles en la zona de reducción del manganeso. El 
plomo y el zinc mostraron perfiles muy irregulares, ya que no son tan 
sensibles a variaciones redox como Ni o Co y su capacidad de 
complejación con materia orgánica no es tan activa como el caso de Cu. 
- Los niveles de metales en las aguas sobrenadantes oscilaron entre 0.7-
2.1 nM para el Co, 5.5-50.5 nM para el Cu, 4.6-10 nM para el Ni, 1.4-9.1 
para el Pb, 5.7-28.5 nM para el V y 14.6-66.5 nM para el Zn. 
- Usando la primera ley de Fick de la difusión, se han estimado los flujos 
bentónicos de estos elementos traza. Los flujos de metales traza disueltos 
oscilaron entre 0.03-0.24 nmol cm-2 y-1 para el Co, -0.02-1.11 nmol cm-2 y-1 
para el Cu, 0.16-1.70 nmol cm-2 y-1 fpara el Ni, -0.14-0.03 nmol cm-2 y-1 
para el Pb, 1.52-4.35 nmol cm-2 y-1 para el V y -0.37-0.90 nmol cm-2 y-1 
para el Zn. Los flujos fueron mayores en el eje de la ría para Cu, Ni, Zn y 
V y en la zona portuaria y de astilleros para el Co. Los flujos de plomo 
flujos fueron casi insignificantes en todas las estaciones de la Ría de Vigo. 
- Este trabajo ha demostrado que más de la zona o la estación del año, la 
geoquímica redox y los procesos diagenéticos de los sedimentos y aguas 
intersiticiales median sobre los flujos bentónicos. Cuando la capa superior 
del sedimento es óxica, se produce una alta exportación de Cu y V a las 
aguas sobrenadantes y en condiciones menos oxidantes de esta capa, la 
exportación de Ni y Co desde las aguas intersticiales aumenta. 
- Los flujos bentónicos de metales disueltos a la Ría de Vigo no puede 
descartarse debido a que estas entradas son, para la mayoría de los 
metales (Cu, Ni y V), de la misma magnitud que los aportes que llegan a la 
ría desde el río principal. 
- En cuanto a la fracción sedimentaria, los factores de enriquecimiento, en 
referencia a los niveles de fondo usando las ecuaciones metal-Al de los 
testigos de sedimento, indican el origen natural de Fe, Ni y V, mientras 
que Cd, Cu y Zn identifican  el astillero y zona portuaria como las áreas 
más contaminadas de la Ría y las más ricas en metales biodisponibles. 
- Seis años después del inicio de actividades por parte de las plantas de 
tratamiento de aguas residuales (STP), la concentración total de metales 
ha disminuido, mientras que la fracción lábil aumentó en los sedimentos 
superficiales de la ría. Éstos, son altos en Cd, Ni y Zn lábiles, cerca de la 
zona exterior Ria probablemente asociado con vertidos de depuradoras, 
las corrientes y la presencia de bateas de mejillón. 
- En la zona estuarina de la Ria, los metales redox-sensibles como Cu, Fe y 
V mostraron un aumento de la biodisponibilidad con el tiempo. Esto puede 
estar relacionado tanto con fuentes naturales como con agrícolas y la 
perturbación de la parte superior de los sedimentos durante la recolección 









Esta parte se centra exclusivamente (3 capítulos) en el comportamiento de 
cobre disuelto, que es uno de los principales contaminantes en la Ría de Vigo 
debido al uso generalizado y existen dudas acerca de su impacto sobre la biota 
marina. El primer capítulo muestra la aplicación de una electroquímica modificada 
para determinar la especiación de cobre disuelto, incluidas nuevas constantes de 
complejación de cobre con la materia orgánica disuelta. El segundo es una 
comparación de la especiación de cobre y flujos entre dos diferentes tipos de 
aportes continentales a la Ría de Vigo, como los ríos y plantas de tratamiento de 
aguas residuales. Finalmente, el último capítulo de esta parte es un estudio del 
comportamiento de la especiación de cobre durante la mezcla estuarina 
incluyendo las interacciones partículas-, que afectan a su transporte dentro de la 
Ría de Vigo. En esta parte se muestra un enfoque amplio que abarca los 
principales compartimentos ambientales en la Ría de Vigo por lo que supone una 
buena base para una mejor gestión de los aportes de cobre. Algunas conclusiones 
se han extraído de esta parte: 
 
- Las valoraciones directas cuantifican las concentraciones de ligandos 
presentes en exceso mientras que las valoraciones inversas ponen de 
manifiesto la presencia de bajas concentraciones de ligandos fuertemente 
complejantes, que aproximadamente coinciden con la concentración de 
cobre en la aguas de la Ría de Vigo. 
- La especiaicón de cobre disuelto está controlada principalmente por dos 
tipos de ligandos (log K'L1 = 12.9-13.9; log K'L2 = 10.8-12.1). En todas las 
muestras de la concentración de L1 (CL1 = 15-34 nM) fue mayor que la de 
cobre, por lo que la especiación está dominada por este fuerte ligando 
orgánico. 
- Los datos obtenidos de las valoraciones reversas indica que el cobre fue 
complejado aproximadamente 10 veces más fuerte que lo observado 
basándonos en las típicas valoraciones directas. 
- En los extremos oceánico y fluvial, las concentraciones de cobre disuelto 
se puede definir como pristinas(<4 nM en el río Oitavén). 
- El cobre disuelto no es conservativo durante la mezcla estuarina y el 
aumento en su concentración (5-8 nM) no puede ser asociada únicamente 
a variaciones en la fracción particulada de cobre (0.5-1.0 nM) por lo que 
los sedimentos pueden ser una importante fuente de cobre disuelto. 
- Estos niveles de cobre están entre los más bajos encontrados para las 
aguas de estuario y, por tanto, son aguas no contaminadas. 
- La concentración de cobre inorgánico es muy baja en toda la ría ~ 10-100 
fM, salvo en el puerto de Bouzas (salinidad 35.5) en el que se elevó a ~ 1 
pM debido a la contaminación por cobre en las aguas afectadas por las 
instalaciones portuarias, alcanzando nos niveles de cobre de 15 a 20 nM, 
superior a la concentración del ligando más fuerte detectado por las 
valoraciones reversas. 
- El principal aporte fluvial a la ría de Vigo no está contaminado con cobre y 
las descargas más degradadas ocurren en el margen meridional de la 
parte media de la ría. 
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- Los aportes continentales de cobre y ligandos a la ría están dominados 
por plantas de tratamiento de aguas residuales (136 molCu d-1, 124 molL 
d-1) y secundados por los ríos (15 molCu d-1, 21 molL d-1). 
- La fracción disuelta es la principal vía de descarga de los ríos (66%) con la 
fracción partículada que predominan en las depuradoras (63%. 
- El cobre disuelto es orgánicamente complejado tanto en los ríos (99,8%) 
como en depuradoras (99,9%). Esta pequeña diferencia puede atribuirse 
al hecho de que la estabilidad de los complejos de aguas residuales es 
mayor que en los ríos. Además, las concentraciones de ligando son más 
altas en depuradoras que en los ríos. 
- Los aportes continentales naturales de cobre y ligandos en la ría son 
magnificados por los aportes antropogénicos (5-15 y 3-5 veces mayor para 
el cobre y ligandos, respectivamente). 
- El transporte de la contaminación de cobre desde la parte media de la Ría 
a la Ensenada de San Simón es limitada durante la época húmeda: a 
pesar de presentar salinidad similares, el cobre disuelto en la ensenada (6 




Esta última parte se compone de tres capítulos que se ocupan de los 
efectos del accidente del petrolero Prestige y el posterior derrame de petróleo 
sobre los niveles de metales traza disueltos en diferentes áreas de la costa gallega 
y las aguas costeras adyacentes. El conjunto de datos adquiridos es totalmente 
nuevo ya que hay muy pocos estudios a largo plazo del efecto de fugas de 
petróleo en los contenidos de metales traza en agua de mar. De los estudios 
realizados en esta parte podemos concluir que: 
 
- Desde el punto de vista de los metales traza, el accidente del Prestige no 
tuvo ningún efecto en aguas de la Ría de Vigo. 
- Cuatro meses después de la catástrofe del Prestige, no se encontró 
ninguna evidencia en la contaminación de agua de mar por parte Cu, Ni y 
V procedente del derrame de petróleo en la Plataforma Continental 
Gallega. Sin embargo, dos muestras de la superficie cerca de las Islas 
Cíes y Ons Cu mostraron concentraciones de 3.1 ± 0.2 nM y 2.7 ± 0,5 nM 
en la fase disuelta, respectivamente, que son más altos que los niveles 
pristinos de la Plataforma Continental Gallega. Dos fuentes principales de 
Cu pueden ser considerados: (a) erosión del fuel pesado depositado en 
las costas de la islas Cíes y Ons. (b) las aportaciones continentales 
industriales y urbanas de las rías de Pontevedra y Vigo. 
- Los valores típicos de Cu, Ni y V en aguas de la plataforma de Galicia se 
han investigado por primera vez. Las concentraciones totales de metales 
oscilaron entre 1.7-3.4 nM para el Cu, 2.9-4.8 nM par el Ni y 19.7-32.3 nM 
para el V; las disueltas entre 0.7-1.5 nM para el Cu, 2.2-3.3 nM para el Ni y 
15.5-27.0 nM para el V, y los valores de particulado por debajo de 2.6 nM 
para Cu, 2 nM para Ni y 7,2 nM para V. 
- La liberación de metales del fuel emulsionado procedente del Prestige 
tuvo un impacto significativo en las concentraciones de metales traza 
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disueltos en la columna de agua encima del petrolero hundido. Se observó 
un aumento de cobre disuelto (2.8-4.7 nM) y níquel (2.2-8.0 nM) con 
respecto a los valores naturales (1-3 nM para Cu y 1.6-5 nM para Ni). Los 
valores de vanadio (28-35 nM) se encontraban en el rango de aguas 
pristinas del Atlántico Norte (30-36 nm). Esta contaminación se observa 
sobre todo en la parte superior de la columna de agua (0-50 m), asociada 
a la mezcla de agua de mar con el petróelo ascendente, y en aguas 
profundas, donde el tiempo de residencia del combustible es mayor. 
 
 
PERSPECTIVAS Y TRABAJOS FUTUROS 
 
Aunque ésta Tesis se ha ocupado de muchas de las lagunas que aún 
quedaban dentro de la investigación de metales traza en las rías gallegas, las 
zonas costeras y aguas adyacentes, todavía queda mucho trabajo por hacer. 
Uno de los campos que sería interesante investigar es el ciclo interno de 
los metales traza en aguas de la Ría de Vigo. Con este objetivo, estamos en la 
etapa de preparación de un documento acerca de las trampas de sedimentos que 
dará información acerca de que parte de la materia particulada que llega a la Ría 
de Vigo desde diferentes fuentes es incorporada a los sedimentos y cual es 
exportada hacia aguas oceánicas. 
Además, se están procesando las bases de datos de las muestras ya 
analizadas que nos dará una idea de los aportes atmosféricos, continentales y 
oceánicos de los metales traza a la Ría de Vigo. Una vez que se caractericen 
estos intercambios entre las fronteras de la ría y con la ayuda de las fronteras ya 
evaluadas y descritas en esta tesis, se podrá completar el ciclo biogeoquímico 
anual de los metales traza en la Ría de Vigo. Esta información será de gran 
utilidad a la hora de detector cambios en los niveles y flujos de metales traza como 














































































This Thesis reports a detailed and extensive study of trace metal levels and processes in the Vigo Ria and 
its adjacent coastal waters. It has filled a lot of the gaps on trace metal research in Galician Rias, coastal and 
adjacent waters. In order to produce reliable results, trace metal clean techniques have been employed and 
the accuracy of the analytical procedures has been checked through all the work with appropriate Certified 
Reference Materials. The thesis is comprised of four main parts: an Introductory description of estuarine and 
coastal biogeochemistry, a description of the concentrations and fluxes of metals within the Vigo Ria, an 
examination of copper speciation and behaviour in the continental inputs and during estuarine mixing in the 
ria and finally a description of the impact of the sinking of the oil tanker, Prestige, on trace metals in fertile 
coastal waters. 
